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Abstract 

The spatio-temporal distributions of microplastic (MP) in three river systems affected differently 

by urbanization were investigated, with the aim of identifying key hydrological and source control 

effects on MP concentrations and MP loadings. The potential effects of MP on ecosystem health 

were assessed through a systematic literature review, which enabled recommendations for 

standardization of field and laboratory studies to be made, including using environmentally 

representative MP shapes and compositions and suggestion for harmonised toxicity endpoints 

across taxa. A new modified and faster MP identification method via fluorescent tagging with Nile 

Red was designed to facilitate fast and reliable MP identification and quantification in rivers and 

catchments that are affected by anthropogenic activities. This new method was applied to 

investigate how source and hydrological controls influence downstream transport of MP in remote 

mountainous catchments, downstream of sewage treatment works and to compare point and diffuse 

MP source activation across contrasting urban catchments. This research evidenced that human 

influences including water management can have substantial implications for MP load estimations 

and should be taken into consideration for quantification of catchment residence times of 

microplastics and river network contributions to the oceans. The results also highlight the need for 

MP sampling campaigns to give further consideration to how best to achieve more accurate MP 

sampling, recommendations for which include sampling of water diversions, and conducting pre-

monitoring campaigns capturing flow regimens and possible MP fluctuations occurring during the 

day, especially at locations with varying flow regimen (such as downstream from sewage treatment 

works) to gain understanding of the minimum sample requirements to produce representative 

samples for that particular system. Furthermore, this thesis demonstrates that hydrological 



catchment size may not be descriptive of the MP sources, as the effect of the catchment can be 

dominated by the presence of a single point source, such as a sewage treatment works, suggesting 

that water management can play a much more substantial role than typical hydrometeorological 

drivers within a catchment. For diffuse urban sources, the thesis demonstrates the importance of 

hydrometeorological events (e.g., rain events) as controls for MP source activation as well as their 

transport and connectivity to the river network, and the need for sampling across such events to 

increase understanding the impact of source activation on overall MP loadings. 
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Chapter 1: Introduction 

1.1 Scientific rationale 

Since their mass production began over 100 years ago, synthetic polymers (commonly known as 

‘plastics’) have found widespread use in a variety of industrial sectors, such as food and water 

packaging and medical and electronic equipment. Plastics are very lucrative for industry due to 

their versatility, durability, and low associated manufacturing costs (Andrady and Neal, 2009, 

Ryan, 2015). However, the same properties that have made plastic so cost-effective to use, also has 

led to the ubiquitous and persistent problem of plastic waste ending up in the global environment 

due to plastic waste mismanagement, as well as spillages and leakages (Law, 2017, Thompson et 

al., 2004, Geyer et al., 2017, Lebreton et al., 2017). The amount of mismanaged plastic waste has 

grown exponentially over the last decades, in parallel with the increased production and usage of 

plastics (Barnes et al., 2009, Geyer et al., 2017, Welden and Lusher, 2020). For example, Jambeck 

et al. (2015) estimated that up to 12.7 million metric tons of mismanaged plastic had entered global 

oceans in the year 2010 alone, while Lebreton and Andrady (2019) estimated an annual global 

input into the sea of up to 8.2 million metric tons of plastic waste. 

A considerable proportion of the mismanaged plastic waste that can be found in the 

environment is classified as microplastics (MP), i.e., plastic particles less than 1 mm in size 

(Hartmann et al., 2019, Welden and Lusher, 2020). These particles can be considered either 

‘primary’ or ‘secondary’, depending on their origin. Primary MP have been manufactured directly 

into specific size-range to fulfil a certain purpose (e.g., as fillers in cosmetics) (GESAMP, 2016), 
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while secondary MP originate from the breakdown of larger plastic items via chemical 

(hydrolysis/photolysis), physical, and/or biological degradation processes (Corcoran et al., 2009, 

Mateos-Cárdenas et al., 2020, Andrady and Neal, 2009, O’Brine and Thompson, 2010). The MP 

enter the environment either indirectly, when larger macroplastics degrade in the environment 

releasing MP, or are released directly from a multitude of point and non-point sources, such as 

road-runoff and waste water treatment plants (WWTP) (Waldschläger et al., 2020, Krause et al., 

2021, Talbot and Chang, 2022). These MP have been identified as an contaminant of concern for 

both ecosystem and human health (Lambert and Wagner, 2018; Rochman et al., 2019), and their 

presence has been recorded in all environmental compartments globally (Allen et al., 2021; 

Cunningham et al., 2020; Kukkola et al., 2022; Luo et al., 2019; Mintenig et al., 2019; Mu et al., 

2019; Padha et al., 2022; Zhang et al., 2021a; Zhou et al., 2020).  

Historically, marine and coastal environments have been the main focus of MP research, with 

rivers being considered to represent a transport pathway for MP to the world’s oceans, connecting 

terrestrial sources with the oceans (Lebreton et al., 2017; Meijer et al., 2021; Weiss et al., 2021). 

However, as the fate, transport and impact of MP in freshwater systems have gained increasing 

interest (Hu et al., 2020; Li et al., 2021; Napper et al., 2021; Talbot and Chang, 2022; Wang et al., 

2021; Wong et al., 2020), it has become more clear that it is not only the world’s oceans that acts 

as a final sink for MP, but rivers, with all their inherent complexity can act both as temporary and 

long-term sinks (Drummond et al., 2022; Frei et al., 2019; Weiss et al., 2021), as well as a MP 

source themselves before MP reaches the oceans (Hurley et al., 2018; Tibbetts et al., 2018; Weiss 

et al., 2021). 
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The factors that control MP transport and accumulation patterns in rivers are still not fully 

evident and several different factors can affect the transport and ultimate fate of MP. These can be 

the physical properties of the MP themselves (such as density and morphology) which have been 

suggested to be linked to where in water column and/or sediment the particles settle. Lighter density 

particles and elongated fibres have been suggested to stay afloat for longer and to be transported 

by the surface load rather than the bed load (Cowger et al., 2021; Kooi et al., 2021; Van Melkebeke 

et al., 2020; Waldschläger et al., 2022). However, what determines where MP will be deposited is 

much more nuanced than just the factor of their respective density: environmental factors and 

biological processes such as biofilm and heteroaggregate formation have also been reported to 

affect the settling rate of MP, especially of those of smaller size, not only in marine environments 

but also in freshwater, suggesting that smaller particles with higher surface-to-volume ratios might 

be deposited faster as a result of rapid biofilm colonization and the resulting increased density 

(Chen et al., 2019; Cunha et al., 2019; Fazey and Ryan, 2016; Miao et al., 2021; Van Melkebeke 

et al., 2020). 

Besides the particle properties, there are several hydrological controls in rivers that need to be 

considered when assessing MP transport. These include physical aspects of the rivers such as river 

slope, elevation, flow velocity, discharge and sinuosity (the degree of meandering of a river), which 

all may affect the relative abundance and concentrations of MP in the water column, as well as 

their transport, accumulation and resuspension in sediments (Mani et al., 2015; Nyberg et al., 2023; 

Talbot and Chang, 2022; Vianello et al., 2013). To complicate the building of holistic predictions 

of the MP transport, evidence exists that their distribution is also linked to source proximity, 

specifically human activities (Talbot and Chang, 2022; Yin et al., 2021), as well as to 
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hydrometeorological incidents, such as floods and rain events that may decrease the MP 

concentration in the sediments due to remobilization, while increasing their abundance in the water 

column due to this remobilization and run-off from storm water (de Carvalho et al., 2022; 

Hitchcock, 2020; Hurley et al., 2018; Ockelford et al., 2020; Piñon-Colin et al., 2020). Chapters 4-

6 explore these issues in greater detail. This heterogeneous dispersion also makes it more difficult 

to assess how, when and which freshwater biota are exposed to MP, making the local exposure risk 

assessments challenging to build.  

The assessment of MP distribution in rivers is important, not only because MP can interact with 

freshwater organisms and communities in different ways including, through ingestion, with 

harmful consequences on organism (e.g., suffocation, inflammation of intestines) and ecosystem 

health (Sun et al., 2021, Anbumani and Kakkar, 2018), but they can also pose a threat for human 

health, due to pathogen transport and potential antimicrobial resistance gene transfer (Imran et al., 

2019; Kaur et al., 2022; Yang et al., 2020), as well as potential contamination of food sources (e.g., 

De-la-Torre, 2020; Martinez-Tavera et al., 2021). However, in order to map the real risks that MP 

pose, freshwater ecotoxicology studies should reflect what is being observed in the field studies 

and vice versa, and further coordination is needed between the two realms – see Chapter 3 for a 

deeper evaluation of the disconnect between current laboratory and field studies.  

In order to begin to assess the different mechanistic factors that may affect the MP transport in 

rivers, a standardized approach with harmonized sampling method needs to be applied in several 

hydrologically different settings globally (Talbot and Chang, 2022). This will enable data 

comparison between the studies and sites as well as enable more accurate MP transport models to 

be built, ultimately leading to better global risk assessments of MP in river environment which 
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requires an extensive baseline to be captured. This is where 100 Plastic Rivers project, of which 

this thesis is part of, offers unique solution. Its aim is to collect global dataset with a harmonized 

methodology to further the knowledge of global river MP concentrations, composition, and 

properties and how these might be related to catchment and river properties discussed above. As a 

part of the project, certain specific rivers were studied in more detail, to enable in-depth analysis 

on which hydrological and anthropogenic mechanisms drive the distribution and transport of MP 

within different river corridors and to what degree the described source and transport control 

mechanisms influence the often-reported high variability in spatial patterns of MP in surface water 

and sediments of rivers (Castañeda et al., 2014; Wong et al., 2020; Zhang et al., 2021b). 

For the purpose of this thesis, three river systems from United States of America (USA) and 

United Kingdom (UK) were specifically selected, each with different perceived MP sources: a 

mountainous catchment with anthropogenically altered flow (Boulder Creek and South Boulder 

Creek as a paired comparison, located in Colorado, USA at front range of Rocky Mountains), a 

single point-source (Eastcote Brook, immediately downstream of a wastewater treatment plant, 

located in Hampton in Arden, UK) and a diffuse urban source (Bourn Brook. located near the 

University of Birmingham, UK). River selection was guided partly by the acknowledgment that, 

as anthropogenic activities affect large portions of rivers globally (up to 97% of rivers in Great 

Britain) (Grill et al., 2019; Jones et al., 2019), the effect that human activities has needs to be 

studied concurrently with the hydrological activation and transport mechanisms under different 

temporal scales if accurate predictions of MP fluxes to the oceans from rivers are to be generated. 

Enhanced understanding of these MP transport mechanisms will also lead to better informed risk 

assessments for local exposure and facilitate quantification of potential impacts in freshwater 
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ecosystems. To further advance the field of MP effect studies and to increase the coordination 

between the laboratory and field studies, this thesis also includes an in-depth review of the effects 

of micro and nanoplastics on freshwater biota, highlighting the difficulties that the field is facing 

and proposes solutions to overcome these. 

1.2 Aims and Objectives 

The work presented in this thesis aims to identify mechanisms that control MP spatial and 

temporal distribution and exposure in specific rivers and catchments that are affected by 

anthropogenic activities. The research objectives are: 

1) To develop a robust, rapid and reproducible method for MP quantification and counting 

2) To systematically compare the approaches taken in field and laboratory studies of MP incidence 

and effects, recommend standards and parameter selection for field and laboratory studies to 

enhance their alignment. 

3) Investigate how urbanization and water management influences downstream transport of MP in 

a remote mountainous catchment. 

4) Study the temporal distribution of MP downstream of a known point source (sewage treatment 

works), and to assess the effect of sampling frequency of annual load estimations. 

5) Investigate how point and diffuse MP sources contribute to local exposure and explore the 

hydrological transport mechanisms related to each source.  

1.3 Layout of the thesis 

This thesis is structured so that after the general introduction laying out the objectives of the 

thesis (Chapter 1), the following chapter provides details of the methods applied (Chapter 2), as 
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well as describes the development and application of methodology for MP identification under 

fluorescence microscopy (objective 1). Chapter 3 is an in-depth literature review on the effects of 

micro and nanoplastics on freshwater biota and ecology (objective 2), which is followed by three 

research chapters focusing on the research objectives 3-5: Chapter 4 investigates the effect of 

human influence on the MP transport (objective 3), Chapter 5 evaluates the effectiveness of current 

“snapshot” sampling regimens (objective 4) and Chapter 6 identifies the key differences in MP 

transport mechanisms between point and non-point sources and the consequences for local 

exposures (objective 5). 

Chapter 2 

Methods development and methodologies for MP detection and quantification 

This chapter describes the methods used in this research as well as describing a new methodology 

developed as a core part of this thesis for MP identification and quantification (counting) using a 

fluorescence microscope: the method provides an easy and accessible way to calibrate a 

fluorescence microscope and to apply a MP identification key to reduce false negatives and false 

positives while maximizing correctly identified MP. 

This method relies on Nile Red staining of the MP which makes them fluoresce. To aid in MP 

identification, detection limits were established for nine common polymer types as well as for five 

natural substrates (potential false positives). A morphology specific identification key was created 

to facilitate reproducibility. This enabled fast pre-screening where only particles with fluorescence 

above the pre-set threshold were considered further for the visual identification under bright-field 
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(reducing the total number of particles to be considered). This sub-chapter was published in 

MethodsX (doi.org/10.1016/j.mex.2023.102053). 

Chapter 3  

Nano and microplastic interactions with freshwater biota – Current knowledge, challenges and 

future solutions.  

This chapter summarizes the current understanding of nano- and MP movement, interaction, and 

potential effects on biota in freshwater environments from both field and laboratory studies, with 

the aim to identify the key challenges that the field faces and recommend approaches to overcome 

these issues and to improve harmonization. A literature review was conducted in Web of Science 

with a set topic search equation, focusing on MP and nanoplastics in freshwater systems. The 

results were divided into laboratory and field studies, with the metadata such as geographical 

location, plastic types, particle morphology, particle sizes, toxicity endpoints and species recorded. 

This chapter has been published in Environment International 

(doi.org/10.1016/j.envint.2021.106504). 

Chapter 4:  

Prevailing impacts of river management on microplastic transport in contrasting US 

streams requires rethinking of global microplastic flux estimations. 

This chapter aims to explore and quantify the potential controls on the observed spatial variability 

of MP, applying a paired-catchment approach in a remote mountainous area to characterize the 

down-stream evolution of MP in surface water and streambed sediment across Boulder Creek and 

South Boulder Creek, USA, exploring the relative effect of urbanization and revealing the 
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importance of source proximity and water management to MP concentration in comparison to 

hydrodynamic transport controls. This study was a collaborative study with the United States 

Geological Survey (USGS), who provided expertise and data on stream flow conditions and 

supported the sample collection from Boulder Creek and South Boulder Creek which was carried 

out by Ms. Danja Mews in collaboration with USGS. 

Chapter 5:  

Are we timing it right? The impact of sampling frequency on microplastic load estimations 

downstream from a sewage treatment works  

This chapter aims to measure the temporal distribution of MP in the surface water downstream 

from a known point-source: Barston sewage treatment work in the UK, and how different sampling 

frequencies affects the annual MP load estimations. A nested sampling approach was used, with 

the lowest resolution reflecting four seasonal samples, the middle resolution being 12 monthly 

samples, and the highest resolutions being 8-weekly samples and 4-sub daily sampling regimens 

where samples were collected each hour for 12-hour periods. This chapter highlights the high 

variability of MP concentration in the sewage outflow, which was not directly correlated with the 

discharge, suggesting that snap-shot sampling at this site was not suitable as inputs for annual MP 

load estimation calculations, as depending on the time of the day at which the sampling was 

performed, an over or underestimation of 3.8 billion MP annually could arise if the single snap-

shot sample happened to have been at one of the high or low loading events, respectively. 

Chapter 6:  

The tale of two catchments - what makes microplastic move? 
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This chapter aims to investigate how point and diffuse MP sources contribute to local exposure and 

explore the hydrological transport mechanisms related to each source type. The chapter highlights 

how hydrological catchment size may not be descriptive of the MP sources, as the effect of the 

catchment can be dominated by a single point source present, suggesting that water management 

can play a substantial role in MP pollution. It also highlights how urban diffuse sources might be 

activated due to hydrometeorological events (such as rain events), that will lead into these diffused 

sources to become periodically high MP pollution sources to the river catchments. It was 

determined that while MP load was unpredictable at the point source, it was much more predictable 

at the diffuse source, suggesting that water management and human influence can have 

unpredictable effects on MP loads downstream. 
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Chapter 2: Methods 

2.1 Density separation 

Identification of MP requires them to be isolated from the environmental matrix. A commonly 

deployed method for isolation of MP is density separation. This method relies on the density 

differences between plastics and the environmental sediments (e.g., 0.92 g/cm³ for polypropylene 

and 1.8 g/cm3 for sand), which will allow the denser particles to sink and the lighter MP to float 

when suspended in a media with a specific density (Quinn et al., 2017). Saturated salt solutions, 

such as NaCl have frequently been used in the past (Reddy et al., 2006, Browne et al., 2010, 

Thompson et al., 2004b), but other salt solutions have been used as well. Some examples include 

NaI (Nuelle et al., 2014), CaCl2 (Stolte et al., 2015) and ZnCl2 (Imhof et al., 2016). ZnCl2 was 

chosen for this study, as it can be made into a solution of density 1.5 g/cm³, which is heavy enough 

to float some of the denser plastics (e.g., polyvinyl chloride with density 1.38 g/cm3), the resistance 

of common polymers to the solution and the relatively low risk for personnel handling the chemical. 

To facilitate the density separation, sediment MP extraction units were used (Coppock et al., 2017, 

Nel et al., 2019). 

2.2 Organic matter digestion 

If organic matter (OM) is present after density separation, this can interfere with MP 

identification. Therefore, it is important to remove any OM from the samples before the 

identification and counting of MP. This can involve different chemical and/or enzymatic 

treatments, which break down OM but do not affect the MP adversely (Dehaut et al., 2016, Cowger 

et al., 2020). Fenton’s reagent has been chosen as the digestion method for the purpose of this study 
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due to its low impact on MP and successful use in similar riverine environments and in wastewater 

(Margenat, 2021, Tagg et al., 2017). Fenton’s reagent works by using ferrous ion (Fe2+) as a catalyst 

for the decomposition of hydrogen peroxide (H2O2) into two different oxygen-radical species and 

water, with the oxygen-radicals leading to oxidative degradation of OM (Gupta et al., 2016, 

Stasicka, 2011). The chemical reactions can be described as follows: 1) H2O2 oxidizes the iron(II) 

into iron(III), producing a hydroxyl radical (˙OH) and a hydroxide ion (HO−). 2) the iron(III) is 

reduced back to iron(II) while producing a hydroperoxyl radical (HOO•) and a proton (H+). The 

two half-reactions and the overall net reaction are presented below: 

1) Fe2+ + H2O2 → Fe3+ + ˙OH + HO−  

2) Fe3+ + H2O2 → Fe2+ + HOO• + H+ 

Net reaction: 2 H2O2 → HO• + HOO• + H2O 

2.3 Fluorescence 

Nile Red is a hydrophilic fluorophore, which sorbs to plastics due to their polarity, rendering 

the plastics fluorescent. The fluorescence is created when Nile Red absorbs shorter-wavelength 

light (excitation light), which excites the molecule to a higher energy level, and when it relaxes 

back to the ground state it releases the absorbed energy as a photon (emission light) (Marshall and 

Johnsen, 2017, Lichtman and Conchello, 2005, Lakowicz, 1999). This emission light will have 

lower energy than that of the excitation/absorption, resulting in the emitted photons being shifted 

towards the red spectrum (Marshall and Johnsen, 2017, Lichtman and Conchello, 2005, Lakowicz, 

1999). This emitted light can then be observed with a microscope, when the excitation light is 

filtered out with a specific wavelength emission filter, coupled with a beam-splitter which reflects 
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excitation light towards the sample and emission light towards the eyepieces. This allows only the 

emission spectra to reach the eyepieces and to be observed by the researcher. 

2.4 Raman spectroscopy 

Raman spectroscopy is non-destructive chemical analysis method that is based on the 

Raman effect, where the interaction of a laser beam (light source) with the chemical bonds of the 

substrate of interest creates Raman scattering. Raman scattering is an optical process whereby light 

interacting with the sample produces scattered light, most of which most is emitted with a similar 

wavelength as the original beam, but a small fraction will exhibit lower energy (referred to as the 

Raman effect) the wavelength of which is directly related to the chemical bonds of the specimen 

(Wang and Evans, 2016, Dana et al., 2019). This scattered Raman light is collected using specific 

optical filters, which is then used to infer the chemical species and molecular structures of the 

material being studied (Omidi et al., 2017, Dana et al., 2019). 

Due to specific chemical bonds and molecules having distinct Raman signal, this technique 

cand be used to identify the substance and polymer being studied. The obtained Raman spectra was 

compared to a reference Raman library containing spectra of known synthetic and natural polymers 

(open access: SLOPP, SLOPP-E and in-house built library) to assess whether the studied substance 

is MP. Fingerprint region of 650-1700 cm-1 was used and the spectra were exported into a custom 

Python script (Python 3.9) and using the Pandas and NumPy packages, peaks were matched to 

reference libraries using the Pearson correlation coefficient to determine whether studied substance 

was MP. 
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2.6.1 Abstract  

 

We present here a technique for setting up detection limits on any fluorescent microscope in 

conjunction with the fluorophore Nile Red for microplastic (MP) identification. Our method also 

describes a rigorous morphology-specific identification key for MP to reduce subjectivity between 

researchers. The detection limits were established for nine common polymer types and five natural 

substrates which could result in false-positive signals when using Nile Red for MP identification. 

This method was then applied to real freshwater samples and identified particles were validated 

with micro-FTIR or Raman spectroscopy. This approach may reduce subjectivity in MP 

identification and counting and enhances transparency, repeatability and harmonization within MP 

research community. 

 

 
Figure 2.0 Graphical abstract 
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2.6.2 Method detail  

2.6.2.1 Background 

In MP research, a common method for MP extraction/fractionation is density separation, 

frequently carried out using saturated salt solutions (Nabi et al., 2022) followed by visual 

identification under bright-field microscopy (Löder and Gerdts, 2015, Shim et al., 2017). Relying 

on visual identification is still a very popular technique as analytical approaches such as FT-IR 

and/or Raman spectroscopy or similar chemical verification methods are not widely accessible and 

are time consuming and very data intensive (Nel et al., 2021c). Visual identification, however, is 

highly subjective, as it depends on individual understanding of how MP appears under the light 

microscope (often based on colour and shape). Visual identification has also been criticized for 

being imprecise for smaller MP particles, especially for sizes below 200 μm (Lenz et al., 2015, 

Song et al., 2015, Löder and Gerdts, 2015, Nel et al., 2019). This has led to calls to create 

reproducible methods that are universally accessible globally. Nile Red staining, a method where 

samples are stained with fluorescent dye, has been suggested to overcome some of these 

limitations, as it can be applied at low-cost and is widely accessible (Shruti et al., 2022, Shim et 

al., 2016, Nel et al., 2021a, Lv et al., 2019, Maes et al., 2017, Kukkola et al., 2022). 

However, this method also has its limitations. Nel et al. (2021a) showed that not everything 

that had fluorescence should be counted as MP, as Nile Red can also stain organic matter (OM) 

present in the samples, which can result in some particles being falsely identified as plastics 

(Stanton et al., 2019a, Nel et al., 2021a). To overcome this, Nel et al. (2021a) investigated the pixel 

brightness of various plastic polymers and natural substrates before and after Nile Red staining. 

This allowed a suitable particle brightness (detection limit) to be determined, whereby only 
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particles above this specific threshold would be counted, which would allow detection of MP while 

simultaneously reducing inclusion of false positives. 

To set up a fluorescence detection limit, which is optimized for MP identification, every 

microscope used for counting and identifying MP must be calibrated. This is because each 

fluorescence microscope has unique fluorescence intensity/brightness for a specific combination 

of optical filter(s), light source, detector, and camera (Nel et al., 2021a). To establish these limits 

for a specific microscope system, several different settings need to be trialled with known plastic 

types, as well as some common natural materials (e.g., wood, leaves etc.) that may be present in 

the samples. This paper provides a guideline for how this calibration process can be carried out, 

and contributes towards the standardization of MP identification using Nile Red. 

Furthermore, to aid reproducibility and transparency we developed easy-to-use identification 

keys within our research group for use with Nile Red staining. The first key relies on the 

fluorescence detection limit as a pre-screening for particles of interest to determine which ones 

should be considered further, thereby considerably shortening the overall time spent on analysing 

a filter. It then requires the operator to inspect particles above the set fluorescence detection limit 

under bright-field microscopy and uses morphology specific keys to quantify the different forms 

present in the sample. The detection limits coupled with the identification keys result in higher 

detection comparability between individual researchers in terms of MP count numbers as well as 

their morphological categorization. This type of identification/decision tree has been used 

previously in MP literature for bright-field microscopy and is considered an example of best 

practice (e.g., Lusher et al., 2020). Here, we take the next step and combine fluorescence and visual 

observation to create a quick and robust identification method for MP identification. 
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2.6.2.2 Establishing microplastic detection limits 

To establish MP detection limits in Nile Red supported fluorescent microscopy, thirteen 

different synthetic polymer types, including polylactic acid (PLA), polyvinyl chloride (PVC), 

expanded polystyrene (EPS), two types of high-density polyethylene (HDPE), polyamide-6 (PA6), 

polyethylene (PE), polyethylene terephthalate (PET), three types of polypropylene (PP) and two 

types of polystyrene (PS), were selected as exemplar materials (PlasticsEurope, 2022). Polymer 

composition was confirmed using thermogravimetric analysis-Fourier transform infrared 

spectroscopy-gas chromatography-mass spectrometry TGA-FTIR-GCMS (Nel et al., 2021b). All 

plastics were ground down with a spice mill and size fractions between 63 µm - 400 µm were kept 

after sieving with stainless steel sieves, to represent environmental MP. Five substrates commonly 

present in environmental samples were also included as examples of potential false positives. These 

were wood (twigs), dead leaves (maple and birch), chitosan (chitin) and sand. 

Plastic (n=13) and natural substrate (n=5) samples were placed individually into clean glass 

beakers each with 20 mL of deionized (DI) water and subsequently left to stain with Nile Red at a 

concentration of 5 µg mL-1 for an hour at about 21 °C. Each beaker was gently agitated every 10 

minutes to ensure equivalent staining. Samples were then vacuum-filtered onto Whatmann GF/D 

glass fibre filters and oven dried for 24 h at 50 °C before imaging. No organic matter digestion was 

carried out.  

Imaging was carried out in green fluorescence mode using a macro zoom microscope 

(Olympus MVX-ZB10) equipped with a 1 x 0.25 N objective (MVPLAPO 1X, Olympus) and a U-

M49002XL GFP (Green Fluorescent Protein) filter cube (excitation filter: 470/40 nm, dichroic 

mirror: 495 nm high pass, emission filter: 525/50 nm) with a 130 W mercury apo lamp (U-
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HGLGPS, Olympus) as light source. Filters were photographed with a DP74 colour camera. Fifteen 

particles on each filter were imaged with each of the following five settings (Figure 2.1), (i) 20x 

magnification; Light intensity 12 (2xLi12) and 25 (2xLi25), with 50 ms exposure time, (ii) 50x 

magnification; Light intensity 12 (5xLi12) and 25 (5xLi25), with 50 ms exposure time, and 

additionally (iii) 32x magnification; Light intensity 12 (3.2xLi12), with 50 ms exposure time. 

Fifteen individual particles were imaged per sample type (plastic and false positive type) and each 

particle was measured for their median green pixel brightness (PB) in arbitrary units (a.u) across 

their longest Feret diameter using the CellSens software under each of the above settings. 

 

Figure 2.1. Schematic illustration of general effect for Pixel Brightness (PB) of each of the tested 

system settings. A) panel shows 20x magnification (top row); Light intensity 12 (2xLi12) and 25 

(2xLi25), with 50 ms exposure time and 50x magnification (bottom row); Light intensity 12 
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(5xLi12) and 25 (5xLi25), with 50 ms exposure time. B) 32x magnification; Light intensity 12 

(3.2xLi12), with 50 ms exposure time. 

Statistical analysis was performed using Rstudio software (Integrated Development for R. 

Rstudio, PBC, Boston, MA; R Core Team 2021) to evaluate the effects of magnification and light 

intensity on the PB of the MP and natural substrates. Wilcoxon Rank Sum tests with multiple 

comparisons were performed with PB as the dependent variable and light intensity and 

magnification as independent variables in order to determine whether the PB of a given sample 

type changed significantly depending on the settings used. 

The results of the Wilcoxon Rank Sum analyses are presented in the Appendix 1, but 

overall, higher magnification and higher light intensity both show an increase in the PB of the 

detected MP, apart from HDPE_2, PP_3 and PS_2 which had high PB regardless of the chosen 

magnification or light intensity. For PA6, light intensity increased PB significantly, but 

magnification seemed to have a negligible effect. Conversely, light intensity had no significant 

impact on the PB of HDPE_1, whereas magnification did. Only for PET did MP both magnification 

and light intensity have a significant effect on PB. PET and PVC had the lowest PB, regardless of 

the magnification used or light intensity settings. Overall, it was impossible to identify a clear 

statistical trend for the most favourable settings for the microscope in relation to light intensity and 

magnification. Instead, the descriptive statistics were calculated for each sample type and used to 

identify the lowest PB cut-off limit by comparing the mean PB value and the lower limit of the 

95% confidence interval for each of the five settings, to identify a PB limit as the threshold above 

which over 90% of all the measured MP particles would be identified. The results are shown in a 

boxplot (Figure 2.2A).  
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Figure 2.2 Boxplot illustrating the different pixel brightness (BP) in arbitrary units (a.u) results for 

A) thirteen different plastic types and B) for the five false positive substrates under different 

magnification, light intensity, exposure time, and image acquisition settings. The black central line 

in each boxplot indicates the median and whiskers indicate the inter quantile range (25 - 75%). 

Settings were as follows: 2xLi12) 20x magnification with light intensity 12 and 50 ms exposure 

time, 2xLi25) 20x magnification with light intensity 25 and 50 ms exposure time, 3.2xLi12) 32x 

magnification, light intensity 12, and 50 ms exposure time, 5xLi12) 50x magnification, light 

intensity 12 and 50 ms exposure time and 5xLi25), 50x magnification, light intensity 25 with 50 

ms exposure time. 
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The most promising settings for imaging of the MP were the higher magnification (50x) 

and light intensity 12 or 25. With these settings, 90% of all MP particles (including PET and PVC) 

were detectable at a PB limit of 130 a.u. However, imaging of the five natural substrate sample 

types revealed that choosing this higher magnification (x50) leads to a higher inclusion of false 

positives, including wood litter (Figure 2.2B), which may be abundant in environmental samples, 

suggesting that lower (32x magnification) should be used. 

Another setting that performed well was 32x magnification under light intensity 12 with 50 ms 

exposure time (Figure 2.2A & 2.2B, Appendix 1: Figures S2.1 & S2.2). This setting allowed us to 

identify 97.5% of plastics (excluding PET and PVC) while only 22.3% of false positives were 

detectable above the threshold of 100 a.u (Figure 2.2). From the detected false positives all were 

either chitosan or birch, substrate types that are easy to identify as false positives if the 

identification key described below is used, due to their internal structures. This led to adoption of 

100 a.u as our fluorescence intensity threshold, whereby particles and fibres exhibiting intensity 

higher than this should be considered further for MP identification with the identification keys 

described below. 
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Figure 2.3 Pixel brightness (PB) in arbitrary units (a.u) for tested samples under 32x magnification, 

light intensity of 12 and exposure time of 50 ms. The black line indicates the median, and red dots 

represent mean values for measured PB, while black dots show outliers. 

The rigid PVC sample tested seemed to stain relatively poorly with Nile Red. To better 

understand this, we tested another type of PVC. Plasticized, soft PVC tubing was cut into smaller 

pieces, ground, and the steps above were repeated with the chosen settings (32x magnification, 

light intensity 12 and 50 ms exposure). Our results show that soft PVC was easily detectible with 

fluorescent microscopy, as the mean PB value was 160 a.u. and 87% of all particles were found to 

be fluorescent above the set 100 a.u. limit (Figure 2.3). We hypothesize that the poor and uneven 

staining of the rigid PVC was due to its high crystalline melting temperature and/or colorants used 



37 
 

in products containing this plastic type (Wang et al., 2021, Nel et al., 2021a). It is recommended 

that further research should focus on improving our understanding of how Nile Red reacts with 

different polymer surfaces. 

2.6.3 Microplastic identification key 

To ensure that clear steps were taken to improve reproducibility and to increase transparency, 

an identification key was created to be used in conjunction with the fluorescence detection limit of 

100 a.u set above by the researchers in our facility. It is presented here and, in the Appendix 1, as 

an example for the research community with the aim to enhance reproducibility and repeatability 

in the future. 

The key comprises four parts, a general part that describes an overall decision on whether a 

certain particle should be considered further (Figure 2.4), and three morphology-specific 

identification keys to be applied in bright-field mode, which can be found from the Appendix 1: 

fibres (Appendix 1: Figure S2.3), spheres/beads (Appendix 1: Figure S2.4) and fragments, which 

includes films (Appendix 1: Figure S2.5). Building this extra layer into the identification key to 

account for morphology adds to the quantification accuracy. Some examples of particles identified 

in natural samples using the identification key are also included in the images presented in 

Appendix 1: Figure S2.6 in order to illustrate some of the descriptions provided. 
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Figure 2.4 General part of the MP identification key that all MP had to adhere to. Note: ‘is it 

transparent’ refers in this context to a highly fluorescent particle without any visible biological 

structure, which becomes essentially invisible for the researcher under Bright-field, making 

positive identification impossible (PB – pixel brightness, BF – Bright-field microscopy, MP - 

Microplastic). 
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Figure 2.5 A schematic framework for the workflow described in this paper. 1) Data collection for 

the calibration of the fluorescence microscope, 2) Use of statistical analysis to identify a suitable 

threshold whereby most of the MP will be detected and most of false positives will not. 3) Use the 

determined pixel brightness (PB) threshold for pre-screening of particles of interest and 

develop/adjust existing MP identification key(s) to reduce false positive detection, e.g., of 

biological entities 

2.6.4 Method application to freshwater samples 

To evaluate the ease with which the identification key and fluorescence detection limits can 

be applied to quantification of MP extracted from freshwater samples by different researchers, two 

independent researchers working on two separate environmental sample sets were asked to apply 
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the fluorescence detection limits set here, as well as the MP identification key detailed above. Both 

researchers underwent training for a day on the microscope, after which they proceeded with 

counting and identifying putative MP in riverbed sediment and water samples according to the 

method set above. The sequence of the method was: 1) screen the filter under fluorescence mode 

for particles with light intensity above 100 a.u.; 2) follow the identification keys for any particle 

above 100 a.u to rule out false positives and confidently identify any MP; and 3) screen the filter 

for fibres only under bright-field mode and use the fibre key for assessment of any fibres detected.  

The first researcher had five riverbed sediment samples and the second researcher had five river 

surface water samples. A minimum of 25% of all the particles identified according to this method 

were then further analysed for their chemical make-up. 

The first researcher was asked to pick roughly 30% of putative MP fibres and fragments 

from the five filters that were sampled and extracted from riverbed sediment. In total, this amounted 

to 18 out of 78 identified potential MP. These were then filtered onto 25 mm silver membranes and 

analysed with a Bruker Hyperion 2000 microscope, coupled with a Vertex 70 FT-IR spectrometer 

at the University of East Anglia (UK). The 20 × Ge-tipped ATR lens was used for spectral 

acquisition and identities were assigned by spectral searching in a Bruker polymers database 

(Details see SI Kukkola et al., 2022). Hit quality Index was set to minimum 60%, but peak position 

was prioritised over peak intensity. In total the researcher picked nine fibres and nine fragments. 

One particle and one fibre got lost during transfer onto the silver filter(s), leaving eight fibres and 

eight fragments available for analysis. The identification results are shown in Table 2.1 below. 

 

Researcher Two was similarly asked to pick roughly 30% of particles that they had identified 

as MP according to this method (in total 25 particles out of 98 particles). These were transferred 
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onto anodiscs (Whatman, 25 mm diameter, 0.2 µm pore size) for Raman spectroscopy. A Renishaw 

InVia Qontor Raman microscope equipped with a 785 nm laser was used for chemical verification. 

The objective used was 10 x with slit width 65 µm, 1200 l/mm, spatial resolution < 1µm and a 

spectral resolution < 1 cm-1, laser intensity 10% of the system (approximately 15 mW). 10 

accumulations of 1 s exposures were repeated three times per particle. Spectral pre-processing for 

baseline and signal smoothing were implemented in Spectragryph v1.2.15.1 (Munno et al., 2020), 

using the advanced baseline function (coarseness = 10 and offset = 0) and the advanced smoothing 

function (Savitsky-Golay filter with window = 10 and order = 3). The processed spectra were then 

matched using the Pearson correlation coefficient for the fingerprint region to the reference 

libraries SLOPP, SLOPP-E (Munno et al., 2020) and in-house built reference libraries. The results 

are shown in Table 2.2. 

Of the nine putative MP fragments picked by the first researcher, eight were identified as MP 

(four PE, four PP) while one particle was lost during processing. From the nine fibres, again one 

particle was lost, while six were identified as plastics (four PA, one PE, one PET), one as cellulose 

and one fibre was unclassified. For the putative MP picked by the second researcher, from thirteen 

selected fragments, all thirteen were identified as plastic (four PE, four PET, five PA) with three 

more particles showing up in the Raman analysis as unclassified while for the twelve selected 

fibres, eight were identified as plastic (seven PET, one polyester (PEST)), one particle was lost and 

three were unclassified. For our examples, we see that based on the fluorescence limit and the 

identification key, between 70 and 100% of the selected particles were validated to be MP with 

FTIR or Raman spectroscopy. This suggests that our method combining well-established 

fluorescence limits with a rigorous identification key is generally reliable. Any excess particles 

picked up during Raman spectroscopy are, in our example, probably organic material transferred 
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to the anodiscs along with the MP. However, full-filter scanning with Raman spectroscopy on the 

original GF/D filters would have taken excessively long and future research should focus on how 

Raman spectroscopy can be used in fluorescence mode, to aid in the selection of particles for 

chemical analysis. Researcher Two was also able to select PVC and PEST (not originally tested 

for) following the above method, leading us to the conclusion that our method although simple is 

rather robust. 

Table 2.1: Results from FTIR analysis for the MP particles chosen by Researcher One for chemical 

analysis for identification of polymer-types. 

  
PE PP PA PET lost Weak 

spectru

m 

Cellulose 

(Possible 

synthetic) 

sum Plasti

c 

ID 

Fibre (n=9) 1 0 4 1 1 1 1 9 6 

Fragment (n=9) 4 4 0 0 1 0 0 9 8 

 

Table 2.2: Results from Raman spectroscopy for MP particles chosen by Researcher Two for 

confirmatory chemical analysis of polymer type. 

Morphology & 

Number picked 

PP PET PVC PEST PE Unclassified/burnt sum Plastic 

ID 

Fibre (n=12) 0 7 0 1 0 3 11 8 

Fragment (n=13) 4 4 5 0 0 3 16 13 
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2.6.5 Additional information 

These results clearly highlight that a fluorescence detection limit of 100 a.u was efficient 

in identifying up to 90% of plastic particles. However, even when the detection limits are set some 

false positives do still occur, and it has been reported that Nile Red does not stain some synthetic 

fibres well (Prata et al., 2019, Galvão et al., 2023). This implies that while Nile Red is valuable for 

choosing particles for further screening, it needs to be coupled with methodological visual 

identification/verification in order to eliminate naturally occurring particles. This can take the form 

of an identification key with different types of visual cues to determine if something should be 

counted as MP or not. For example, as suggested by Galvão et al., 2023, some natural fibres, such 

as cotton and linen, may stain with Nile Red. However, the occurrence of these natural fibres as 

false positives can be easily countered when fibres are inspected further: natural fibres typically 

exhibit distinct morphology, such as being internally segmented or twisted around themselves 

(ribbon-like) (Stanton et al., 2019b, Murphy et al., 2016). It is also suggested herein that in order 

to counter the potential for false negatives, such as synthetic fibres whose presence may be missed 

due to poor staining, as a last step the filter will be scanned under bright-field following the 

identification key established for fibres. Decision/identification keys can facilitate transparency in 

the MP research community and add to the reproducibility of results. The identification key that 

was created based on relevant literature (MARI, 2017, Lusher et al., 2020, Hidalgo-Ruz et al., 

2012, Stanton et al., 2019b, Zhu et al., 2019) and the expertise and of University of Birmingham 

researchers is demonstrated in the Appendix 1 as an example. 

The results presented here indicate that the pre-set MP selection criteria, which rely not only 

on the fluorescence detection limit, but also consider morphological cues via the identification key, 
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provide a reliable, fast, and transparent tool for MP identification. We propose this approach to be 

implemented for the MP community, as it can lead to more reproducible and consistent results. It 

should be noted that each new fluorescence system/microscope requires individual calibration to 

determine its optimal detection limits, as described above. Re-analysis of older samples might also 

be beneficial, as in many cases there has been over-identification of fibres at the expense of 

fragments and other shapes, which the identification-tree presented here also helps to overcome. 

The overall workflow for setting fluorescence detection limits and how to use identification key is 

presented in Figure 2.5. 
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3.1 Abstract 

Current understanding of nano- and microplastic movement, propagation and potential effects on 

biota in freshwater environments is developing rapidly. Still, there are significant disconnects in 

the integration of knowledge derived from laboratory and field studies. This review synthesizes the 

current understanding of nano- and microplastic impacts on freshwater biota from field studies and 

combines it with the more mechanistic insights derived from laboratory studies. Several 

discrepancies between the field and laboratory studies, impacting progress in process 

understanding, were identified including that the most prevalent plastic morphologies found in the 

field (fibres) are not those used in most of the laboratory studies (particles). Solutions to overcome 

these disparities are proposed to aid comparability of future studies. For example, environmental 

sampling and separation of biota into its constituents is encouraged when conducting field studies 

to map microplastic uptake preferences. In laboratory studies, recommendations include 

performing toxicity studies to systematically test possible factors affecting toxicity of nano- and 

microplastics, including morphology, chemical makeup (e.g., additives) and effects of plastic size. 

Consideration should be given to environmentally relevant exposure factors in laboratory studies, 

such as realistic exposure medium and effects of plastic ageing. Furthermore, based on this 

comprehensive review recommendations of principal toxicity endpoints for each of the main 

trophic levels (microbes, primary producers, primary consumers and secondary consumers) that 

should be reported to make toxicity studies more comparable in the future are given. 
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Figure 3.0 Graphical abstract 

 

3.2 Introduction 

Plastic pollution in the world’s oceans is a widely reported issue (Cózar et al., 2014, Geyer 

et al., 2017, Jambeck et al., 2015). Besides the visible macroplastic, there is also concern 

surrounding smaller plastics, such as microplastics (dimension less than 5 mm) (Arthur et al., 2009, 

GESAMP, 2016, Thompson et al., 2004a), and nanoplastics (despite some ongoing debate in the 

literature generally considered less than 1000 nm). These micro and nanoscale plastics are referred 

to hereafter as MnP, unless specifically only micro or nanoplastics are discussed. MnP can be either 

directly designed and produced for this specific size-range (primary), or result from breakdown of 

macroscale plastic into smaller pieces (secondary) due to physical, photochemical and/or biological 

degradation (Corcoran et al., 2009, Dawson et al., 2018, Mateos-Cárdenas et al., 2020, O’Brine 

and Thompson, 2010, Zbyszewski et al., 2014).  

To date, a vast majority of plastic research has focused on marine and coastal environments 

(Desforges et al., 2014, Kanhai et al., 2017, Lusher et al., 2015, Munari et al., 2017, Van 
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Cauwenberghe et al., 2015, Woodall et al., 2014) with the transport, fate and impact of plastics in 

freshwater systems only recently gaining attention (Li et al., 2018, Krause et al., 2021). This is 

likely driven by the increasing realization that lakes and rivers are not merely conduits transporting 

MnP from terrestrial sources to the marine environment, but also have the potential to act as 

temporary/long-term sinks (Hurley et al., 2018, Luo et al., 2019b). There is, thus, a risk that MnP 

may cause detrimental effects to freshwater ecosystems. 

 

Microplastics have been found in the surface waters and sediments of both rivers and lakes 

(Eerkes-Medrano et al., 2015, Li et al., 2018, Tibbetts et al., 2018). They can enter freshwater 

systems via various pathways, such as outfall from waste water treatment plants (WWTP) (Murphy 

et al., 2016), or through surface runoff (Corradini et al., 2019, Kole et al., 2017, Liu et al., 2019a). 

Microplastics can also find their way into freshwater systems through transport via air and 

accumulate as dry or wet deposits (Allen et al., 2019, Dris et al., 2017, Dris et al., 2016). Although 

the extent of our knowledge is not the same for nanoplastics, due to extraction (sampling) and 

detection limitations, it is suspected that nanoplastics are present everywhere that microplastics 

are, and may follow similar transport and fate pathways to those of microplastics (Wang et al., 

2021).  

MnP interaction and/or ingestion and their effects have been documented for a variety of 

freshwater biota, such as algae, zooplankton, fish and birds (Faure et al., 2015, Sadler et al., 2019, 

Wu et al., 2019) (Figure 3.1). 
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Figure 3.1. Conceptual model for MnP movements in the freshwater food web. Numbers (1-16) 

indicate that MnP interaction with this biotic group has been confirmed (Table S3.1). Species in 

the figure: 1) Anas platyrhynchos, 2) Cygnus olor, 3) Lemna minor, 4) Fulica atra, 5) Lepomis 

macrochirus, 6) Chlorella vulgaris, 7) Daphnia magna, 8) Esox lucius, 9) Gobio gobio, 10) 

Squalius cephalus, 11) Microhyla ornate, 12) Alburnus alburnus 13) Dreissena polymorpha, 14) 

Tubifex tubifex, 15) Gammarus pulex and 16) Chironomus spp. 

There is some initial evidence of pollutant transfer from MnP to organisms (Coffin et al., 

2019, Rochman et al., 2013, Wardrop et al., 2016). However, it is still debated whether MnP can 

be considered an environmentally relevant pathway for sorbed pollutants (Hartmann et al., 2017, 
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Koelmans, 2015, Koelmans et al., 2016). Nevertheless, MnP could be toxic to biota in their own 

right through physical effects, such as slowed egestion times (Au et al., 2015, Shang et al., 2020), 

that could lead to clogging or damage of intestinal tracts (Lei et al., 2018). This, together with the 

realization that MnPs are omnipresent in freshwater systems, has led to an expansion of interaction 

and toxicity studies in freshwater organisms. However, this research field is still in its infancy and 

potential entry points, uptake mechanisms, and fate for MnP in biota and consequently into food-

webs have not yet been clearly established (Krause et al., 2021, Wong et al., 2020). In particular, 

analytical methods to quantify MnP burden are still being optimized for environmental matrices 

(Hartmann et al., 2019) and biological tissues (Wagner et al., 2017). There are also questions 

regarding how well laboratory studies reflect field data and vice versa. This review aims to provide 

a pathway forward whereby harmonization between field and laboratory studies is discussed. This 

extensive review of over 76 field and 164 laboratory studies also aims to find commonalities 

amongst published literature that may support future studies by providing a solid baseline against 

which to design and implement future experimental and sampling campaigns, thereby maximizing 

their increased comparability and utility for risk assessment. Therefore, a comprehensive synthesis 

of current research on MnP interactions with freshwater biota was performed to: 

1. Identify freshwater species shown to be capable of interacting with MnP in the field and 

the laboratory at the different trophic levels; 

2. Establish potential patterns in the freshwater MnP literature including types of plastics 

found/used, geographical context and the physical characteristics of the MnP assessed; 

3. Identify key areas for increased alignment of laboratory and field research, to facilitate risk 

assessment, and the priority challenges for future research, for which we propose solutions. 
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3.3 Methods 

A comprehensive literature review was carried out using Web of Science with the following 

topic search equation:  

TS=(((microplastic* OR nanoplastic*) AND (freshwater OR lake OR river)) AND (ingestion 

OR abundance OR occurrence OR content OR quantity OR feeding OR contamination OR gut OR 

intestines OR gastrointestinal OR bioaccumulation OR bioavailability OR uptake OR organism*)) 

Publications for the period 2011 and 2020 have been included in this review. Studies were 

analysed using the following four criteria: 1) Original study (reviews were excluded), 2) Focus on 

freshwater ecosystems (salinity less than 0.5% or 0.5 ppt), 3) Report results showing an interaction 

between MnP and freshwater organisms, and 4) Quantifies or uses plastics less than 5 mm in 

diameter (Arthur et al., 2009, GESAMP, 2016, Thompson et al., 2004a). The initial search yielded 

878 matches from which 656 articles were excluded due to not conforming with the criteria set 

above. An additional 18 articles met the criteria for inclusion after citation analysis was carried out 

for the studies included from the first step, bringing the total number of journal articles reviewed 

for this synthesis to 240 (Appendix 2: Table S3.1). 

The studies were divided into field or laboratory based research. Studies were also grouped 

into: algae, vascular plants, microbes, cladocerans (separated from the rest of crustaceans, due to 

high occurrence in the literature), crustaceans, gastropods, dipterans, bivalves, annelids, 

amphibians, fish, birds, and others. These biota groups were then organized into the following four 

trophic levels:  

1. Microbes 
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2.  Primary producers (algae, vascular plants) 

3. Primary consumers (cladocerans, crustaceans, gastropods, dipterans, bivalves, annelids and 

others) 

4. Secondary consumers (amphibians, fish, and birds)  

From each of these trophic levels the following were identified; 1) species studied, 2) 

physical (i.e., size, morphology, colour) and chemical (i.e., plastic type) characteristics of the MnP 

identified (field) or used (laboratory) and 3) methodologies (characterization and toxicity 

endpoints) used. Toxic effects were included in the context of identifying potential endpoints that 

could be used for baseline studies, but were not extensively reviewed, as this topic has been covered 

previously (e.g.,Anbumani and Kakkar, 2018, Triebskorn et al., 2019, Prokić et al., 2019) and was 

considered to be out of the scope of this study.  

Size was divided into two separate categories: microplastics (1 - 5000 µm) and nanoplastics 

(less than 1000 nm). Morphology of plastics was assigned into three main categories; a) fibres, b) 

particles (that encapsulated both spheres and granules due to lack of morphology characterization 

in several studies) and c) fragments.  

To identify any regional hotspots of MnP research, the origin of laboratory studies was assessed 

according to the locations of the first and last author’s facilities/addresses, while field studies had 

their respective sampling location(s) recorded independently of the author’s respective locations. 
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3.4 Results 

3.4.1 General results 

From the 240 studies, 76 (~32%) field studies and 164 (~68%) laboratory studies were 

identified (Appendix 2: Table S3.1).  

3.4.2 Types of plastics 

Polyethylene (PE) was the most common plastic type found in field studies, followed by 

polypropylene (PP), polyethylene terephthalate (PET), polyamide (PA) and polystyrene (PS), as 

shown in Figure 3.2. ‘Not given’ was the largest group in field studies, highlighting the lack of 

chemical verification tools used, with forty-two percent of studies not including polymer 

identification. In laboratory studies, the most frequently used plastic was PS, followed by PE, 

‘others’, PP and PET. Here also, several papers used a commercial microplastic for which no 

compositional information was available (grouped as “other”), reducing the utility of the data for 

risk assessment.  
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Figure 3.2. Most common MnP plastic types reported across laboratory and field studies. 

2.4.3 Sizes and morphology of plastics 

Most of the studies fell into the size range of microplastics, with reports on nanoplastics 

being absent from field studies. Twenty-six percent of field studies did not report the respective 

size of the observed plastics (Figure 3.3), while laboratory studies included size by stating the 

commercial size range and in some instances provided additional size characterization information, 

via techniques such as dynamic light scattering (DLS) and/or scanning electron microscopy (SEM). 
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Figure 3.3. Relative abundance of studies per size class. Note that studies that included MnP from 

different size classes were counted as separate studies for the purpose of this figure. 

The most prevalent morphology reported in field studies, where this information was available, 

was fibres (76.5%). However, particles were the most abundant morphology used (76.2%) in 

laboratory settings, with fibres used in eight studies (4.8%).  

3.4.4 Geographical spread 

Analysis of the spatial distribution identified some clear geographical hotspots for MnP 

research. The majority of laboratory studies originated from China (n=43), North America (n=20) 

and Europe (Germany (n=22), Italy (n=11) and UK (n=11)) as shown in Figure 3.4. This spread in 

laboratory studies is matched by patterns identified in the sampling locations of field studies, that 

were clustered in Europe (n=22), North America (n=14) and China (n=15).  
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Figure 3.4. Number of laboratory studies per country, grouped via first and last authors of the 

studies and locations of the field sampling sites. 

3.4.5 Trophic levels and biota groups 

From the four trophic levels including thirteen biota groups defined above, fish were the 

most studied (n=90) making up ~59% of field studies and ~27% of laboratory studies. This was 

followed by cladocerans (n=43), which were all laboratory studies (Figure 3.5).  
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Figure 3.5. Number of published MnP interaction studies in freshwater biota groups. Note that one 

field study and some laboratory studies included more than one biota group and each species is 

counted separately for this figure. 

3.5 Discussion 

3.5.1 General discussion 

The major plastic types used in laboratory settings and found in biota loosely follow the trends 

in global plastic production. According to PlasticsEurope (2020), the major plastics manufactured 

in 2019 were PE (29.8%), PP (19.4%), polyvinyl chloride (PVC) (10%), polyurethane (PUR) 

(7.9%), PET (7.9%) and PS (6.2%). A similar trend was observed in field studies (Figure 3.2), with 

PE and PP being the most common plastic types identified from the field samples, while the most 

common plastics used in laboratory studies were PS, followed by PE, PP and PET. Although most 

common plastic types are well represented in laboratory studies, it is recommended to extend 
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laboratory effect testing to more diverse range of plastic types. Special consideration should be 

given to those identified in biota from field studies, such as PA and cellophane, as the current trend 

favours certain plastic types and makes results difficult to compare. 

Regional hotspots for laboratory and field research were found to largely overlap (Figure 

2.4). Critically, Asian (apart from China) and African systems appear under-represented despite 

many of these regions, such as, South and Southeast Asia, having been identified as being amongst 

the most plastic polluted areas globally (Jambeck et al., 2015, Lebreton et al., 2017). The identified 

lack of field studies in these areas is therefore of concern, as this impedes our holistic understanding 

regarding global MnP pollution and its impacts on biota. Furthermore, the total number of field 

studies is still relatively low (n=76), when compared to laboratory studies. More observations are 

thus required, especially in highly polluted and under-represented regions, such as parts of 

Southeast Asia and Africa (Nel et al., 2021b). 

There was a clear predisposition towards laboratory studies in all biotic groups, with the 

exception of fish and birds (Figure 3.5). Studying higher trophic level organisms in laboratory 

settings can pose ethical challenges, as well as being time consuming, which can partly explain this 

trend. From all biotic groups, fish were the most studied. Fish represent one of the largest classes 

of Animalia in freshwater systems and can stretch over several trophic levels and feeding guilds. 

As they are generally higher up in the food chain and have commercial importance and health 

implications for humans via consumption, it is logical that studies on MnP ingestion have focused 

on this group. However, more studies are required across the different biotic groups to map out the 

occurrence of MnPs in the field and to identify their potential ecosystem-level effects. In addition 

to more field studies, we identified three key challenges that freshwater MnP research is currently 
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facing, described below, along with proposed solutions to overcome them, which have also been 

summarized into Tables 3.1 and 3.2. 

3.5.2 Challenges for future research 

3.5.2.1 Challenge 1: The mismatch between field and laboratory studies 

In order to predict effects of MnP on biota and freshwater ecosystems, exposure scenarios 

used in the laboratory should reflect real environmental conditions as closely as possible. Here, we 

explore the mismatch between field and laboratory studies and suggest solutions to close this gap.  

Fibres were the most prominent microplastic morphology identified across taxa in field 

studies. This trend potentially reflects the relative abundance of fibres in the environment, as fibres 

are commonly identified in freshwater studies (Dris et al., 2015, Luo et al., 2019b, Wang et al., 

2017). There appears to be a relationship between microplastic load within sediment and water, 

and microplastic burden within biota (Akindele et al., 2019, Li et al., 2020a, Lv et al., 2019, Nel et 

al., 2018, Su et al., 2018, Su et al., 2016, Yan et al., 2019). For example, Lv et al. (2019) found that 

the microplastic composition was similar between the crayfish Procambarus 62 zteca 62  and 

surrounding sediments, with fibres prevalent in both. Furthermore, Su et al. (2018) found that the 

microplastic load in bivalves at the Yangtze River basin was significantly dependent on both water 

and sediment microplastic contamination. In contrast, Su et al. (2016) reported that the microplastic 

load in bivalves was negatively correlated with the contamination in surrounding sediments. 

However, with only a handful of studies collecting data on MnP contamination from all 

compartments, this relationship remains inconclusive.  

The prevalence of fibres could also be an indication of preferential consumption by certain 

biotic groups, especially in fish (Collard et al., 2019). There is evidence from laboratory studies 
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that visually orientated fish actively forage on MnP resembling their prey items (Roch et al., 2020). 

Indeed, Yuan et al. (2019) noted that the proportion of white fibres in goldfish from Poyang Lake, 

China, was higher than that found in the surrounding environment, which could indicate confusion 

with prey species, such as mosquito larvae or zooplankton. This is further supported by McNeish 

et al. (2018) where microplastic colours varied in surface water collected within the tributaries of 

Lake Michigan, (USA), which was not reflected in the fish who preferentially ingested blue and 

transparent fibres. Hurley et al. (2017) reported an absence of microbeads in the freshwater worm 

Tubifex tubifex, even though they were found in the surrounding sediment. Similarly, Schessl et al. 

(2019) reported an absence of microbeads in bivalves Dreissena polymorpha and D. bugensis 

despite their presence in the environment. Drivers of this apparent preferential uptake remain 

unknown; possibilities include size, morphology, biofouling and/or plastic type. Laboratory studies 

have begun focusing on this question, with Li et al. (2019) stating that uptake of plastic fibres in 

bivalves was related to the elastic modulus, i.e., “softness” of the plastic type. It is essential to test 

these possible drivers in laboratory settings. 

An alternative explanation may be that fibres are accumulating in the gastrointestinal (GI) 

tracts of biota due to their elongated shape. There is some initial support for this hypothesis; the 

only two field studies that separated the individual fish into different parts (i.e., stomach, muscle, 

gills and liver), reported different microplastic morphologies present in the various regions. For 

example, Collard et al. (2018) indicated that in field conditions PS and PE fragments ranging from 

147 to 567 μm appeared to translocate into the livers of European chubs Squalius cephalus after 

ingestion, while fibres were prevalent in the stomach. Similarly, Garcia et al. (2021) reported 

microplastic films being more prevalent in gut tissues of Prochilodus magdalenae and Pimelodus 
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grosskopfii whereas fragments were more prevalent in muscle and gills. Microfibre retention in the 

gut was also observed by Au et al. (2015) in a laboratory study, where PP fibres remained in the 

gut of the crustacean Hyalella 64zteca for longer than natural food and/or PE particles. This offers 

some initial support for the hypothesis that fibres could be retained in the gut for a longer duration. 

However, more research is needed targeting gut retention times of fibres.  

The apparent dominance of fibres in field samples could also be a result of overestimation 

due to methodological bias in the applied analytical approach. For example, 31 out of 69 field 

studies (excluding studies on microbes) did not use any chemical verification tools and relied solely 

on visual identification and/or a hot needle test to confirm the presence of plastics. It is plausible 

that during the visual identification, the larger, less ambiguous fibres are more readily identified 

compared to other morphologies. The lack of chemical verification means that the identified fibres 

could also be natural or cotton fibres. Moreover, only six of the analysed papers stated clearly the 

lower size detection limit (Domogalla-Urbansky et al., 2019, Park et al., 2020, Roch et al., 2019, 

Winkler et al., 2020, Xiong et al., 2018, Yuan et al., 2019). This raises questions about the ‘non-

detected’ fraction, and underestimation of smaller plastics could lead to overestimation of the 

pervasiveness of more easily identified fibres.  

In order for the research community to address these challenges, there is a need to improve 

the extraction of MnP from field biotic samples: Firstly, relying on visual identification solely 

should be minimized, as this can discriminate against smaller MnP which are more difficult to 

identify. The use of tagging methods, such as fluorescent dyes, for example, Nile Red (Erni-Cassola 

et al., 2017, Maes et al., 2017, Nel et al., 2021a, Shim et al., 2016) that can reduce visual bias, 

should be explored (Table 3.1). Researchers are encouraged to refer to the reporting guideline 
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checklist and quality criteria published by Cowger et al. (2020), Collard et al. (2019) and Hermsen 

et al. (2018). Secondly, the lower detection limit (where putative MnP can be confidently 

identified) should always be reported in order to facilitate comparability between studies (Table 

3.1). 

Thirdly, where applicable (e.g., fish), it is important to separate the biota samples into 

different parts, such as brain, muscle, liver and gut (Table 3.1), which can give more specific 

information on where MnP are found and any preferential distributions (Collard et al., 2018, Garcia 

et al., 2021). More studies including this step are required, as there is contrasting evidence on tissue 

translocation (Collard et al., 2017, Elizalde-Velázquez et al., 2020, Jovanović et al., 2018, Zeytin 

et al., 2020, Zitouni et al., 2020) and disagreement exists particularly regarding the size fractions 

that are capable of translocating into tissues (as reviewed by Triebskorn et al. 2019). In the field of 

nanomedicine, it is generally accepted that endocytosis pathways are limited to particle sizes up to 

5 µm (Kou et al., 2013, Zhang et al., 2009), raising questions regarding any potential mechanisms 

for translocation of larger items. It is plausible that bigger fragments (> 20 µm) could be 

methodological artefacts or contamination from processing of the samples, if not enough rigor is 

applied. However, granuloma formation has been proposed as a potential entry pathway for MnP 

into muscle tissue (Zeytin et al., 2020).  

Digestion should be carried out for each separate body part, with the same digestive method, 

such as KOH (Karami et al., 2017a, Thiele et al., 2019), followed by the extraction step and 

chemical analysis (such as ZnCl2 separation followed by Fourier-transform infrared (FT-IR) or 

Raman spectroscopy), and where possible 50% of putative MnP should be analysed (Hermsen et 

al., 2018) (Table 3.1). Extra care should be taken to reduce any false-positives, such as dislocation 
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or introduction of particles and/or fragments during dissection and rigorous control measures 

should be in place.  

Fourthly, to fully address the possibility of the selective uptake of MnPs and to examine 

which factors in the immediate environment drive their ingestion, environmental samples (water 

column and sediment) should always be collected and analysed to characterize the sizes, 

morphologies, colours, and types of MnPs present (Table 3.1). The digestion, extraction and 

chemical analysis methods used for the environmental samples should match as closely as possible 

to those used for biota, in order to reduce any methodological bias. This would inform on the 

possible drivers of fibre uptake and would aid in the prioritization of plastics for laboratory 

exposure experiments.  

Despite fibres being the most common morphology reported in the field, this is not reflected 

in laboratory studies, which most commonly employed particles. Only 8 out of 164 laboratory 

studies used fibres in MnP interaction studies (Appendix 2: Table S3.1), and only six studied their 

effects, from which all reported negative effects on the test species. For example, decreased growth 

was seen in the crustacean H. azteca and planarian Dugesia japonica exposed to 20 - 75 μm PP 

fibres (Au et al., 2015) and ~30 μm PET fibres (Gambino et al., 2020) and the freshwater flea 

Daphnia magna showed increased mortality rates when exposed to 60 - 1400 μm PET fibres (Jemec 

et al., 2016).  

The type and origin of fibres used in these studies also varied. For example, Au et al. (2015) 

used aged PP marine rope. Jemec et al. (2016) used milled PET fabrics and Gambino et al. (2020) 

produced PET fibres in their laboratory. Evidence suggests that additives may influence toxicity 

(Boyle et al., 2020, Capolupo et al., 2020), therefore the same plastic type from different 
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commercial sources/products may further confound results, especially if information about 

chemical composition and additive content is not given. However, all fibres studied to date, 

regardless of the source, have shown negative effects on biota. It is clear, however, that there are 

not enough studies focusing on the effects of fibres and their leachates to build a full picture of 

their deleterious effects, and more systematic testing of different plastic fibre types (such as PET 

fibres in different lengths and colours) on multiple biota groups in needed.  

The respective size classes found/used in field and laboratory studies also differed (Figure 3.3). 

The absence of nanoplastics in field data can be attributed to the current challenges in sample 

collection, extraction and quantification methods (Nguyen et al., 2019, Schwaferts et al., 2019). 

These smaller plastics should, however, be the focus of future research, as it is predicted that 

smaller plastics are more numeric, both in the environment and in biota (Roch et al., 2019, 

Triebskorn et al., 2019).  

Table 3.1. Recommendations for field sampling that aims to understand the interplay between 

ingested MnP and environment.  

Recommendations 
 

Collection of field samples in  

conjunction with biota samples 

Sediment and water samples (background concentrations 

needed for assessment of potential biomagnification) 

Separation of organism into its  

constituents 

Stomach, muscle, liver and brain when applicable (i.e., 

fish) and quantification of MnP load in each  
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Usage of relevant digestion method KOH, NaOH or similar. 

Match to that used for environmental samples 

Identification methods Tagging methods, such as fluorescent dyes, 

Chemical identification, such as FT-IR, Raman 

spectroscopy or GC-MS (50% of putative MnP) 

Recording physical characteristics 

of MnP 

Colour (where possible), morphology and size 

Reporting  Lowest detection limit and internalised dose, as follows; 

number mg-1 tissue, mg mg-1 tissue and items individual-1 

Method development  To enable nanoplastic identification from the field samples 

 

 

3.5.2.2. Challenge 2: Baseline studies comparing physical and chemical characteristics of 

MnPs and their effects on toxicity 

To fully understand and map the effects of different MnP, a shift towards systematic reporting 

of MnP morphology, chemical makeup and size under specific exposure conditions, is needed to 

allow correlation of properties with potential toxic effects. Here, we introduce four major factors 

that could affect the MnP toxicity, each of which needs to be separately and systematically tested. 

Special attention should be given to realistic environmental exposure scenarios in terms of 
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exposure medium and the presence/absence of natural compounds, as well as the impact of aging 

of the MnP compared to effects of pristine MnP 

i. Morphology 

Plastic fibres have been reported to be more harmful than other tested morphologies (i.e., 

particles). For example, Au et al. (2015) reported that acute exposure to PP fibres (20 - 75 μm at 

45 fibres mL-1) reduced the growth rate of crustacean H. azteca in a dose dependent manner 

whereas exposure to PE particles (10 - 27 μm at 1 x105 particles mL-1) did not. In this case it is 

difficult to determine whether the morphology or the chemical characteristics were causing the 

deleterious effect of PP as no control with similar morphologies were carried out. Ziajahromi et al. 

(2017) reported a lower LC50 (lethal concentration required to kill 50% of test population) value in 

Ceriodaphnia dubia for PET fibres (280 ± 50 μm at 5 x10-4 mg mL-1 or 13 fibres mL-1) than for PE 

particles (1 - 4 μm at 1 x10-3 or 74 particles mL-1). This, however, does not translate directly into 

fibrous MnP being more deleterious, as morphology along with any additives and plasticizers, total 

surface area and particle number differences may have confounded these results. It is also plausible 

that mode of exposure, i.e., how biota are exposed to MnP, could affect the harmfulness. For 

example, exposure of C. dubia to PET fibres resulted in more severe effects on body size and 

neonate numbers than exposure to PE particles despite having no fibres in their guts (Ziajahromi 

et al., 2017), suggesting that fibres caused physical harm but not via ingestion. Thus, the mode of 

exposure can play an important role in determining the effects of MnPs and should be taken into 

consideration in the study design (see iv. Environmental factors). 

In order to fully address to what degree, the plastic morphology may impact toxicity, tests using 

the same/similar parent plastic with different morphologies must be carried out (Table 3.2), and the 
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observed effects must be differentiated by physical versus chemical damage where possible (direct 

and indirect effect). Use of computational image descriptors for shape, such as circulatory, 

convexity and main elongation, which can be determined with transmission electron microscopy 

(Varsou et al., 2020), may provide an useful approach to normalize between different morphologies 

and enable direct comparison of non-spherical morphologies.  

Table 3.2. Recommendations for laboratory studies that aim to systematically understand the 

drivers and toxicological effects of MnP exposure.  

Recommendations 
 

Morphology Carry out exposures with similar parent plastic but different morphology 

(i.e., fragments, fibres, and spheres) 

Chemical composition 1) Identify chemical fingerprint: e.g., colourants, plasticisers 

2) Wash a sub-set of parent plastic for toxicity assessment of leachates 

3) Avoid usage of proprietary polymers whose composition is unknown 

Size 1) Systematic testing of similar parent plastic in different sizes 

e.g., PS 1 µm, 5 µm and 10 µm, match exposure dose by surface area, 

mass and MnP number 
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Exposure 1) Environmental considerations 

i.e., always provide food, consider the presence of organic matter, 

natural medium and mode of exposure etc.  

2) Aging of the plastic 

i.e., Pristine vs aged (natural or laboratory aged) 

3) Abundance 

i.e., Inclusion of lower concentrations with life-time exposure 

3) Duration 

i.e., Extended monitoring periods and consider depuration steps 

Endpoints 1) Microbes 

i) Principal endpoints: taxon richness 

ii) secondary endpoints: species specific preference for plastic type 

2) Primary producers  

i) Principal endpoints: photosynthetic activity and growth 

ii) Secondary endpoints: gene regulations and stress responses  

3) Primary consumers 

i) Principal endpoints: growth and mortality 

ii) Secondary endpoints: reproduction and multigenerational studies 

4) Secondary consumers 

i) Principal endpoints: growth, mortality and reproduction 
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ii) Secondary endpoints: behavioural changes, AChE and oxidative 

stress 

 

ii. Chemical composition 

MnPs found in nature consist of a complex mixture of monomers, plasticizers, colorants and 

other additives (OECD, 2014b). Therefore, to fully understand the effects of MnP, it is not 

sufficient to report and identify the different parent plastic types only (Figure 3.2), but also their 

chemical make-up, including additives, such as plasticizers, flame-retardants and colorants. 

Different MnP leachates have shown different degrees of effect on the freshwater algae 

Raphidocelis subcapitata (Capolupo et al., 2020), while the leachate from PVC was more toxic to 

zebrafish Danio rerio larvae than the plastic fragments themselves (Boyle et al., 2020). Similar 

leaching of additives (such as Bisphenol A) has been demonstrated in simulated gut conditions of 

marine biota (Coffin et al., 2019). As this leaching of additives could affect the observed toxicity, 

there is a need to differentiate between the toxicity of parent plastic and any specific additives. For 

example, routine washing of a sub-set of the parent plastic should be carried out to remove 

leachable additives, followed by parallel testing of the pristine and washed MnP and the leachate 

(Table 3.2), as this may shed important light into the exact drivers of any observed toxicity. The 

use of commercial polymers, where the composition is unknown should be discouraged in toxicity 

testing, and complete chemical mapping should be carried out for plastics used in the experiments. 

If this is not possible, the composition should be identified as a minimum to the level of parent 
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polymer/copolymer. Typical equipment used to identify parent plastic type includes equipment like 

FT-IR, Raman spectroscopy or similar. Identification of the additives could be carried out using 

equipment like gas chromatography–mass spectrometry (GC-MS), which would also be useful to 

extend emerging databases on plastic additives and spectra (Munno et al., 2020) and to correlate 

specific plastic sources with specific combination of additives that may prove diagnostic. 

iii. MnP size 

It has been shown in marine settings that plastic size can play an important role in MnP 

toxicity (Jeong et al., 2016, Lee et al., 2013). Similar size-dependent effects have been observed in 

freshwater species, for example, Lei et al. (2018) found that mortality of nematodes was related to 

the size of PS MnP (1.0 μm were less lethal than 0.1 or 5.0 μm). Similarly, the effect of PE MnP 

in dipterans Chironomus riparius and C. tepperi was more pronounced with decreasing particle 

sizes (Silva et al., 2019a, Ziajahromi et al., 2018). 

It has also been observed that nanoplastics had a higher toxicity than microplastics in the 

freshwater flea D. magna (Ma et al., 2016). This higher toxicity could be related to nanoplastics 

ability to cross cell-walls and accumulate in sites such as the egg-yolk sacs of water flea, the gills, 

gut and liver of zebrafish, and the digestive gland of the bivalve Elliptio complanata (Auclair et 

al., 2020, Brandts et al., 2020, Chae et al., 2018, Lu et al., 2016, Parenti et al., 2019). Indeed, size 

dependent toxicity needs to be systematically tested using similar parent plastic type (Table 3.2).  

iv. Environmental exposure considerations 

To fully address the drivers behind MnP toxicity, all potential contributing factors i.e., 

morphology, composition and size, needs to be addressed in a proper environmentally relevant 

context (Table 3.2). Here, much can be learned from the nanomaterials eco-toxicological field, 
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where formation of an eco-corona, biofouling and ageing of the materials are increasingly 

recognized as being essential to realistic exposure and hazard assessment studies (Ellis et al., 2020, 

Nasser et al., 2020). It is important to realize that aging of plastics and other mechanisms such as 

adsorption of organic matter may affect the physical properties of the plastics. For example, growth 

inhibition of freshwater algae Scenedemus subspicatus and Chlamydomonas reinhardtii were 

found to be greater when exposed to aged or weathered rather than pristine plastics (Baudrimont et 

al., 2020, Wang et al., 2020b). Furthermore, Liu et al. (2019b) found that when zebrafish were co-

exposed to1 μg L-1 and 1 mg L-1 of nano-sized PS (50 - 100 nm) and fulvic and humic acid, the 

reactive oxygen species (ROS) levels were stimulated synergistically. In contrast, the presence of 

these natural acidic organic polymers reduced the ROS level in freshwater algae Scenedesmus 

obliquus, suggesting that the presence of natural compounds in the medium affects MnP toxicity 

(Liu et al., 2019c, Liu et al., 2019b). Furthermore, Ziajahromi et al. (2018) reported that PE 

particles (10 - 27 μm) reduced the toxicity of the insecticide bifenthrin to Diptera C. tepperi in 

synthetic water but not in river water, indicating that consideration should be given to more realistic 

exposure media and their effects on toxicity. As discussed previously, mode of exposure might also 

play a key role; for example C. tepperi exposed to PE in sediment (500 particles Kg-1) showed 

increased mortality (Ziajahromi et al., 2018), while exposure in water (1600 particles L-1) showed 

no effect (Ziajahromi et al., 2019), indicating that how biota is exposed needs to be accounted for 

when planning experiments, and consideration should be given to whether this reflects 

environmentally realistic modes of exposure.  

It is also important to understand how laboratory exposure concentrations compare with those 

observed in the environment. However, this can be problematic, as reported units for laboratory 
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and field studies varied. Exposure concentrations in laboratory studies were often mass per volume 

(mg L-1) but reporting also MnP number and surface area might be more informative. Conversely, 

field studies reported mg individual-1, or more often item individual-1, making it difficult to 

compare the results between the two. In laboratory studies, it is common to use concentrations that 

span the expected effect threshold to ensure that an effect will be observed. Indeed, it is not 

uncommon to see arguably unrealistic exposure concentrations (De Felice et al., 2019, Li et al., 

2020c) in laboratory studies. It is difficult, however, to predict what can be considered as 

‘environmentally relevant’ concentrations, as there is uncertainty regarding the abundance of 

smaller MnP in the environment and occurrence of bigger microplastics varies with location(Li et 

al., 2018). Furthermore, the units used to report environmental concentrations are often item m-3 

(water) and item Kg-1 (sediment), making it hard to relate directly to laboratory exposures which 

tend to report units as mass volume-1. Regardless, it is imperative for the scientific community to 

expand the toxicity testing into lower exposure doses (such as MnP concentrations of 100 items L-

1) (Triebskorn et al., 2019) with extended exposure time scales to cover life-time and/or multiple 

generations (Table 3.2). For example, Kelpsiene et al. (2020) showed that when D. magna was 

exposed to 0.32 mg L-1 of 26 or 62 nm PS over its full life-time, increased mortality became 

obvious, which was not previously reported in acute 24 hour exposures to 400 mg L-1 (Mattsson et 

al., 2017) . 

3.5.2.3 Challenge 3: Harmonization of endpoints reported for each trophic level 

To facilitate inter-comparability of MnP toxicity data, common principal endpoints need to 

be identified for each trophic level, which should be included in each study as minimum. Here, 

potential principal endpoints for the four trophic levels identified in this paper (Figure 3.6, Table 
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3.2) are introduced, including justification for why these endpoints should be included in future 

studies.  

 

Figure 3.6. Potential principal and secondary toxicity endpoints for the four trophic levels. 

i. Microbes 

For microbes, the taxon richness, and its possible changes when in contact with different plastic 

types is the most important reporting requirement. There is evidence that MnP can act as a 

favourable substrate for specific microbial communities (Hoellein et al., 2017, Kettner et al., 2019, 

Li et al., 2020b, McCormick et al., 2014, McCormick et al., 2016). For example, McCormick et al. 

(2014), McCormick et al. (2016) and Kettner et al. (2019) found a lower species richness on 

microplastic surfaces when compared to the surrounding environment. This is further supported by 

Parrish & Fahrenfeld (2019) and by Kelly et al. (2020) who demonstrated that PE and PS particles 

(125 - 500 μm) and fragments (0.25 - 0.5 mm) exhibited distinct microbial communities 
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irrespective of the source water. Common human pathogens, such as arcobacters (Gong et al., 2019, 

Kettner et al., 2019, McCormick et al., 2014, McCormick et al., 2016) frequently colonize plastics, 

and certain antibiotic resistant genes can be aligned with presence of microplastics (Ram and 

Kumar, 2020, Wang et al., 2020a), thus the likelihood of MnP acting as transport medium cannot 

be negated. Hoellein et al. (2017) suggested that this preference was enhanced closer to a WWTP 

and diluted further downstream. Studying taxon richness and specifying any potential preferential 

colonization needs to be tested with different plastic types in order to fully address these 

interactions and their consequences. 

ii. Primary producers 

Photosynthetic activity was one of the most common endpoints measured when assessing 

effects on primary producers (19 out of 26 studies). 3 out of 4 studies on vascular-plant, duckweed, 

included this endpoint. From these, all reported no significant effect, even at high exposure 

concentrations, such as 5 x104 PE particles mL-1 (Mateos-Cárdenas et al., 2019). Photosynthetic 

activity was measured as chlorophyll-a (Chl-α) content with fluorometry (Mateos-Cárdenas et al., 

2019) and as chlorophyll pigment content with UV‐VIS spectroscopy (Dovidat et al., 2020, 

Kalčíková et al., 2017). Contrary to this, the majority of studies showed a significant effect of MnP 

on algal photosynthetic activity. Sjollema et al. (2016) measured the photosynthetic activity in C. 

vulgaris with Pulse Amplitude Modulation (PAM) fluorometer after exposure to high 

concentrations of PS particles (500 nm at 2.5 x10-2, mg mL-1) and found no conclusive impact. 

Interestingly, four other studies on cyanobacteria and freshwater algae Microcystis aeruginosa, S. 

obliquus and C. reinhardtii exposed to high PS particle concentrations in similar size-ranges (50 

nm at 3.4 x10-3 mg mL-1 , 200 nm at 0.01 mg and 0.02 mg mL-1, 70 nm at 0.1 mg mL-1 and 300 - 
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600 nm at 0.1 mg mL-1) showed decreased Chl-α content when measured with UV‐VIS 

spectroscopy (Besseling et al., 2014, Feng et al., 2020, Zhang et al., 2018) and with a portable plant 

efficiency analyser (Li et al., 2020c). Conversion between mass and particle numbers was not 

possible in these cases and it is possible that the observed effects are related to the MnP sizes and 

concentrations or are species specific. The difference in method should not affect the outcome 

parameter (efficiency of photosynthetic activity), as UV‐VIS Spectroscopy (Lichtenthaler, 1987) 

and fluorometry can both be used to estimate the chlorophyll content of plants(Maxwell and 

Johnson, 2000). In order to obtain baseline data, experiments with different plastic types with 

specific sizes and concentration ranges should be repeated on different species of algae. 

Photosynthetic activity appears to be a universally used endpoint for MnP toxicity tests and should 

continue being used to aid future comparability of studies.  

Another common toxicity endpoint included for primary producers is growth (OECD, 2006, 

OECD, 2011, OECD, 2014a) which is relatively easy to measure. Only 2 out of 4 vascular-plant 

based studies reported an inhibitory effect on root growth of Lemna minor or Spirodela polyrhiza 

duckweeds. Although all MnP used in these studies adhered to the roots and leaves, it was only the 

larger PE particles (71.30 ± 34.29 μm, 96.00 ± 69.99 μm and 180.5 ± 118.7 μm) extracted from 

facewash that showed a statistically significant inhibitory effect on the root length of L. minor 

(Kalčíková et al., 2017, Kalčíková et al., 2020). Leachate effects were accounted for, suggesting 

that the microplastics themselves caused some type of physical inhibitory effect at all tested 

concentrations (0.01, 0.05, and 0.1 mg mL-1) (Kalčíková et al., 2017). This effect could be due to 

the MnP size or morphology, as the other MnP tested; PE (10 - 45 μm at 5 x104 particles mL-1) 

(Mateos-Cárdenas et al., 2019) and PS (50 and 500 nm at 1 x106 particles mL-1) (Dovidat et al., 
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2020) had more regular morphology, whereas the PE extracted from facewash was highly irregular. 

More studies are required with growth as a unifying endpoint, so that the effect of morphology and 

plastic type can be explored, and clear comparisons made to establish what MnP features affect 

growth.  

8 out of 15 studies on freshwater algae measuring growth, reported a clear inhibitory effect after 

exposure to MnP. For instance, effects were induced by PS particles (70 nm at 1 mg mL-1 and 500 

nm at 0.05 mg mL-1) on S. obliquus and C. vulgaris, (Besseling et al., 2014, Tunali et al., 2020), 

by a mix of polymethyl methacrylate (PMMA) and PS fragments (< 250 μm at 1.25 x10-2 mg and 

0.125 mg mL-1) on Scenedesmus sp and Microcystis panniformis (Cunha et al., 2019) and by 

polyurethane (PUR) foam fragments (3mm at 1.6 mg mL-1) and its leachates on C. vulgaris (Luo 

et al., 2019a). 

Lagarde et al. (2016) reported decreased growth of the algae C. reinhardtii after exposure 

to PP fragments (400 < 1000 μm at 100 mg no volume reported), but only after 78 days. This, in 

conjunction with results from Mao et al. (2018), who reported that initial growth inhibition of 

Chlorella pyrenoidosa exposed to PS particles (0.1 μm at 0.01, 0.05 and 0.1 mg mL-1), was 

countered after 22 days with biomass showing recovery, indicating some degree of organism 

adaptability. This strongly suggests that longer exposure times are required when assessing the 

impacts of MnP on algal communities, as negative effects seen at short exposure times might 

decrease in intensity over time or vice versa.  

It is thus suggested that growth measured as length of roots and leaves for plants and as algae 

biomass and/or cell densities should be included as principal endpoint. Other endpoints such as 

stress responses and gene regulation should be included, where feasible, as explorative variables. 
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This minimum toxicity endpoint reporting will help to ensure that meta-analysis can be carried out 

in the future, leading to deeper understanding of MnP toxicity and the characteristics responsible. 

iii. Primary consumers 

Mortality is a common endpoint, determined often as the LC50 (lethal concentration required to 

kill 50% of test population) or LD50 (lethal dose required to kill 50% of the test population). Most 

studies reported mortality if it occurred, or used alternative indirect mortality endpoints, such as 

immobilization for cladecorans to estimate EC50 (half maximal effective concentration, which is 

halfway between baseline and maximum observed effect) (OECD, 2004). Where mortality was 

reported, higher exposures seemed to be more lethal. For example, some studies reported little to 

no mortality in D. magna. when exposed to PS particles (51 nm at 0.1mg mL-1 and 1 µm at 1.25 

x10-4 mg mL-1) (Chae et al., 2018, De Felice et al., 2019), whereas, some PS exposures with similar 

size ranges did induce mortality (52 nm at 50 mg mL-1 and 100 nm at 0.0863 mg mL-1) (Mattsson 

et al., 2017, Reynolds et al., 2019). Another discrepancy was observed in the case of the crustacean 

H. azteca, whereby Panko et al. (2013) reported no mortality after exposure to tire and road wear 

fragments (< 150 μm at 1 x104 mg Kg-1) over 41 days, while Khan et al. (2019) observed mortality 

of H. azteca when exposed to tire rubber alone (< 500 μm at 3426 fragments mL-1) over 21 days. 

Here, the differences between mode of exposure, the rubber types, associated additives and/or the 

road mixture could affect toxicity. It is noted, that in order to better understand the toxicity 

mechanisms, food should always be provided, so that effects of starvation would not be confused 

with those arising from the exposure (Aljaibachi et al., 2020). Furthermore, mortality should 

always be recorded and if no mortality is observed, this should be clearly stated.  
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Growth as an endpoint can reveal differences in toxicity of plastic types and aid comparisons 

between biotic groups. For example, the crustacean Gammarus pulex showed a significant 

reduction in growth when exposed to PS fragments (20 - 500 μm at 10% of sediment) despite 

feeding activity not being affected (Redondo-Hasselerharm et al., 2018). Reduction in growth was 

also observed in G. fossarum, by Straub et al. (2017), when exposed to PMMA and 

polyhydroxybutyrate (PHB) fragments (32 - 63 µm, 63 - 125 µm, and 125 - 250 µm at 1 x105 

fragments individual-1), despite no effects on feeding rates. However, G. pulex did not exhibit 

growth inhibition when exposed to car tire rubber of similar size and concentration (66 μm at 10% 

of sediment), despite retention times higher than for PS particles(Redondo-Hasselerharm et al., 

2018). Similarly Panko et al. (2013) reported only slight non-statistically significant inhibition in 

growth of Diptera Chironomus dilutus exposed to tire and road wear fragments < 150 μm at 1 x104 

mg Kg-1 while C. riparius and C. tepperi, were effected when exposed to PE (32 - 63 μm at 1259 

mg Kg-1 63 - 250 μm and 125 - 500 μm at 1 x104 mg Kg-1) (Silva et al., 2019b) and PE (1 - 4, 10 - 

27, 43 - 54 and 100 - 126 μm each at 500 particles Kg-1) (Ziajahromi et al., 2018). However, 

whether the car tire and road wear fragments are less toxic than other MnP, such as PS, PE, PMMA 

and PHB remains inconclusive. For example, Panko et al. (2013) reported no effect on growth of 

the crustacean H. azteca exposed to tire and road wear fragments of size < 150 μm at 1 x104 mg 

Kg-1 while Khan et al. (2019) observed negative effects on growth in H. azteca when exposed to 

tire rubber of size < 500 μm at 3.426 x103 fragments mL-1. The difference observed could be driven 

by either the road pavement, rubber types and associated specific mixture of additives and/or size, 

dose and/or mode of exposure, suggesting that more systematic studies are needed to determine the 

specific drivers of toxicity. To ensure comparability of effects across plastic types and species, 
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growth, measured as weight and length or biomass should be included as an endpoint for primary 

consumers. This will aid further meta-analysis and species sensitivity analysis in the future. 

Besides inclusion of the primary endpoints mentioned above, it is crucial that the exposure 

times of primary producers will be extended. For example, the duration of exposure in D. magna 

and other cladocerans species is usually 48 hours for acute, and 21 days for chronic toxicity tests, 

according to OECD guidelines. However, it has been reported that some acute toxic effects (such 

as immobilization) of D. magna and D. pulex are not always obvious after 48 hours (Jaikumar et 

al., 2018, Rehse et al., 2016), and life-time exposures have revealed higher toxicity than that at 24 

hour exposure (Kelpsiene et al., 2020), suggesting that acute exposure should be extended to at 

least 72 hours. Indeed, the OECD toxicity test guidelines are currently being revised for use with 

nanoparticles (Nasser and Lynch, 2019). 

A secondary endpoint for primary consumers should be reproduction and where possible, 

multigenerational studies should be carried out. This is required to improve our understanding on 

population level effects. For example, three studies using non-disclosed proprietary type polymer 

from Cospheric LLC (1 - 5 µm), which measured reproduction capacity in cladocerans Daphnia 

spp. all reported negative effects (Jaikumar et al., 2019, Ogonowski et al., 2016, Pacheco et al., 

2018). In addition, Felten et al. (2020), showed that PE 1 - 4 μm at 1 x10-3 mg mL-1 had a negative 

effect on reproduction of D. magna while a transgenerational study by Martins and Guilhermino 

(2018) showed that D. magna went extinct in just two generations after exposure to Cospheric LLC 

(1 - 5 µm). It is clear that these specific MnP can have population level effects on cladocerans, and 

this type of systematic testing is required on other types of plastics and species. Furthermore, 

multigenerational studies should be a considered for primary consumers, as otherwise the 
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population level effects may be overlooked (Martins and Guilhermino, 2018). Most primary 

producers have a short life-cycle, making them ideal for this type of work.  

Including these two principal toxicity parameters (growth and mortality) into each primary 

consumer MnP study is imperative. Considerations should be given to inclusion of secondary 

endpoints (reproduction and multigenerational studies). Other, especially sub-lethal parameters, 

such as enzyme activities for oxidative stress or immune response (Li et al., 2020d, Scopetani et 

al., 2020), should also be explored, to expand our understanding of MnP toxicity and their modes 

of action. 

iv. Secondary consumers 

For secondary consumers, similar principal endpoints as for primary consumers should be 

included (growth, mortality, and reproduction). However, as secondary consumers develop much 

slower than primary consumers, it is not always possible to include all three principal endpoints in 

one study, and therefore a combination of any two principal endpoints is acceptable. Still, as only 

one study from the reviewed literature reported increased mortality of adult zebrafish exposed to 

PP particles (~70 μm at 0.01 mg mL-1) (Lei et al., 2018), further sub-lethal endpoints should be 

included. Effects observed in secondary consumers include changes in histopathology, gene 

expression and behaviour (Chae et al., 2018, Lei et al., 2018, Limonta et al., 2019, Oliveira et al., 

2013, Rochman et al., 2017, Wen et al., 2018). Therefore, for secondary endpoints we recommend 

assessment of behavioural changes (e.g., predatory performance or distance swam), 

acetylcholinesterase (AChE) activity, which is an important enzyme that catalyses the breakdown 

of acetylcholine (neurotransmitter), or measures of oxidative stress, namely ROS or CAT (catalase 
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gene) and SOD (superoxide dismutase). One or more of these endpoints are encouraged to be 

included in future studies, to increase inter-comparability.  

Behavioural changes can be used as a measure of sub-lethal effect in biota. This can be recorded 

using video combined with imaging software such as ImageJ (Chae et al., 2018, Critchell and 

Hoogenboom, 2018, da Costa Araújo et al., 2020) or more sophisticated tools and programs that 

have been designed for behavioural tracking of fish, such as DanioVision and EthoLog (Chen et 

al., 2017, Ottoni, 2000, Pedersen et al., 2020). For example, Chae et al. (2018) found that 

locomotive activity of two fish species, rice fish Oryzias sinensis and dark chub Zacco temminckii, 

were affected by PS particles (51 nm at 5 x10-3 mg mL-1). It was also reported that the livers of Z. 

temminckii showed abnormal histological patterns. Wen et al. (2018) similarly found that predatory 

performance of discus fish Symphysodon aequifasciatus declined following exposure to PE 

particles (70 - 88 μm at 2 x10-4 mg mL-1). This study also reported sub-lethal effects, such as a 

decrease in activity of enzymes AChE and Trypsin. It should be noted that these types of 

behavioural parameters (such as predatory performance or distance swam) cannot explain the 

underlying mode of action, however, it can offer important insight into MnP effects and is 

encouraged to be monitored where possible. 

Neurotransmitter AChE decreased in 5 out of 6 studies assessed in this review, indicating 

neurotoxicity for the tested plastic types (PE and PS). PE was found to affect juvenile discus fish 

S. aequifasciatus (PE 70 - 88 μm at 2 x10-4 mg mL-1) and streaked prochilod Prochilodus lineatus 

(PE 10 - 90 μm at 2 x10-5 mg mL-1) (Roda et al., 2020, Wen et al., 2018). Two separate studies on 

juveniles of the common goby Pomatoschistus microps, reported similar effects on AChE when 

exposed to PE (1 - 5 μm at 1.84 x10-5 mg mL-1 and 1.84 x10-4 mg mL-1) (Fonte et al., 2016, Oliveira 
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et al., 2013). PS 0.1 μm also decreased AChE in red tilapia Oreochromis niloticus at exposure 

concentrations of 1 x10-6, 1 x10-5 and 1 x10-4 mg mL-1 (Ding et al., 2018). Only low density 

polyethylene (LDPE) (~10.9 μm) at exposure concentrations of 5 x10-6, 5 x10-5, and 5 x10-4 mg 

mL-1 showed no effect on AChE mRNA levels of zebrafish larvae (Karami et al., 2017b). The 

duration of exposure is unlikely to explain these differences, as the studies that showed effects on 

AChE ranged from 96 hours to 31 days and the study of Karami et al. (2017b) exposed the larvae 

for 20 days, which falls within the range above. Whether the observed effect on AChE levels was 

species specific, related to the age of exposed fish, and/or plastic type is unclear. Inclusion of this 

endpoint where possible will facilitate assessment of possible neurotoxicity of different plastic 

types in different species.  

Another important sub-lethal endpoint for secondary consumers is oxidative stress, which 

can lead to tissue damage and disrupt cellular functions (Valavanidis et al., 2006). There is already 

evidence that some MnP can induce oxidative stress in secondary consumers. For example, CAT 

gene, that is related to presence of oxidative stress, was upregulated in zebrafish after exposure to 

PS particles (1 μm, 5 μm and 70 nm) at 1 x10-3 mg mL-1 (Qiang and Cheng, 2019), 2 x10-4 or 2 

x10-3 mg mL-1 (Lu et al., 2016). However, we recommend that more than one parameter for 

oxidative stress should be measured, as this can give an indication of whether biota can form 

protective action against ROS. For example, Parenti et al. (2019) showed that while PS (0.5 μm at 

1 x10-3 mg mL-1) induced activity of SOD it did not induce ROS. This could indicate that high SOD 

activity in zebrafish could protect it from excessive ROS. This is supported by a study on red tilapia 

O. niloticus exposed to 1 x10-6 ,1 x10-5 , and 1 x10-4 mg mL-1 PS particles (0.1 µm), where particles 

induced SOD but did not affect malondialdehyde (MDA), suggesting a similar protective 
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mechanism against oxidative damage (Ding et al., 2018). Furthermore, 5 x10-6, 5 x10-5, or 5 x10-4 

mg mL-1 LDPE (~10.9 μm) did not increase CAT in zebrafish, but decreased its concentration over 

the exposure period (Karami et al., 2017b). More studies capturing this endpoint in the future will 

enable further inferences on the effects of MnP type, morphology and size. It is also noteworthy 

that when zebrafish were co-exposed to 1 x10-6 mg mL-1 and 1 x10-3 mg mL-1 nano-sized PS (50 - 

100 nm) and to fulvic and humic acid, the ROS levels were synergistically affected (Liu et al., 

2019c) indicating that natural conditions, such as organic matter should be considered further when 

conducting toxicity tests. 

3.6 Conclusion 

The synthesis of the reviewed research revealed evidence of a significant mismatch between 

field and laboratory studies, highlighting a significant gap in our knowledge on how the most 

common morphology of MnP might affect freshwater species. Further, there is lack of systematic 

testing on different factors that may affect MnP toxicity, such as different morphologies, plastic 

types and sizes, including their leachates. This review has outlined some of the key 

recommendations and reporting guidelines for field and laboratory studies, with the goal of 

increasing inter-comparability across studies and trophic levels. It is imperative that baseline 

studies on the parameters suggested in this review are systematically undertaken. Only by gathering 

this type of data, can a full meta-analysis and comprehension of the effects of MnP on freshwater 

ecosystems can produced. 
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4.1 Abstract 

While microplastic inputs into rivers are assumed to be correlated with anthropogenic activities 

and to accumulate towards the sea, the impacts of water management on downstream 

microplastic transport are largely unexplored. A comparative study of microplastic abundance in 

Boulder Creek (BC), and its less urbanized tributary South Boulder Creek (SBC), (Colorado 

USA), characterized the downstream evolution of microplastics in surface water and sediments, 

evaluating the effects of urbanization and flow diversions on the up-to-downstream profiles of 

microplastic concentrations and loads. Water and sediment samples were collected from 21 

locations along both rivers and microplastic properties determined by fluorescence microscopy 

and Raman spectroscopy. The degree of catchment urbanization affected microplastic patterns, as 

evidenced by greater water and sediment concentrations and loads at BC than the less densely 

populated SBC, which is consistent with the differences in the degree of urbanization between 

both catchments. Microplastic removal through flow diversions was quantified, showing that 

water diversions removed over 500 MP particles per second from the river, and caused stepwise 

reductions of downstream loads at abstraction points. This redistribution of microplastics back 

into the catchment needs to be considered in large scale models quantifying plastic fate and 

transport to the oceans. 
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Figure 4.0 Graphical abstract 

 

4.2 Introduction 

Microplastics (plastic particles <1 mm) (Hartmann et al., 2019) (herein referred to as MP) 

are considered to be contaminants of concern (Lambert and Wagner, 2018) and are omnipresent in 

all environmental compartments on a global scale (e.g.,Bian et al., 2022; Kukkola et al., 2022; 

Samandra et al., 2022; Zhang et al., 2021). Despite MPs having been the focus of intense research 

efforts, their sources, environmental entry points, transport mechanisms and resulting distribution 

in the environment have yet to be fully understood. 

It has been demonstrated that rivers represent major MP transport pathways to the oceans 

(Lebreton et al., 2017; Meijer et al., 2021), but can also act as long-term sinks (Drummond et al., 

2020; Drummond et al., 2022; Margenat, 2021). Additionally, MP in riverine environments may 

undergo major physio-chemical transformation processes (Krause et al., 2021; McGivney et al., 

2020) and interact with the diverse community of freshwater organisms with potentially 
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detrimental effects on species and ecosystem health (e.g., causing external and intestinal damage 

and suffocation) (Anbumani and Kakkar, 2018; Kukkola et al., 2021). 

To fully assess the risks that MP pose to river environments and their ecosystem services, it 

is crucial to understand how MP are distributed within river corridors and how they get transported 

and potentially accumulated in river networks (Krause et al., 2021). Previous research has 

highlighted the existence of substantial spatial variability in MP in surface water and sediment in 

a wide range of river systems (e.g., Castañeda et al., 2014; Wong et al., 2020). However, it is less 

well-established which processes control this spatial variability. A better understanding of these 

processes is a requirement for more accurate predictions of the full extent to which rivers contribute 

to global plastic fluxes into the oceans and for site-specific risk assessments. Additionally, flux 

information needs to be coupled with estimates of MP residence times, to assess local exposure 

and potential impacts on freshwater ecosystems. 

Previous research has aimed to identify how population density and specifically, the location 

of potential point and diffuse sources of mismanaged plastic waste influence the spatial distribution 

of MP. Consequently, land use/land cover has been linked to MP concentrations and distribution 

in rivers (Grbić et al., 2020; Wang et al., 2021), and global scale estimates of terrestrial plastic 

pollution and resulting riverine contributions to the oceans have predicted pollution hotspots to 

occur in densely populated urban areas with poor waste management systems (Ferraz et al., 2020; 

Lebreton et al., 2019; Lebreton et al., 2017; Meijer et al., 2021). However, a clear correlation 

between the degree of urbanization and MP concentration could often not be established (see Talbot 

and Chang, 2022; Tibbetts et al., 2018). 
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There is growing awareness that, in addition to the spatial distribution of sources, the 

environmental fate of MP is strongly determined by their transport, dispersal and potential 

deposition and storage along river networks (de Carvalho et al., 2021; Margenat, 2021; Tibbetts et 

al., 2018). Flow conditions may strongly affect MP deposition behaviour and residence time in the 

hyporheic zone (Drummond et al., 2020; Drummond et al., 2022). Current model predictions of 

riverine contributions to MP in the world’s oceans show discrepancies ranging over several orders 

of magnitude (Lebreton et al., 2017; Schmidt et al., 2017). Current models use only relatively 

coarse spatial information of river discharge, if included at all (Siegfried et al., 2017; Uzun et al., 

2022; van Wijnen et al., 2019). Very few studies have investigated the change in MP concentrations 

in relation to the hydrological regime and the characteristic flow and transport behaviour of the 

respective river systems (Campanale et al., 2020; Wagner et al., 2019). A general assumption of 

existing large scale plastic transport models is a downstream convergence of particle fluxes along 

the river network. There is a severe lack of understanding of the impact of river water management 

schemes (e.g., water diversion for irrigation and drinking water), on MP distribution, fate, and 

transport in river corridors, despite the majority of rivers globally now being regulated in their flow 

(Barbarossa et al., 2020; Baumgartner et al., 2022). It is therefore imperative to analyse and 

quantify the combined impacts of MP source distributions, and their transport in river networks 

under the influence of anthropogenically altered flow and transport conditions, in order to aid 

model predictions. 

Here, we present a comparative field study that applies a paired-catchment approach to 

quantify the spatial distribution of MP in two neighbouring catchments (South Boulder Creek and 

Boulder Creek, Colorado, USA) with different degrees of urbanization. This study (i) characterizes 
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the downstream evolution of MP concentration and associated particle properties in surface water 

and streambed sediments, (ii) identifies MP source areas using spatial profiles of stream load (the 

product of concentration and stream discharge), (iii) evaluates the effects of a) the mountain to 

plains transition and b) urbanization, and (iv) quantifies the degree to which flow diversions affect 

MP concentrations, loads, and downstream transport. 

4.3 Materials and methods 

4.3.1 Study region 

Boulder Creek (BC) and its tributary South Boulder Creek (SBC) (Colorado, USA) are part 

of the wider Boulder Creek Watershed, which extends over 1160 km2 and is located in the Front 

Range of the Rocky Mountains, east of the Continental Divide. Both catchments cover diverse 

geographical and hydro-geomorphological conditions along a rural-urban gradient and differ 

significantly in catchment-wide and near-stream land cover patterns (Figure 4.1). 

Both streams flow northeast from their mountainous headwaters that originate at the 

Continental Divide (elevations >4100 m) and through canyons (upstream sampling locations B1 

and S1 are ~2400 m) before they reach the plains (sampling locations B12 and S6, elevation <1800 

m), and eventually confluence at the eastern edge of the city of Boulder near sampling point B33 

(Figure 4.1). Ultimately these waters drain into the Mississippi River and the Gulf of Mexico, in 

over 2300 km distance. The BC catchment is more urbanized (12% upstream of confluence with 

SBC) than SBC (3.9% upstream of confluence with BC). Both are characterized by a high forest 

cover (BC 73% and SBC 84%). The catchment areas for BC and SBC upstream of their confluence 

are 405 km2 and 342 km2 respectively, with a total catchment size of 790 km2 at point B34 (Figure 

4.1). The sampled river sections cover 36.7 km flow length of BC and 27.7 km of SBC. Over these 
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sections, river slope varies between 0.003 m/m (B34) and 0.040 m/m (B9) for BC and 0.005 m/m 

(S9) and 0.085 (S1) for SBC while average sinuosity is 1.31 (BC) and 1.39 (SBC), respectively, 

indicating a comparable, and generally low degree of meandering. 

Like for many river systems in the western United States, water management plays a large 

role in both streams (Murphy, 2006). Mountain reservoirs are used to store large volumes of water 

generated during spring snowmelt, and this water is subsequently diverted out of the catchments 

for municipal and agricultural use through a system of canals. As such, stream discharge decreases 

in downstream direction for long periods of the year. 

The BC study reach begins approximately 4 km downstream of Barker Reservoir, which 

receives water from the surrounding catchment, a relatively undeveloped area to the east of the 

Continental Divide. Water released from Barker Reservoir travels down Boulder Canyon, entering 

the City of Boulder near sampling location B12 (Figure 4.1). The primary diversion affecting 

stream discharge during this study is located downstream of sample location B19, where more than 

half of the discharge is diverted away from BC at certain times of year. 

The SBC study reach begins approximately 1.5 km downstream of Gross Reservoir which 

receives much of its water from the underground Moffatt Tunnel that transports water from west 

of the Continental Divide to the eastern side. Most of the water leaving Gross Reservoir is diverted 

out of SBC downstream of sampling location S1, supplying water to Denver city. SBC flows 

through the small town of Eldorado Springs before entering the plains downstream of sample 

location S6. A second major diversion active during the study period is located downstream of site 

S13, resulting in additional decreases in stream discharge. 
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Figure 4.1: Map of catchment areas indicating major land cover classes and sampling locations 

(black dots) along Boulder Creek (B1-34) and South Boulder Creek (S1-15), Colorado, USA. Blue 

arrows indicate flow direction and orange and pink lines the extent of SBC and BC catchment 

areas, respectively. Coordinates of each sampling location are provided in Table S4.1. Land cover 

class “Other” includes perennial ice/snow, barren land, grassland, shrub/scrub, cultivated crops, 

and pastry-hay. 
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4.3.2 Field data and sample collection 

Surface water and sediment samples were collected from thirteen locations within BC and 

eight sites within SBC (as a subset of a longer-term study that includes additional sample locations 

(Runkel et al., 2022). Sampling took place October 14-18, 2019, during steady low-flow 

conditions, which are typical in the research area for the period between October and March. The 

relatively steady flow conditions during the sampling period were confirmed by stream discharge 

records from gauging stations BOCOROCO (~18.5 km downstream from Barker Reservoir, 

sampling location B9) and BOCELSCO (~0.7 km downstream from the major diversion located 

between S1 and S4) (Figure 4.2). 

 

 

Figure 4.2: Discharge and precipitation during the sampling period in October 2019. Discharge 

data are from the Colorado Division of Water Resources gauges BOCOROCO near Orodell, CO 

(B9 Figure 4.1) and BOCELSCO near Eldorado Springs, CO (https://www.dwr.state.co.us). 

Precipitation data are for the National Oceanic and Atmospheric Administration Physical Sciences 

Laboratory, located at 39.99271N, -105.2652W (Wetherbee et al., 2021). 
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At each sampling site, 50 L of surface water was collected from the centre of the stream 

and water column, and filtered through a 63 µm nylon mesh, from which contents were then 

transferred into a precleaned 20 mL glass vial using deionized (DI) water. Sediment was collected 

from both streambanks just above the water line using a metal spoon. A composite sediment sample 

from three spots (within a radius of about 1 m) was collected and stored in a clean glass jar, giving 

a final sample mass of 60 - 90 g per streambank. All samples (Nwater = 21 and Nsediment = 42) were 

stored at room temperature and transported to the University of Birmingham, UK for analysis at 

the end of the sampling period. Data collected at each sampling point comprised geographic 

coordinates, stream depth, cross-sectional area, velocity, and discharge as measured by Acoustic 

Doppler Velocimetry (Appendix 3: Table S4.1). 

4.3.3 Sample analysis and QA/QC 

Sediment samples were extracted using sediment-MP isolation (SMI) units in accordance 

with Nel et al., (2020), and water samples as described in Appendix 3: S4.1 MP extraction. After 

extraction, organic matter (OM) was digested using Fenton reagent, which after the samples were 

stained with Nile Red as described in Appendix 3: S4.1. Samples were analysed with fluorescence 

microscopy as described in Kukkola et al., (2023) and in Appendix 3: S4.2. Polymer identification 

by confocal Raman spectroscopy was employed for roughly 44% of all putative MP (in total 206 

particles). The procedure and spectra acquisition parameters are described in Appendix 3: S4.3. 

Field background samples, laboratory blanks and positive blanks were collected and analysed as 

described in Appendix 3: S4.4. For the purposes of this study, MP measurements in counts per litre 

are hereinafter referred to as concentrations. 
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4.3.4 Land cover, population density, and statistical analyses 

To understand how MP concentrations vary in relation to catchment area and the percent 

of urban land cover, each sub-catchment (defined as the drainage area discharging towards each 

sampling location) was delineated with the USGS program StreamStats v4.6.2 

(https://streamstats.usgs.gov) and exported into ArcMap 10.7.1. Population density per sub-

catchment for 2019 was obtained from the Colorado State Demography Office 

(https://demography.dola.colorado.gov) and land cover classes for sub-catchments were 

determined utilizing the National Land Cover Database (Multi-Resolution Land Characteristics 

Consortium; https://www.mrlc.gov/viewer/) NLCD 2019 dataset which contains official land cover 

data for the USA (2019) with a resolution of 30 x 30 m. The 20 landcover classes from the NLCD 

data set were reclassified into nine general categories (see Appendix 3, section S5). 

To analyse potential local land cover impacts on observed MP concentrations, a 500 m 

circular buffer (A=0.79 km2) was created around each sampling site in ArcMap, to aid 

identification of possible local source effects, as compared to the sub-catchment wide approach. 

To study effects in sub-catchments, the area per land cover class was normalized to the respective 

sub-catchment area. All data was assessed for normality using a Shapiro-Wilk Test. Spearman’s 

rank coefficient was used to determine correlations between MP concentrations and urban land 

cover and population density, because MP data followed a non-normal distribution. 

To evaluate any variation in MP concentrations in water and sediment between and within 

the two streams, Mann-Whitney U and Kruskal-Wallis tests were applied. Spearman’s rank 

coefficient was used to assess correlation direction and strength for MP concentration and size 

https://streamstats.usgs.gov/
https://demography.dola.colorado.gov/
https://www.mrlc.gov/viewer/
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(measured as longest length) and hydrological parameters. All statistical analyses were carried out 

in RStudio (R Core Team 2022) with a significant threshold of α = 0.05. 

4.3.5 MP loads and estimated concentrations in the absence of diversions 

Contributions of MP from the sub-catchments discharging to each segment of the study 

reaches (i.e., the distance between sampling locations) were quantified using spatial profiles of the 

stream MP loads (Table 4.1), developed by summing the observed load at each location (the 

product of stream discharge and concentration) and the load that had been diverted out of the system 

(the product of the diverted stream discharge and the concentration at the nearest upstream site). 

Profiles of cumulative load were calculated by summing all positive changes in instream load, 

while keeping the cumulative load constant when the instream load decreased (Kimball et al., 2002; 

Runkel et al., 2013). Stream segments with increases in cumulative load thus represent source 

areas, with each source area contributing a percentage to the overall load: 

𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐 = 100 × (𝐿𝐿𝑑𝑑− 𝐿𝐿𝑢𝑢)
 (𝐿𝐿𝑏𝑏−𝐿𝐿𝑡𝑡)

    (1) 

where L is the cumulative load, d and u denote the cumulative load at the downstream and upstream 

ends of a stream segment, while b and t denote the cumulative load at the bottom and top of the 

study reach.  

Loading rates (change in load per km) were also calculated for individual segments 

(between sampling points) and for the entire study reach as: 

𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿 𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟 =  ∆ 𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑙
𝑑𝑑𝑑𝑑𝑠𝑠𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡

     (2) 
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where ∆ load is the change in load for the segment or study reach (Ld – Lu or Lb – Lt) and distance 

equals the length of the segment or study reach (Table 4.1). Three sampling points were excluded 

from the loading analysis due to unsteady flow conditions during sampling (B15, B17 and B19). 

Two additional BC sites located below the confluence of BC and SBC (B33, B34) were also 

excluded as they couldn’t contribute to the comparison of the two study reaches. These downstream 

sites are omitted from our discussion of the results presented in Sections 4.3.1 and 4.3.3. 

Both study reaches have water diversions which decrease stream discharge. Sampling 

locations downstream of these diversions will have a smaller volume of water than they would in 

the absence of diversions, and consequently the impact of a given source area and loading rate will 

be exacerbated with less dilution occurring due to reduced discharge. These impacts can be 

formally quantified by estimating the MP concentrations that would be observed in the absence of 

diversions. MP water concentrations in the absence of diversions are calculated by summing the 

observed and diverted loads and dividing by the sum of the observed and diverted stream discharge. 

4.4 Results 

4.4.1 Stream discharge 

Stream discharge measured during the sampling period ranged from 0.12 m3 s-1 (B24) to 

0.50 m3 s-1 (B12) for BC (Figure 4.3a) and from 0.06 m3 s-1 (S14) to 2.48 m3 s-1 (S1) for SBC 

(Figure 4.3b). Several flow diversions were active during the sampling event, with the major 

diversion on BC diverting 87% of the stream discharge at B19 away from BC (0.43 m3 s-1). For the 

SBC study reach, 95% of the stream discharge at S1 (2.35 m3 s-1) was diverted for use by the city 

of Denver and 79% of the remaining stream discharge at S13 (0.24 m3 s-1) was diverted out of the 

channel. 
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Figure 4.3: Stream discharge (panels a-b), MP surface water concentrations [#MP L-1] and 

estimated concentrations in the absence of diversions (panels c-d), and downstream profiles of MP 

loads [#MP s-1] (panels e-f) for Boulder Creek and South Boulder Creek. Note replicate samples 

collected at B10 and B17 (panel c). 

4.4.2 MP concentrations in surface water and streambed sediments 

MP were detected in all surface water and sediment samples across the studied sites (Figure 

4.4). Mean surface water MP concentrations for BC were 0.22 MP L-1 (± 0.14 standard deviation 
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(SD)), ranging between 0.08 MP L-1 (B9) and 0.62 MP L-1 (B24). For SBC, mean MP 

concentrations were 0.09 MP L-1 (± 0.05 SD) with a range between 0.02 MP L-1 (S4) and 0.16 MP 

L-1 (S1). A Mann-Whitney U test confirmed that the difference in surface water MP concentration 

was significant (p = 0.0163) between the two streams. Streambed sediments for BC had a mean 

dry-weight MP concentration of 186 MP kg-1 (± 80 MP SD), ranging between 114 MP kg-1 (B3) 

and 342 MP kg-1 (B24). For SBC the mean sediment MP concentrations were 142 MP kg-1 (± 55 

MP SD), ranging from 98 MP kg-1 (S1) to 224 MP kg-1 (S13). Mann-Whitney Test indicated that 

the difference in sediment concentration was non-significant (p = 0.0912). 

MP concentrations at BC surface water remained relatively low in the mountainous 

upstream reach (B1-B9, Figure 4.4) and exhibited an initial increase at B10, where urbanization 

begins. The MP concentrations remained fairly consistent in the stream reach between B10 and 

B27, with the exception of a hotspot at B24. The sediment concentrations generally displayed a 

non-significant increasing trend downstream, with peaks between sites B12 and B24 (Figure 4.4), 

B12 being where BC emerges from Boulder Canyon at the city margins of Boulder, while B24 is 

located at the eastern edge of a high-density urban area where the highest surface water 

concentration was also observed. 

The highest surface water MP concentrations at SBC were recorded at the most upstream 

site (S1) and the most downstream site (S15) (0.16 MP L-1); the highest MP concentrations in SBC 

sediment were recorded at site S13. Surface water concentrations in SBC exhibited a linear positive 

relationship with distance downstream of the first major diversion (site S1 excluded; Rs = .964, p 

= 1.85x10-5), with increasing concentrations downstream. No relationship was observed between 

distance from source and MP concentration in sediments (Figure 4.4). 
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No correlation was found between stream discharge and the size of MP either in surface 

water or sediments at BC; however, a moderate positive correlation was found between discharge 

and size of MP in surface water at SBC (Appendix 3: Table S4.4). There was no correlation 

between discharge and MP concentration in water or sediments (Appendix 3: Table S4.5). No 

correlation was found between river velocity or slope and MP concentration in surface water or 

sediments (Appendix 3: Table S4.5). 

 

Figure 4.4: MP concentration distribution in water (top panel) and sediments (bottom panel) of 

Boulder Creek (left) and South Boulder Creek (right). 

4.4.3 MP loads 

The average stream MP load for BC was 97 MP s-1, with a range between 16 MP s-1 (B9) 

and 193 MP s-1 (B24) (Figure 4.3e). The stream MP load for BC declines from B1 (35 MP s-1) to 
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B9 (16 MP s-1), after which it steadily increases to its maximum of 193 MP s-1 at B24. MP load 

then decreases in the last two stream segments (B27 and B28.5), to 141 MP s-1 (Figure 4.3e).  

The average stream load for SBC was 400 MP s-1, with a range between 381 MP s-1 (S4) 

and 418 MP s-1 (S15) (Figure 4.3f). The MP stream load drops between sites S1 and S4, after which 

it generally increases to its maximum value at the end of the study reach (S15, Figure 4.3f). As will 

be discussed in detail in Section 4.4.4, most of the stream load is diverted out of the SBC catchment 

near the head of the study reach. 

Average study-reach loading rates were 7.2 and 1.7 MP s-1 km-1 for BC and SBC, 

respectively. MP loading in BC is dominated by contributions to the three stream segments ending 

at B10, B12, and B24 (percent contributions of 34, 30, and 36% respectively; Figure 4.3e). MP 

loading at SBC had major contributions at S6 (25%), S11 (29%), S13 (32%), and S15 (11%) 

(Figure 4.3f). 

4.4.4 Physical and chemical properties of MP 

For BC surface water, fragments amounted to 51.7% and fibres to 48.3% of the total MP 

detected (Figure 4.4). Similarly, for SBC surface water, 51.3% of total MP were fragments and 

48.7% fibres. No spheres were detected in water samples from either stream. A clear colour 

dominated fragments and a blue colour dominated fibres in both streams. In the BC sediments, 

mostly fragments were present (87%), while fibres (12%) and spheres (1%) played a minor role 

(Appendix 3: Figure S4.3). For SBC the percentage of fragments (93%) was slightly larger while 

fibres only amounted to 7%. In sediments from both streams, most fragments were a clear colour 

while most fibres were black. In total, 206 putative MP (44% of total) were subjected to Raman 

spectroscopy analysis from which 86% were positively identified as plastics, with the most 
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common polymer type in surface water being polyester (50%) and in sediment being polyethylene 

terephthalate (36%, for details see Appendix 3: S4.6). 

4.4.5 Land cover impacts on MP 

A Mann Whitney U test indicated a statistically significant difference in urban land cover 

between BC and SBC upstream of their confluence (U = 84, p = 0.0001). When assessing the 

relationship of urban land cover within sub-catchments to MP concentrations, no correlation was 

found in water or sediments for BC. However, at SBC, a very strong correlation was found in 

surface water (site S1 excluded; Rs = .964, p < 0.001), with no trend evident in the sediments (SBC 

Rs -.047, p = 0.910). Besides urbanization, no significant correlations were found for other land 

cover types for SBC. MP concentrations in surface water were positively correlated with forest 

cover (Rs .643, p = 0.0241) for BC, but negatively for SBC (Rs -.658, p = 0.075). This is likely 

related to forest cover in BC increasing downstream to the confluence but decreasing downstream 

at SBC. MP concentrations in surface water and sediment were not correlated with the total 

catchment area (BCwater Rs = 0.275 p = 0.391, BCsed Rs 0.322 p = 0.222, SBCwater Rs 0.395 p = 

0.332 SBCsed Rs 0.476 p = 0.232). 

The analysis of land cover impacts in the immediate 500 m buffer around each sampling location 

revealed a strong positive correlation between surface water MP concentration and urban cover at 

BC (Rs.793, p = 0.025), and at SBC if the most upstream sampling point (S1) was excluded from 

the analysis (RswithS1.299, p = 0.4713, RswithoutS1.828, p = 0.023). For sediments, no significant 

correlation was identified for BC (Rs .508, p = 0.075) while for SBC the moderate correlation 

found was not statistically significant (Rs .547, p = 0.16). None of the other land cover types had 

any correlation to MP concentrations for BC or SBC. 
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4.5 Discussion 

4.5.1 MP concentration in surface water and sediments 

The more urbanized BC (0.22 MP L-1, > 63 µm) had higher MP concentrations in surface water 

than SBC (0.09 MP L-1), but both streams could be considered to have relatively low MP 

contamination present and our findings are similar to other studies in rivers of comparable 

properties (remote, mountainous) (Bian et al., 2022; Dalmau-Soler et al., 2021; Ferraz et al., 2020) 

and orders of magnitude lower than those reported from lowland rivers, such as canals in Suzhou 

city, China (8 - 40 MP L-1) (> 20 µm) or Amsterdam, Netherlands (48-187 MP L-1) (> 10µm) (Jin 

et al., 2022; Leslie et al., 2017). Similarly, BC had higher sediment MP concentrations (186 MP 

kg-1) than SBC (142 MP kg-1), but these are in line with those previously reported from remote 

areas, such as from the rivers of the Tibetan Plateau, (50 - 195 MP kg-1 > 20µm) (Jiang et al., 2019) 

and from Dafeng River, China, (0.0 - 50.3 MP kg-1 > 20 µm) (Liu et al., 2021). 

4.5.2 The effects of the mountain to plains transition and urbanization on MP 

concentrations and types 

Surface water and sediment MP concentrations increase in the downstream direction for 

both BC and SBC, with downstream trends being particularly clear in surface water (Figure 4.4). 

This is consistent with previous studies: six rivers located at a mountain-foothill transition area in 

the Chin Ling - Wei River Plain, China, had concentrations of 2.57 ± 0.14 MP L-1 (> 75 µm) in the 

mountainous areas, with increasing concentrations downstream (up to 20.40 ± 0.43 MP L-1) (Bian 

et al., 2022). Similarly, in the Llobregat River, Spain, no MP (> 20 μm) were reported from 

headwater locations, but concentrations increased downstream to 3.60 MP L-1 (Dalmau-Soler et 

al., 2021). This type of downstream change has previously been attributed to increasing population, 

https://www.sciencedirect.com/topics/earth-and-planetary-sciences/alluvial-plain
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urbanization, and anthropogenic activity, typically present along the flow length(s) of rivers (de 

Carvalho et al., 2021; Yuan et al., 2022). These trends therefore suggest a linkage between MP 

concentration and urbanization, given the increase in urbanization with distance downstream that 

has been documented in both our catchments. This linkage is further illuminated by the sub-

catchment analysis. A positive relationship was detected for MP concentration and degree of 

urbanization in sub-catchments of SBC downstream of S1. Though this relationship was not found 

for the sub-catchments of BC, the effect of urbanization was evident in both surface water and 

sediments, with a clear increase of MP concentrations at B10 where the stream emerges from 

Boulder Canyon and enters the urban area (Figure 4.4). This increase is maintained downstream of 

B10, with relatively consistent MP concentrations through the highly urbanized area (B10-B27). 

The effect of urbanization was further supported by assessment of the immediate 0.79 km2 buffer 

around sampling points, as this revealed a significant local impact of urbanization in surface water 

for both BC and SBC (S1 was excluded as an outlier), indicating that proximity to the source and 

human activities is a critical factor in driving MP concentration in this riverine environment. 

 Although data from both streams suggests a linkage between MP concentration and 

urbanization, the effect of urbanization can be further elucidated by directly comparing the two 

streams. Urban land cover in the BC catchment is approximately 3.1 times greater than that of SBC 

(Section 4.3.1), and the higher degree of urbanization in BC may be responsible for the higher 

surface water and sediment MP concentrations (Section 4.3.2). Further, the MP loading rate for the 

BC study reach is 4.2 times higher than for SBC (Section 4.3.3), in close agreement with the urban 

land cover ratio (3:1) and the ratio of loading rates for inorganic constituents considered in the 

larger study that coincided with this research (Runkel et al., 2022). 
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Sub-catchment contributions of MP to the receiving streams are formally quantified by the 

loading analysis. For the case of BC, three consecutive stream segments represent the dominant 

MP sources, with each contributing approximately one third of the MP load (B10-B24; Figure 4.3e, 

Section 4.4.3). The sub-reach encompassing these segments begins upstream of the City of 

Boulder, suggesting the presence of a margin around the urban area that is affected by the more 

populated area: i.e., access to numerous mountain homes and recreational activities is provided by 

a heavily travelled highway in the lower part of Boulder Canyon. The lower parts of this sub-reach 

are within the city proper, and water and sediment concentrations at its terminus are the highest 

concentrations observed in this study (B24, Section 4.3.2). 

 At SBC, higher sub-catchment contributions include S1 at the head of the study reach and 

stream segments downstream of Eldorado Springs. Although the surface water concentration at S1 

is high relative to other SBC sites, S1 is not in an urban area and its concentration is lower than at 

the urban sites in BC (Figure 4.4). The high MP concentration observed at S1 is likely attributable 

to its proximity to Gross Reservoir, where potential sources include recreational activities, water 

diverted from west of the continental divide, and a nearby road. Though atmospheric deposition 

has been reported previously for this study area and adjacent Upper Colorado area (Reynolds et al., 

2022; Wetherbee et al., 2019), the contribution to MP concentration is expected to remain equal at 

all sites, and is not believed to be the driving cause of the relatively high MP concentrations at 

S4.1. All stream segments downstream of Eldorado Springs contribute to the MP load, except for 

the segment ending at S9 (Figure 4.3f). This loading may also be associated with urban activities, 

with potential sources being areas such as Eldorado Springs, low-density housing upstream of S11, 

and highways and roads that cross SBC as it enters the plains. 
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4.5.3 The effect of diversions on MP concentrations, loads, and downstream transport 

The magnitude of flow diversions from BC and SBC results in large quantities of MP being 

removed from each catchment, despite the relatively low surface water concentrations observed in 

both streams. The diversion downstream of B19 removes ~90% of the water (Section 4.4.1) and an 

equivalent percentage of surface water MP from BC (a removal of 119 MP s-1: Figure 4.5). 

Similarly, the diversion below S1 removes ~95% of the water and MP (a removal of 376 MP s-1) 

from SBC, while the second diversion removes ~80% of the remaining water and MP (removing 

29 MP s-1, Figure 4.5). While many studies thus far have considered rivers as dendritic conveyor 

belts where plastics particle fluxes are converging along the transport from land to ocean with 

certain MP retention times (Hurley et al., 2018; Ockelford et al., 2020), this study’s quantitative 

load analysis suggests that water management may have a significant impact on MP fate, and the 

MP flux delivered to the ocean. The eventual fate of diverted MP depends on the diverted water's 

use. Water used as a source of municipal drinking water may result in the sequestration of MP, 

given the effectiveness of water treatment plants that remove 80-93% of MP (> 20 mm) from 

potable water supplies (Dalmau-Soler et al., 2021; Shen et al., 2020). In contrast, water diverted 

for agricultural purposes re-routs and disperses MP to the wider terrestrial environment, and these 

particles may be flushed back into streams in the long term. 
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Figure 4.5: MP Load (Yellow line), Diverted load (Dashed line) and Discharge (L s-1) shown for 

a) Boulder Creek and b) South Boulder Creek. 

Diversions may also have a large impact on MP concentration, fate, and transport in the 

downstream portions of these managed systems. Estimated MP water concentrations are calculated 

for sampling locations downstream of large diversions (Section 4.3.5) and are shown in Figure 4.3 
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c-d and Table 4.1. An example of this effect is B24, the site with the highest MP concentration 

recorded in this study. B24 is the first sampling location downstream of the large diversion on BC, 

and its concentration is roughly double that of all other BC locations, despite having a percent 

contribution to the total load that is comparable to the stream segments above the diversion and a 

loading rate that is lower (Table 4.1). This disconnect is explained by the large magnitude of the 

diversion; the estimated concentration at B24 in the absence of the diversion is similar to that of 

nearby sites and what appears to be an outlier is just an artifact of the flow regime. A second 

example of this effect is the large diversion on SBC below S1. With the diversion in place, most of 

the MP mass is diverted out of the system and what remains in the stream is more easily diluted by 

waters in the undeveloped portions of the SBC canyon. In the absence of this diversion, MP 

concentrations at the downstream locations would have the concentration signature of S1, as this 

large volume of water (and large amount of MP mass) would be relatively unaffected by the sources 

downstream (Figure 4.3d). 

Diversions also alter the hydrodynamic conditions of the downstream reach, potentially 

changing the fate of the MP traveling in the water column. In the case considered here, the diversion 

on BC causes a dramatic decrease in stream velocity, with a median velocity below the diversion 

(0.14 m s-1, B24-B28.5) that is roughly half the velocity above the diversion (0.26 m s-1, B1-B19; 

Appendix 3: Table S4.1). This decrease in velocity increases MP residence time in the stream 

segment, potentially resulting in increased settling of MP mass to the streambed. In addition, 

median stream depth decreases below the diversion (0.2 m, B24-B28.5; median 0.3 m, B1-B19), 

increasing the probability that MP will settle and become entrained in the streambed. The effects 

of these changes are evident in the loading analysis, with instream loads decreasing in two of the 
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three segments below the diversion (B27 and B28.5, Figure 4.3e). This additional loss of MP mass 

may be attributable to increased settling and retention in the streambed. 

In summary, little focus has been given previously to how water management activities 

affect MP transport downstream, and the effects have not been incorporated into global models to 

date. The total diverted load within this system was as high as 524 MP s-1, within 3.05 m3 s-1, or 

171.8 MP per m3, which is a significant finding given that the present study was conducted in a 

relatively remote mountain watershed over a short spatial scale. It has been estimated that in the 

year 2012, 241 km3 of water was diverted for the purpose of agriculture in North America alone, 

and 2670 km3 globally (Frenken, 2012). Using the value from this study (171.8 MP m3), an 

estimated 41.39 × 1012 MP particles > 63 µm are redistributed to the terrestrial environment in 

North America and as many as 4.59 × 1014 (or 459 trillion) MP globally. However, as the numbers 

for diverted MP used here are only representative of this relatively remote and clean system, this 

is likely a gross underestimation of the global total, as higher MP concentrations have been reported 

in lower order streams (up to 25.5 ± 3.5 MP L-1 in the Maozhou River) (Kumar et al., 2021; Wu et 

al., 2020). This implies that diversions located in more polluted systems will unavoidably carry 

and re-distribute more MP than estimated here, none of which has been integrated into global or 

regional MP models. In 2020, ~693 million m3 per capita of surface water was diverted globally 

for purposes of irrigation, industrial processes, and potable water (OECD, 2022), which has not 

been accounted for in any of the current global models. The models may therefore overestimate the 

total amount of MP flowing into oceans and simultaneously underestimate the quantity ending up 

in terrestrial ecosystems due to this re-distribution. 
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4.5.4 Advantages of the load approach 

The application of a loading analysis developed for metal contamination (Kimball et al., 

2002; Runkel et al., 2013) to an assessment of MP results in several advances in understanding the 

concentration and fate of this contaminant in streams and rivers. First, stream discharge 

measurements made at each sampling location allow for the development of longitudinal loading 

profiles (Figure 4.3e-f) that are in turn used to identify MP sources in a quantitative manner (Table 

4.1). This identification, based on MP load, cannot be done using concentration data alone. In the 

case of metal contamination from mining, the identified stream segments are further investigated 

to pinpoint specific inflows responsible for the mass loading (e.g., tributary inflows, small springs 

and/or groundwater). This follow-up activity is more complicated for MP, due to potential 

contributions from atmospheric transport (Wetherbee et al., 2019; Brahney et al., 2020; Sun et al., 

2022), a mechanism that is not a factor in the studies of metal loading upon which this work is 

based. As such, additional techniques may be needed to further elucidate MP sources. Second, the 

loading analysis allows for the identification of potential removal mechanisms, such as settling 

from the water column to the streambed. Third, our detailed analysis of the effects of diversions 

would not be possible without the quantitative loading approach. As shown here, the reduction in 

water volume due to diversions can result in a higher relative concentration of MP at a site, and 

locations with seemingly high concentrations can be erroneously considered hotspots if only 

concentration data is considered. Our analysis does in fact identify the site with the highest 

concentration as a hotspot (site B24, Section 4.4.3), but the associated percent contribution, loading 

rate (Table 4.1), and concentration in the absence of diversions (Figure 4.3c) indicate that this 

stream segment is no different from the stream segments immediately upstream. This suggests that 

some recorded hotspots in the literature may not be the result of increased input, but rather the 
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result of water diversions upstream of the sampling site. This finding could also have profound 

implications on studies of freshwater organisms, as these sudden changes in water volume could 

lead to higher local exposure, a factor that should be considered when assessing ecosystem health.  

Table 4.2. Microplastic (MP) total, diverted and cumulative loading rates for Boulder Creek (site 

IDs B1-B28.5) and South Boulder Creek (site IDs S1-S15). 

 

Site 

ID 

Distance 

from 

reservoir 

[m] 

Stream 

Discharge  

[L s-1] 

Total 

Diverted 

stream 

flow 

[L s-1] 

Surface water 

MP 

concentration  

[MP L-1] 

Observed 

(Obs) 

load  

[MP s1] 

Total 

Diverted 

(Div.) load  

[MP s-1] 

Obs + 

Div 

 [MP s-

1] 

Cumulative 

Obs + Div. 

load  

[MP s-1] 

Percent 

Contribution 

[%] 

Loading 

rate [MP 

s-1 km-1] 

No Div. 

Conc 

[MP L-

1] 

B1 3719 292 0 0.12 35 0 35 35 
  

0.12 

B3 9711 230 0 0.12 28 0 28 35 
  

0.12 

B9 18150 399 0 0.04 16 0 16 35 
  

0.04 

B10 19676 453 0 0.17 77 0 77 96 34% 40 0.17 

B12 22266 500 0 0.26 130 0 130 149 30% 20 0.26 

B24 26073 119 426 0.62 74 119 193 212 36% 17 0.35 

B27 27097 140 426 0.26 36 119 156 212 
  

0.28 

B28.5 28272 138 426 0.16 22 119 141 212 
  

0.25 
            

S1 1515 2485 0 0.16 398 0 398 398 
  

0.16 

S4 12319 179 2418 0.02 4 377 381 398 
  

0.15 

S6 13354 248 2350 0.06 15 376 391 407 25% 10 0.15 

S9 17352 293 2350 0.04 12 376 388 407 
  

0.15 

S11 18454 288 2361 0.08 23 376 400 419 29% 11 0.15 

S13 21952 300 2361 0.12 36 376 413 432 32% 4 0.16 

S14 23848 63 2598 0.14 9 405 414 433 3% 1 0.16 

S15 25630 81 2598 0.16 13 405 418 438 11% 2 0.16 
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4.6 Conclusion 

Our research revealed profound links between the degree of urbanization and MP 

concentrations, even in the investigated mountainous streams. More importantly, it highlighted the 

crucial role of water diversions on MP concentrations and loads, with over 500 MP s-1 or 171.8 MP 

per m3 being re-distributed from the stream network into the catchment and beyond due to 

diversions. Clearly, these findings highlight the importance of understanding river catchments as 

complex systems, rather than the dendritic model through which MP only converge downstream 

which underlies most existing models for the simulation of global plastic fluxes from terrestrial 

compartments to the ocean. Our findings demonstrate that we are only beginning to uncover the 

true complexity of how rivers contribute to global MP flows, and that anthropogenic impacts on 

water management practice such as river diversions can have substantial impact on MP fate and 

transport. 
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Figure 5.0 Graphical abstract 

5.1 Abstract 

Wastewater and sewage treatment works (WWTPs) have been described as a significant 

source of microplastic particle (MP) input into the aquatic environment. However, the impact of 

treated effluent on the temporal variability of riverine MP concentrations and MP loads 

downstream of WWTPs remains unclear. Here, the impact of the frequency of surface water 
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sampling on identified MP concentrations and load estimates were studied downstream of an 

WWTP which was identified as the major input source of MP to the stream. Fluorescent 

microscopy and Raman spectroscopy were used to quantify MP concentrations and identify 

polymer types, respectively. It was found that while MP concentrations could fluctuate within an 

hour over an order of magnitude, the relative composition of the polymer types remained largely 

unchanged. MP concentration was not correlated to the discharge at the site and temporal variability 

in MP loads was driven by MP concentration and/or discharge alone or simultaneously. This led to 

high uncertainty if the annual MP load would have been calculated by using a snap-shot MP 

concentration and annual discharge. These results highlight the importance of a mechanistic 

understanding of the hydrodynamic forcings of MP transport processes in a given river system, in 

order to determine the dynamics of MP concentration and load ranges and quantify the downstream 

transport. We recommend pre-monitoring reconnaissance campaigns to be conducted to 

characterise the system, mainly to identify relevant flow pattern, the optimal sampling frequency 

and duration to ensure representative sampling and thus more accurate predictions of trends and 

patterns on larger scale. 

5.2 Introduction 

Microplastics (MP) are small plastic particles (< 1mm) (Hartmann et al., 2019) that 

originate from the breakdown of larger plastic items via (photo)chemical, physical, and/or 

biological degradation (Corcoran et al., 2009; Mateos-Cárdenas et al., 2020), or are purposely 

generated directly at this specific size range (e.g., for use in cosmetics). They have been abundantly 

found in all aquatic environments, from the deep sea to the Arctic, including rivers (Bergmann et 

al., 2022; Bian et al., 2022; Bigalke et al., 2022; Ferreira et al., 2022; Kelleher et al., 2023; Kukkola 
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et al., 2022) and have been classified as a contaminant of concern (Lambert and Wagner, 2018) 

because of their negative environmental impacts and public health risk (Blackburn and Green, 

2022; Yuan et al., 2022). Early evidence suggests that MP can adsorb a range of environmental 

pollutants, including heavy metals or persistent organic pollutants (POPs), which may transfer into 

organisms after MP ingestion with the potential for biomagnification (Besseling et al., 2013; 

Brennecke et al., 2016; Mato et al., 2001; Wang et al., 2018). Further, MP host distinct microbial 

communities in freshwater, in comparison to their immediate surroundings, with seemingly more 

favourable potential for growth for known human pathogens, such as Arcobacter, which may pose 

an additional threat to humans and to ecosystem health (Kukkola et al., 2021; Yang et al., 2020). 

As rivers provide many ecosystem services for humans, such as water supply and tourism (Böck 

et al., 2018; Vári et al., 2022), understanding the sources, transport, and fate of MP is imperative 

to the study of rivers, especially as it has been shown that rivers not only transport MP towards the 

ocean but have the potential themselves to retain a significant portion of the MP for extended times 

(Drummond et al., 2020; Drummond et al., 2022; Krause et al., 2021; Margenat, 2021). 

Wastewater treatment plants and sewage treatment works (henceforth referred to as 

WWTPs) have frequently been reported as a major source of MP inputs to freshwater systems, 

despite removal efficiencies of > 90% for particles > 100 µm (Carr et al., 2016; Liu et al., 2021; 

Mani et al., 2015; Murphy et al., 2016; Sun et al., 2019; Wu et al., 2022). A recent review focussing 

on 38 different STWs across 11 countries estimated that the average daily MP emission from a 

typical WWTP is 5.00 × 105 - 1.39 × 1010 MP, depending on the treatment plant type (Liu et al., 

2021). In Germany WWTPs are estimated to emit up to 7 × 1012 MP (size >10 μm) annually 

(Schmidt et al., 2020), with similar estimates found for Australia (8.06 × 109 to 4.85 × 1010 MP, 
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size > 25 µm) (Ziajahromi et al., 2021). However, these annual load calculations are usually based 

on extrapolations from snap-shot sampling (i.e., single, or limited numbers of time points) that 

provide sparse and non-targeted data on MP concentrations which are then upscaled by combining 

them with daily or average annual discharge information (Liu et al., 2021, Ziajahromi et al., 2021). 

While such studies provide a first estimate of MP concentrations downstream of WWTPs, our 

knowledge on how MP concentrations and loads vary over time, for example, due to seasonal or 

daily changes in discharge or because of variations in MP release patterns in WWTP effluent, 

remains severely limited.  

To date only few studies have focused on establishing the temporal variability of MP in the 

effluent from WWTPs. Some studies have been investigating the seasonal variations of MP 

emissions from WWTP over the course of a year, limiting their analysis to four or five seasonal 

sampling occasions (Conley et al., 2019; Mak et al., 2020). The longest studies of WWTP outflow 

with respect to MP currently seem to be less than twelve consecutive months, with one study 

including weekly grab sampling of 30 L over nine months, as well as grab sampling of 100 L and 

24-hour composite samples over four months (Ben-David et al., 2021). Other studies sampled bi-

weekly for three months or roughly every two months over a ten-month period (Blair et al., 2019; 

Lares et al., 2018). Data on changes in MP concentrations downstream of WWTPs within one day 

are even more limited. For example, Watkins et al., (2019) obtained high-resolution data deploying 

a Neuston net for 10 minutes every 3h over a 2-day period at a set location downstream of an 

WWTP in Six Mile Creek and Fall Creek (NY USA), while Ruffell et al., 2021 collected one 24-h 

composite sample Canterbury region, New Zealand bi-monthly. The previous studies observed no 

significant difference in effluent treatment efficiency nor MP concentrations in outflows of WWTP 
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plants (Ruffell et al., 2021; Watkins et al., 2019). However, Watkins et al. (2019) reported higher 

MP concentrations during the dry low-flow conditions at Six Mile Creek and Fall Creek (NY, 

USA), hinting at potential hydrological control mechanism on the MP loading during periods of 

reduced dilution.  

This lack of combined long-term and high-frequency observations of MP concentrations 

hampers our understanding of the (drivers of) potential temporal changes of MP fluxes (loads) 

downstream of WWTPs, especially in cases where the WWTP effluent is not strongly diluted by 

upstream river water but constitutes a major or even the main local MP source. With the short-to-

long-term variations of MP concentrations downstream of a major WWTP point sources not having 

been established yet, it currently remains largely unclear which frequencies of observations carry 

the highest information content which would enable more accurate predictions of MP loads 

affecting downstream ecosystems and public health. There is therefore a requirement for higher 

resolution data, including assessment of short-term variability at locations where fluxes or MP 

inputs may vary within hours, as well as assessment of variability at daily, seasonal, and annual 

time scales. Integrating such multi-frequency knowledge will ultimately lead to better 

understanding of MP loading changes that are driven by less frequent and more irregular 

hydrodynamical changes. Additionally, representative sampling is a major prerequisite to be able 

to accurately estimate local downstream MP export as well as global plastic budgets, and to 

improve existing or develop new transport models that consider temporal aspects of downstream 

MP transport on regional and global scales (Miller et al., 2021; Weiss et al., 2021). Therefore, a 

more robust understanding of how MP surface water concentrations downstream of WWTPs can 
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potentially vary in time and to what degree this variability can be best captured by different 

frequencies of collecting samples is warranted. 

Here, we present time-dependent MP concentration data and analyse MP loads in the 

Eastcote Brook, UK, downstream of a WWTP. The WWTP effluent constitutes the only discharge 

source of the brook at the sampling location and is therefore assumed to be its major MP source, 

which allowed us to: i) quantify short-to-long term variability in MP concentration and load in a 

river with a known point source; ii) evaluate the impact of hydrological controls (discharge) on 

downstream MP transport, and iii) study the influence of different sampling frequencies (seasonal, 

monthly, weekly, and sub-daily) on identified MP concentration and load estimates from a single 

point-source. We discuss potential limitations associated estimating annual MP fluxes based on 

extrapolations from snap-shot sampling that is frequently being used in the literature. We will 

therefore establish to what degree current approaches carried out by multiplying snap-shot MP 

concentrations with mean annual discharge data are sufficient for capturing the broad range of MP 

loads and concentrations found in dynamic rivers with a major local point source, and whether in 

such environments, MP surface water sampling campaigns need to be planned according to the 

pattern and timescales of MP variability. 

5.3 Materials and methods 

5.3.1 Study site 

The study site (latitude: 52.419714, longitude: -1.704480) is a small tributary of the River 

Blythe called Eastcote Brook, with a drainage area of 2.06 km2. It is located east of Birmingham 

near Hampton-in-Arden (UK), in an agricultural area (Figure 5.1). The River Blythe later flows 

into the River Tame and then the River Trent, ultimately draining into the North Sea. The Eastcote 
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Brook originates at Barston WWTP in a previous osier bed and no flow exists upstream of the 

WWTP (confirmed by the WWTP operator and suggested by the hydrograph in Appendix 4: Figure 

S1). Barston WWTP is a sewage treatment plant equipped with a tertiary treatment system and 

sand filtration operated by Severn Trent Plc and serves a population of ~62,500. Influent water 

arrives from urbanised regions of South Birmingham and Coleshill. The WWTP includes a storm 

treatment stream (395 L s-1 Full Flow to Treatment), inlet screens, grit removal, followed by a 

proprietary treatment system NEREDA, Ferric dosing and a Mecana cloth filter. The sampling site 

was located approximately 800 m downstream of the WWTP. 
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Figure 5.1: Sampling location (black dot) and the Barston WWTP (grey dot) near Birmingham, 

United Kingdom. The arrows indicate stream flow direction. 

5.3.2 Field sampling 

A sampling that temporally nested different sampling intervals and durations was conducted 

over the course of one year (between April 1st 2021 and March 31st 2022) and consisted of four 
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seasonal (April 30th, July 26th, October 28th, January 26th), 12 monthly (collected in the last week 

of each month in general), and eight weekly sampling dates (2021 June 2nd, 8th, 15th, 22nd and July 

2nd 9th 15th and 26th). Additionally, a high-frequency campaign over 12 hours on each of four days 

was conducted, with 1-hour interval sampling sub-daily, comprising two weekdays (Tuesday and 

Wednesday, 15th & 16th June 2021) and two weekend days (Saturday and Sunday, 19th & 20th June 

2021). All samples, with the exception of sub-daily samples, were consistently collected between 

9 am and 11 am in an attempt to reduce any potential time-dependent fluctuation related to the 

operations of the WWTP. On the sampling dates 15th, 16th, 19th and 20th of June 2021, the surface 

water samples were collected every hour between 9 am and 8 pm, resulting in twelve hourly 

samples for each of the four sampling days. The four seasonal samples from the 12-monthly 

sampling were selected to reflect a common practise, whereby snap-shots are used to describe and 

upscale what is happening in a system at a given time to encompass the whole annual cycle. The 

last weeks of June and July 2021 were selected from the 8-weekly samples to represent the 

respective monthly sample, as monthly samples were all collected at the end of a month. 

During each sampling, 50 L of surface water was collected from the centre of the river, from 

the upper 20 cm of the water column using a 2 L jug and filtered in-situ through a 63 µm nylon 

mesh, from which the contents were then backwashed into 20 mL borosilicate glass vials using 

deionised (DI) water. All samples were collected in triplicate, which were treated separately. The 

volume of water collected was based on results of a pilot study and was chosen to provide a balance 

between capturing the inherit heterogeneity of the MP concentration and preventing clogging of 

the mesh with organic matter while achieving time sensitive sampling. All samples collected in 
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this study (n=204) were stored in a cooler and transported immediately after collection to the 

University of Birmingham where they were stored in a cold dark room at 6℃ before processing. 

Additional parameters measured in situ included stream flow velocity and electrical 

conductivity (EC). Flow velocity was obtained using a Sensa-RC2 (Aqua Data Services Ltd) 

electromagnetic velocity meter, from a predetermined and marked cross-section of the stream. For 

each 30 cm subsection (beginning at 0, marking the start of the bank), depth measurements were 

taken at the middle of the section and coupled with the average velocity measurement (averaged 

over 15 s) that was obtained by moving the velocity meter steadily up and down the water column 

between 20 and 80% of the stream depth. The total stream discharge was then calculated as follows: 

𝑄𝑄𝑡𝑡𝑡𝑡𝑡𝑡 = �𝑄𝑄𝑥𝑥 =  𝑣𝑣𝑥𝑥 × 𝑏𝑏𝑥𝑥 × 𝑑𝑑𝑥𝑥 

where, 𝑄𝑄𝑡𝑡𝑡𝑡𝑡𝑡 is the total cross-sectional discharge (m3 s-1), which is the sum of all sub-sectional 

discharges 𝑄𝑄𝑥𝑥, where 𝑥𝑥 indicates the sub-section, 𝑣𝑣 is the flow velocity (m s-1), 𝑏𝑏 is sub-section 

width (m), and 𝑑𝑑 is the sub-section depth (m). The electrical conductivity (EC) was monitored 

continuously using a Solinst level logger. The minimum, maximum, and mean WWTP effluent 

discharge was provided in 15 min interval data (L s-1) for the period between 15th and 20th June 

2021 by Severn Trent Plc, the Barston WWTP operating company and is shown in Figure S2. This 

data was used to confirm the relationship between the WWTP discharge and the stream discharge 

of the Eastcote Brook as the main drainage structure of the WWTP. 
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5.3.3 Laboratory analysis 

5.3.3.1 Sample Preparation, digestion, and staining 

MP collected as described in section 5.3.2 were extracted from the surface water samples 

following the methods and protocol described by Kukkola et al., (2023b/Chapter 4) and Nel et al., 

(2019). Briefly, each of the water samples were extracted by pouring the contents of the 20 mL 

vials onto a 63 µm sieve, after which the vials were rinsed several times (≥ 3 times) with DI-water 

into the sieve to ensure that all the contents of the vials were removed. Chemical wet peroxide 

oxidation was used to digest organic matter (OM) at a ratio of 1:10 (Margenat, 2021). 20 mL 30% 

H2O2 was used to backwash the contents of the sieve into 250 mL beakers, before adding 2 mL 

Fe2+ (aq) (0.05 M) as a catalyst. Samples were covered with loose aluminium foil lids, allowing for 

any heat/gas to escape to prevent any pressure developing, while avoiding airborne contamination, 

and then left for at least 24 hours at ambient room temperature to allow degradation of the OM. 

For Nile Red staining, the oxidised samples were first decanted through 63 µm sieves and 

backwashed into beakers with DI-water. A stock solution of 1 mg mL-1 Nile Red was added to 

bring the sample to 5 µg mL-1 Nile Red and left covered on an orbital shaker at 105 rpm (Grant-

bio, PSU-20i) to stain for one hour. The samples were then filtered via a glass vacuum-filtration 

system onto glass-fibre GF/D filters (Whatman, diameter 47 mm, pore size 2.7 µm) and rinsed with 

DI-water. Yellow goggles and UV-light were used to inspect the beaker and the funnel to ensure 

all visible particles had been removed. The filters were transferred into pre-labelled clean PP Petri 

dishes and dried for 24 hours at 50 °C. Storage in PP petri dishes were not expected to have any 

effect on the MP identification, as any possible contamination introduced from petri dishes would 

not have been stained with Nile Red and thus would not be counted. 
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5.3.3.2 Microscopy and MP identification 

Each filter was observed under fluorescence mode with a Macro zoom microscope (Olympus 

MVX-ZB10) with the settings described in the Appendix 4: S5.1 and further discussed in Kukkola 

et al., (2023a). Measurements for fluorescence intensity and photographs were taken with a DP74 

colour camera using the CellSens Software (Olympus). A set threshold of 100 fluorescence a.u. 

(arbitrary units) was used to select particles of interest under magnification of 32x for further 

consideration. Each putative MP was then observed further under bright-field (using a ring light, 

with 45 LED bulbs), with magnification of 63x (as suggested in Kukkola et al., 2023a) and had to 

comply with pre-set selection criteria via an identification key (Kukkola et al., 2023a). 

5.3.3.3 Chemical characterisation of MP 

For polymer identification, confocal Raman spectroscopy was employed. For each sampling 

event, a minimum of 40% (n = 729) of counted MP was analysed. These particles were transferred 

into clean glass vials with filtered DI-water (2.7 µm) with fine tweezers before being filtered onto 

Whatman Anodiscs (diameter 25 mm, pore size 0.2 µm) for further analysis. A Renishaw InVia 

Qontor Raman microscope equipped with a 785 nm laser was used for polymer identification with 

the detailed configuration provided in the Appendix 4 (SI5.2) and further discussed in Kelleher et 

al. (2023). For spectral matching, the fingerprint region of 650-1700 cm-1 was assessed for 

prominent peaks. The spectral peaks were exported into a custom Python script (Python 3.9) and 

using the Pandas and Numpy packages, peaks were matched to reference libraries using the Pearson 

correlation coefficient. The spectral library consisted of the SLOPP, SLOPP-E (Munno et al., 2020) 

and in-house built reference libraries. 
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5.3.4 QA/QC 

Field background samples (n = 12) were collected using pre-cleaned glass jars that were left 

open by the stream bank to identify any possible air deposition for the duration of the water 

sampling. To account for any contamination from the researchers conducting the sampling, sample 

handling and processing, fibre samples from personnel’s clothing were taken (n = 2). Researchers 

wore the same outer layer for each field visit throughout the sampling campaign, and any fibres 

matching the physical properties of the respective clothing fibres were excluded from the analysis.  

All solutions used were pre-filtered onto GF/D (2.7 µm) glass-fibre filters. All GF/D filters 

were burnt off at 500 °C for 5 hours prior use. All working surfaces were cleaned prior to and after 

sample handling with filtered 70% ethanol. Equipment was cleaned with detergent and rinsed with 

DI-water before and between usage. Glassware was used where feasible, and beakers were placed 

in a sonification bath (GT sonic-D9) for 10 min for further cleaning. Personnel wore 100% cotton 

laboratory coats and only cotton/wool clothes were allowed in the laboratory. Nitril gloves were 

worn when handling samples and aluminium foil was used to cover samples during procedures. 

Two procedural blanks were run for each extraction batch (ntotal = 20) using DI-water and were 

analysed following the same criteria as for the samples. 

From the 12 field background samples, three contained one clear fragment, indicating that air 

deposition or potential contamination was minimal at the site. In the 20 laboratory blanks, only one 

fragment and one black fibre (not on the same day nor filter) were found. These were not deducted 

from the final counts, as no black fibres with an identical diameter and properties were found from 

the filters processed the same day and the additional laboratory blanks for the same batch indicated 
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no contamination. It was concluded that based on that evidence, levels of contamination appear to 

be negligible and extremely random. 

5.3.5. Data analysis 

Normality of all data was assessed with a Shapiro-Wilk’s test and non-parametric tests were 

applied where data was not normally distributed. To evaluate whether MP size (measured as 

longest length) or MP concentration correlated with the average stream flow velocity (taken as the 

average of the three 30 cm mid-sections, which covered the stream segment where surface water 

samples were collected), stream total discharge or EC, the non-parametric Spearman rank 

coefficient (Rs) was used to assess direction and strength of any correlation.  

To compare MP concentrations between sampling occasions within temporal scales (4-season, 12-

montlhy, 8-weekly and 4-sub-daily), Kruskal-Wallis tests were applied, followed by Dunn-test 

with the Benjamini-Hochberg Procedure to reduce false discovery rates. In order to assess whether 

any of the hourly triplicates collected during the four 12-hour sampling frequency campaign were 

significantly different from the total daily mean, an Unpaired Two-Samples Wilcoxon Test was 

carried out. 

Student’s T-test was applied to assess the statistical significance of differences between MP 

concentrations, stream discharge and EC between weekdays and weekend days. Statistical analyses 

were carried out within RStudio (RStudio, Inc. R Core Team 2022). The significance threshold 

was set to α = 0.05. All values for MP concentrations are reported with mean and standard deviation 

(SD). 

The MP loads were calculated as 𝐿𝐿 = 𝐶𝐶𝑡𝑡𝑄𝑄𝑡𝑡𝑡𝑡𝑡𝑡,𝑡𝑡,  
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where 𝐿𝐿 is load (MP s-1), 𝐶𝐶 is the concentration of MP in the surface water (MP L-1), 𝑄𝑄 is the 

discharge (m3 s-1) and 𝑡𝑡 is the time/date of the measurement. MP concentration was scaled to MP 

per m3. For hourly load the L is adjusted by multiplying with 60 (seconds to minute) and the product 

multiplied with 60 (minutes to an hour). Though this calculation assumes homogeneous MP 

distribution for the whole river cross section, it is likely that different MP concentrations would 

have been found from different sub-sections with different flow properties and/or depths (Cowger 

et al., 2021). For the sake of simplicity, no modelling was applied here to correct for these 

parameters, and the loading rates presented in this study should be taken with some caveats. 

5.4 Results 

5.4.1 Variations in stream discharge 

Within the present study, the stream discharge downstream of the outflow of the WWTP was 

characterised by high temporal variability (Appendix 4: Figure S5.1). The discharge from the 

WWTP varied in a broad diurnal cycle, peaking twice a day at approximately 9.30 am and 9.30 pm 

(Appendix 4: Figure S5.2). However, within this daily wastewater release cycle, the variability 

between the minimum and maximum discharge varied between 30 and 200 L s-1, sometimes within 

only 15 minutes, underlining the high fluctuations in WWTP outflow. 

The stream discharge observed for the four seasonal samples ranged between 0.16 (26th July 

2021) - 0.31 m3 s-1 (30th April 2021), with the highest discharge occurring in spring and the lowest 

during the summer (Figure 5.2A). The variation of stream discharge obtained from the 12 monthly 

sampling dates ranged between 0.15 (18th August 2021) and 0.38 m3 s-1 (23rd March 2022), 

revealing a less clear seasonal pattern (Figure 5.2B). The weekly measured stream discharge ranged 

from 0.16 (26th July 2021) – 0.39 m3 s-1 (08th June 2021). The sub-daily measurements revealed 
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high variability in stream discharge, with rapid changes of as much as 0.20 m3 s-1 within just one 

hour (Figure 5.2D). T-test results suggested that the observed higher discharge during the two 

weekend-days as compared to the two-weekdays was statistically significant (t(46) = -4.32, p < 

0.001). For further details see Appendix 4: Table S5.1. 

 

Figure 5.2: Variations in stream discharge (m3 s-1) based on: A) 4-seasonal samples (April 30th, 

July 26th, October 28th, January 26th), B) 12 monthly samples (collected in the last 2 weeks of each 

month), C) 8 weekly samples (2021, June 2nd, 8th, 15th, 22nd and July 2nd, 9th, 15th and 26th) and D) 

4 days with sub-daily 12-hour interval sampling, with two weekdays (Tuesday and Wednesday, 

15th & 16th June 2021) and two weekend days (Saturday and Sunday 19th & 20th June 2021). Grey 

background indicates the extent of the range for each sampling frequency and black error bars show 

the standard error. 
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5.4.2 Variations in MP properties 

MP were identified in all samples collected throughout the observation period. Overall, 

clear/colourless was the most frequently assigned colour-type category recorded (46.3% of total) 

and stained/pink was the second most dominant category (21.7%), followed by black (9.7% which 

were exclusively fibres) and white (5.0%). The colour composition of different MP did not correlate 

with the sampling frequency (Appendix 4: Figure S5.3). 

Fragments represented the dominant morphology type of observed MP (73.2%) with 26.5% 

being fibres and only 0.3% spheres. A similar composition of MP morphologies was observed for 

the 4 seasonal, 12 monthly and sub-daily samples, however, the eight weekly samples revealed a 

change in the relative abundance of fibres from the end of June towards the end of July. The relative 

proportion of fibres increased from 30% on 22nd of June to 57% on 15th and 26th of July (Appendix 

4: Figure S5.4). 

According to a Kruskal-Wallis test, no significant difference in MP sizes amongst different 

sampling frequencies was found. The average MP size of fragments for all samples was 283.8 µm 

and 1378 µm for fibres (for details of the size distribution see Appendix 4: Figure S5.5). 

From the particles identified as MP and picked for chemical identification (n = 729), 

88.75% were confirmed as plastics. For fibres, acrylic represented the dominant polymer category 

across the sampling regimens, followed by nylon, polylactic acid (PLA), polyethylene (PE) and 

polystyrene (PS) (Figure 5.3). For fragments, acrylic was the dominant polymer type across all 

sampling regimens, and was followed by PLA, polyethylene terephthalate (PET), PS and PE (for 

detailed breakdown of polymers by sampling campaign, see Appendix 4: Figure S5.6). 
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Figure 5.3. The percentage and number of identified polymers by composition for all of the 

positively identified MP particles in this study, grouped by A) Fibres and B) Fragments. 

5.4.3 Variations in MP concentrations 

Mean MP concentrations and the ranges observed during the seasonal sampling were 

compared to results obtained from the 12-monthly, 8-weekly, and sub-daily sampling campaigns 

to determine the influence of MP sampling frequency on the characterisation of the dynamics of 

stream concentrations and loads. 

The 4-season sampling showed a significant difference in MP concentrations between the four 

seasons (Chi squared = 9.842, p = 0.019), with the highest concentration recorded during summer 

on 26th of July 2021 (0.55 MP L-1) and lowest in spring on 30th of April 2021 (0.14 MP L-1) (Figure 

5.4A). The mean MP concentration for this sampling frequency was 0.307 ± 0.153 MP L-1. 

For the one year long monthly sampling period, the range of observed MP concentrations 

was similar to the seasonal sampling: between 0.14 and 0.55 MP L-1 (Figure 5.4B) with a mean of 

0.244 ± 0.104 MP L-1. The biggest difference in the monthly sampling was found between July and 
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April as well as December sampling times (Chi squared = 22.386, p = 0.021). For the 8-weekly 

sampling period, MP concentrations ranged between 0.20 and 0.63 MP L-1 (Figure 5.4C), with a 

mean of 0.371 ± 0.146 MP L-1. A small increase during the weekly sampling was observed between 

June and July, with the highest mean MP concentration recorded on 15th July 2021. This was 

significantly higher than MP concentrations observed on June 2nd, June 8th, June 22nd, and July 2nd 

(Chi squared = 19.2, p = 0.007). 

With the sampling frequency increasing to the sub-daily sampling, high variability was 

observed between the days and the hours sampled. In general, the average MP concentration 

seemed to increase between 9-10 am and between 7-8 pm (Figure 5.4D), but no other trends were 

identified. When the total mean of the day(s) was considered, there was no significant difference 

between the four days (Chi-squared = 4.77, p = 0.189) and the average MP concentration were 

0.228 ± 0.055 (15th June), 0.197 ± 0.053 (16th June), 0.239 ± 0.053 (19th June) and 0.197 ± 0.041 

MP L-1 (20th June). The mean for the four days was 0.216 ± 0.054 MP L-1. According to a T-test 

there was also no significant difference between the MP concentrations on weekdays and the 

weekend (t(142) = -0.399, p = 0.689). 

To assess how the MP concentrations determined based on hourly samples differed from 

those derived based on the entire 12-hour mean on the four sub-daily sampling days, the mean of 

each hour was compared to the mean of the whole day. On the 15th June, only one hour provided 

concentrations that were significantly different from the daily mean (4pm, p = 0.018). On the 16th 

June, two hours were slightly significantly different from the daily mean (4pm, p = 0.067 and 8pm, 

p = 0.067). For the 19th June, only 1 hour was marginally different from the daily mean (3pm, p = 
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0.080) and for the 20th June there was one significantly different (2pm, p = 0.040) and three slightly 

significant (11am, p = 0.079, 1pm, p = 0.055 and 5pm, p = 0.070) from the daily mean. 

There was a significant difference between MP concentration of different sampling frequencies 

(Chi squared = 47.2, p = 0.040), with the pairwise post-hoc Dunn test suggesting that this was only 

significant between 8-weekly and sub-daily sampling frequency (p = 0.014). 
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Figure 5.4: MP concentration in surface water (MP L-1) as obtained from: A) seasonal sampling 

(4-seasons), B) monthly sampling (12-months), C) weekly sampling (8-weeks) and D) sub-daily 

sampling (12 hourly intervals over 4 separate days). 

5.4.4 Variations in MP loading 

The average MP load (MP h-1) determined through the different sampling frequencies was 

not significantly different statistically (chi-squared = 66.874, p = 0.378). However, the observed 

range between minimum and maximum MP load became wider with different sampling 

frequencies, revealing high variability being present within MP loads (Figure 5.5). 

The average MP load for the 4-season sampling regimen was 204,818 MP h-1 with the 

highest load occurring during the summer 305,136 MP h-1 (Figure 5.5). Seasonal sampling revealed 

the tightest range of all the sampling frequencies with the minimum load being 156,719 and the 

maximum load being 305,136 MP h-1 (Figure 5.6).  

The average MP load identified based on the 12-month sampling regimen was 224,897 MP h-1 with 

a range between 124,183 and 384,076 MP h-1 for different months. This range was wider than that 

identified by seasonal sampling, suggesting that the seasonal sampling did reveal less of the actual 

variability in MP loads occurring over the year. Some of the largest identified loads coincided with 

the highest stream discharges, although the month of July (26th July 2021) was characterised by a 

high load despite a relatively low stream discharge (0.16 m3 s-1) (Figure 5.5, Figure 5.2).  

The average MP load determined by the 8-week long weekly sampling was 387,542 MP 

per h-1 with a range between 229,409 MP h-1 and 675,677 MP h-1. Here again, the range identified 
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by weekly sampling was wider than that revealed by the 4-season or the 12-month sampling 

regimens. The weekly sampling furthermore revealed an increasing trend of MP loads for the first 

three weeks of July (Figure 5.6), with values clearly above the annual average during these three 

weeks (Figure 5.5). 

The highest (sub-daily) sampling frequency revealed even higher fluctuation in MP loads, 

with one order of magnitude differences being observed within a single day (15th of June) (Figure 

5.5). For the weekdays, the range of MP loads on the 15th of June varied between 85,691 and 

323,365 MP h-1 with an average of 186,598 MP h-1 and for the 16th of June the range of observed 

MP loads was between 101,806 and 273,200 with an average of 175,745 MP h-1. For the weekend, 

the range of the MP loads on the 19th of June was between 93,343 and 425,931, with an average 

load of 267,197 MP h-1. On the 20th of June the MP load ranged between 127,082 and 382,574 with 

an average of 251,232 h-1. The sub-daily sampling also suggested that the weekdays (15th and 16th 

June) were characterised by lower MP loads, (average 186,598 MP per h-1 on the 15th June, and 

175,745 MP per h-1 on the 16th June) than weekend days (267,197 MP per h-1 on 19th June and 

251,232 MP per h-1 on 20th June), (t(46) = 3.212, p = 0.002). 
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Figure 5.5: MP loads as MP per hour (#MP h-1) for: A) seasonal (4-seasons), B) monthly (12-

months), C) weekly (8-week period in June-July 2021) and D) sub-daily sampling (hourly for the 

15th, 16th, 19th and 20th June 2021), the error bars represent the standard deviation of the triplicate 

samples and the dashed line shows annual mean calculated based on the 12-monthly sampling 

(224,897 MP h-1) 
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Figure 5.6: Bar chart showing minimum and maximum ranges and mean MP load per hour for the 

different sampling regimens. Green bars on show minimum, orange in the middle maximum and 

purple the mean load. Note that sub-daily has been also depicted as individual days (15th, 16th, 19th 

and 20th of June). 

5.4.5 MP relationships with stream hydrological parameters 

Microplastic concentrations were compared to stream hydrological parameters in order to 

assess relationships that indicate source or transport controls of the observed MP dynamics. Stream 

electrical conductivity (EC, measured in µS/cm) as a potential indicator of the concentration of 

released wastewater exhibited no clear seasonal trend but was negatively correlated with the stream 

discharge at the times of sampling (Rs = -.35, p < 0.001). However, EC was not correlated with 

MP concentrations (Rs = .01, p = 0.862). The stream discharge was not correlated with the observed 

MP concentration (Rs = -.257, p = 0.418) or recorded MP sizes (Rs = .10, p < 0.001). Flow velocity 
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did not correlate with MP concentration in the stream either (Rs = -.10, p = 0.555), nor with MP 

sizes spectra (Rsvel = .08, p = 0.002). 

5.5 Discussion 

5.5.1 High variability in stream discharge linked to WWTP outflow 

The highly variable stream discharge observed at the field site could be attributed to the 

fluctuating WWTP outflow, with difference of minimum and maximum discharge within 15 min 

being as high as 200 L s-1. This type of discharge variation isn’t unusual in particular in highly 

responsive headwater streams and similar variability in flow regimes can be found in other urban 

as well as more natural streams. Depending on the specific catchment conditions, variability in 

stream flow can be driven by shorter term weather events, human influence (such as water 

management) or seasonal variability (e.g., snowmelt) (Bookhagen and Burbank, 2010, Gribovszki 

et al., 2010). Our results highlight the impact of stream flow variability on the differences in 

calculated MP loads, underlining the importance of adequately covering representative MP 

sampling for different flow conditions. This includes consideration of existing flow dynamic 

data/conditions and pre-existing mechanistic system understanding should inform decisions about 

any MP sampling design. 

The present study allowed for a first assessment of the variability of MP during a variety of 

sampling regimens to answer the question of MP concentration consistency and site representation 

based on different sampling frequencies. This particular study site provided a unique opportunity 

to observe the variation in MP concentrations downstream of a known point source in absence of 

any other major sources of MP or discharge that could have caused interference with the MP signal. 

The MP counts obtained here (0.244 ± 0.104 MP L-1, > 63 µm) were slightly lower than previously 
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reported from other waste water influenced sites in studies with similar limit of detection (e.g., 

0.59 ± 0.22 MP L-1 (> 50 µm) (Yang et al., 2019), 2.5 ± 0.3 MP L-1 (> 63 µm) (Magni et al., 2019) 

and 1.97 ± 0.05 MP L-1 (> 20 µm) (Ben-David et al., 2021). Some of these differences could be 

related to the size cut-off limit, as smaller MP are more abundant than larger ones (Ben-David et 

al., 2021), while some of the differences could also be related to the specific WWTP type, as 

removal efficiencies have been reported to vary between treatment types and WWTP operation 

(Cristaldi et al., 2020, Iyare et al., 2020). Another potential factor explaining the differences to 

previous studies could be that the sampling location in this study 800 m downstream from the 

outflow point, contrary to previous studies that sampled directly at the source of the outflow. While 

no additional MP sources were present in that section, MP transport and potential accumulation 

could have been affected by several different transport and sedimentation processes (e.g., settling, 

burial, hyporheic exchange, resuspension, bedload transport etc.), causing the respective MP 

concentration to decrease (Waldschläger et al., 2022, Drummond et al., 2020). 

5.5.2 Stream characterisation requires temporally varied sampling 

Snap-shot sampling as it is carried out in most freshwater MP studies provides insights into 

the specific status of an investigated system at a given time and location. Our results reveal that for 

conditions as the single source dominated study site, seasonal and even monthly or weekly 

sampling regimes may be insufficient to capture a representative range of MP concentrations. 

Seasonally, MP concentrations appeared to be highest in July when considering only seasonal or 

monthly sampling intervals (Figure 5.5). Analysis of weekly sampling indicated a slow increase of 

MP concentrations from June towards the end of July (Figure 5.5), However, even higher frequency 

sampling (sub-daily) suggested that this trend could have been observed by pure chance rather than 
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being a true increase: despite the sampling taking place consistently between 9 am - 11 am, the 

sub-daily data suggested that MP concentrations at the field site could fluctuate by as much as five 

times for samples collected only one hour apart. This highlights the risk of misinterpretations when 

generalising from the seasonal or monthly sampling results alone and regardless of the consistent 

sampling time. The large variability in MP concentrations observed throughout the day may have 

huge implications for load estimations, source evaluation and most importantly the effect that this 

has on MP transport downstream. Similar sub-daily variation has been reported previously from 

wastewater effluent where 3h intervals were analysed (Talvitie et al., 2017). The MP concentrations 

fluctuated during one day with an order of magnitude, however, as only one day was sampled, it is 

impossible to draw any conclusions, whether any re-occurring trends would be present (Talvitie et 

al., 2017). Similar behaviour has previously been described for pharmaceuticals and personal care 

products and other micro-contaminants, which were characterised by high heterogeneity and 

considerable short-term variations in pollutant loads at sewage outflows (Ort et al., 2010a, Ort et 

al., 2010b, Johnson et al., 2008). To further the complexity of the sampling, the MP concentrations 

measured here were not correlated with the stream discharge, average flow velocity or EC, 

suggesting that the MP concentrations were unlikely to be solely controlled by release of 

concentrated effluent discharge from the WWTP. Furthermore, the MP polymer composition did 

not vary significantly, regardless of the sampling frequency, suggesting that the type of MP output 

from the WWTP is temporally consistent. It is possible that MP concentration changes were at least 

in parts controlled by variability in WWTP operation and the treatments plant’s efficiency to 

remove MP from effluent or reflect differences in the input concentration of MP. Further studies 

analysing the impacts of WWTP plant operations on variability in effluent MP concentrations as 
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well as temporal variability in MP inputs into WTP could help to provide better understanding of 

the driving mechanisms of MP dynamics downstream dominant pollution sources. 

5.5.3 The range of MP loads is important for characterising downstream export dynamics 

Interestingly, the average MP load calculated based on the different sampling frequencies 

remained remarkably similar throughout the observation period. The range of identified MP loads 

was larger for higher sampling frequencies. This variability in calculated MP loading was a 

consequence of a combination of the high variability observed in both the MP concentration and 

stream discharge, with the range of both parameters increasing with higher sampling frequency. 

Discharge and MP concentrations were not correlated within the field site. Different mechanisms 

affected the MP load at different times in this system: load could be driven by discharge and/or MP 

concentration. For instance, during the 8-week frequency sampling, the July MP concentrations 

were all high (Figure 5.4). However, the MP load was high for only the first three weeks (Figure 

5.6) and dropped on the last week of July (26th July 2021). This was despite the MP concentration 

being the second highest for this sampling frequency (0.55 MP L-1). This example highlights the 

interactions of the two governing mechanisms working in the investigated stream system: for the 

first three weeks of July the MP concentrations were the main driver for MP loading and during 

the last week of July the MP load was mainly controlled by stream discharge. As the 26th of July 

2021 was also a datapoint that was pre-chosen to represent the summer season for the 4-season 

frequency, by chance, this would have led to an interpretation of summer having a lower MP 

loading than other seasons. This high variability between individual days highlights that the choice 

of an individual date as being representative for an entire season comes with large uncertainties 
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and it is imperative to capture the discharge at the sampling time in order to fully realise the 

dynamics of the study system. 

Sewage outflow is often branded as a continuous ‘hotspot’ for MP pollution at local scale 

(Yaseen et al., 2022, Bretas Alvim et al., 2020) and typically annual MP load estimates are based 

on the multiplication of annual discharge with observed MP concentrations at a given sampling 

time (e.g.,Carr et al., 2016, Murphy et al., 2016, Gies et al., 2018, Mintenig et al., 2017). Here, 

based on the load calculation of different sampling regimes presented in section 5.4.4, we show 

MP loads ranging from 85,691 MP h-1 up to 675,677 MP h-1 (Figure 5.7). The changes in the range 

of MP loads over the 12-hour period of hourly sampling suggests that depending on the time of the 

day when sampling occurred, the annual load estimation based on a snapshot multiplied by the 

annual discharge could, in this specific system, result in over or underestimation of MP loads by 

up to 3.8 billion MP. The rapid changes in MP loading throughout the day suggest that rather than 

acting as a continuous MP release, the WWTP outflow creates MP pulses at the site, with different 

loads of MP being transported downstream at different times. Furthermore, the observed rapid 

changes in MP loads will not only have local scale effects but will also have wider implications in 

the rest of the river network as these MP load ‘pulses’ travel downstream with unknown 

consequences for ecosystem and biotic health and exposure downstream. It is therefore imperative 

to investigate whether this type of ‘pulses of MP’ are present at other types of WWTPs and other 

scales of streams and rivers, and with different combinations of point and non-point sources of MP 

and to assess their potential effect on local exposure risks. 
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5.5.4 Implications and future research 

WWTPs have previously been referred to as important and steady sources for MP (Bretas 

Alvim et al., 2020, Murphy et al., 2016, Wu et al., 2022, Yaseen et al., 2022), at this field site, 

snap-shot sampling was not sufficient to capture the true MP concentration fluctuations in the 

WWTP outflow and instead of acting as a steady MP source, the WWTP created MP blooms 

travelling downstream. As this is the first study where the discharge and MP concentrations were 

compared in a stream where a WWTP acts as the sole MP source, it cannot be excluded that this 

type of fluctuation also occurs at other WWTP sites and has simply not been noticed due to lack of 

sampling. Further studies with high-temporal scale at different WWTPs, ideally at sites with 

negligible upstream water source to avoid dilution effect, are required to gain full understanding of 

how MP concentration fluctuates in outflow in the course of a single day. 

Within the investigated freshwater system, the high variability in both discharge and MP 

concentrations resulted in a high variability in MP loads downstream of the WWTP. If these 

changes are not quantified through accurate sampling strategy, this is likely to have consequences 

on local risk assessments and when estimating any local exposure and the consequent risk for the 

receiving ecosystem. The results from this study (see Appendix 4: S3 and Figure S7), suggest that 

in the investigated system it would require five hourly samples / day (Appendix 4: Figure S7), to 

capture the variability of the MP concentrations at the site. Furthermore, recording accurately the 

stream discharge is imperative, as this will allow more precise MP load estimations to be calculated, 

which will enable the transfer from local exposure estimations (MP concentrations at given time) 

towards more predictive downstream consequences (MP loads). For example, the sub-daily 

sampling revealed an increase of 276,000 MP h-1 within 1 hour. These swift changes in MP loads 
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to downstream should be included in local risk assessments, as they inherently will affect MP 

exposures downstream, with the potential for MP ‘pulses’ having unknown effects on biota and 

ecosystem health. Previous work has suggested that moving from areas of high to low flow can 

lead to deposition of MP to the sediment (Tibbets et al., 2018), so these pulses might also lead to 

accumulation of MP at the lower energy sites at River Blythe. 

We recommend that in order to obtain better understanding of the actual contribution of 

different types of WWTPs to MP concentrations and loads in freshwater streams, and to understand 

if the MP load ‘pulses’ observed here occur also at other WWTP sites, introduction of a pre-

monitoring campaign/pilot studies could be implemented. This would include discharge, velocity 

and the MP concentration in the effluent being monitored through the daily outflow pattern in order 

to understand their variability and thus to determine, the minimum sampling frequency needed to 

provide a reasonable representation of the MP concentration. This would lead to better planning 

for the overall study and maximise the effectiveness of the final sampling campaign and can help 

to avoid the collection of nonrepresentative samples as well as aid in local exposure assessments 

based on the resulting snap-shot data. 
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6.1 Abstract 

Microplastics (MP) are a global concern and developing accurate risk assessments requires 

understanding of MP sources and their transport mechanisms. This study aimed to identify 

transport mechanisms in two catchments, one with a well-defined point source (Eastcote Brook, 

downstream of a sewage treatment works) and the other with an urban diffuse source (Bourn 

Brook). MP concentrations were determined via fluorescent microscopy following extraction from 

both sediment and surface water. Despite the point source having a small hydrological catchment, 

it also exhibited an urban signal, indicating that this site could not be defined by its natural 

catchment. MP loading was dominated by the point source and was less dependent on the stream 

discharge, highlighting the point-source and water management activities as the drivers of the 
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loading in this case. However, at the diffuse source site, discharge and MP load exhibited strong 

correlation, suggesting hydrometeorological source activation (e.g., rainfall events) as the major 

driver. The results offer important evidence on how different source types are activated and thus 

influence MP concentrations and loadings at specific sampling timepoints and provide a necessary 

first step for better understanding of catchment wide source and MP load assessments. 

6.2 Introduction 

Microplastics (MP) are historically defined as plastics smaller than 5 mm (Thompson et al., 

2004, GESAMP, 2016) or, more recently, smaller than 1 mm (the size definition used here) 

(Hartmann et al., 2019) and are ubiquitous in all environmental compartments globally, including 

rivers (Samandra et al., 2022, Kukkola et al., 2022, Bergmann et al., 2022, Campanale et al., 2020, 

Evangeliou et al., 2020, Yuan et al., 2022). Research into their behavior, transport and effects in 

freshwater environments has received increased attention over the last decade, yet open questions 

on their distribution and sources remains (Krause et al., 2021, Ateia et al., 2022, Xu et al., 2020). 

River environments are of particular interest, as it is becoming ever more apparent that MP 

transportation within river networks and environments is far more complex than previously thought 

(Bank and Hansson, 2022, Horton and Dixon, 2018, Margenat, 2021). Rivers can act both as a 

source for MP transport from terrestrial sources to the global oceans or as a sink trapping MP for 

extended timescales, depending on the prevailing hydrodynamic conditions (e.g., settling and 

resuspension) (Drummond et al., 2022, Drummond et al., 2020, Krause et al., 2021, Hurley et al., 

2018, Dhivert et al., 2022). Rivers can also redistribute MP back to the terrestrial environment 

during either high flow events that re-disperse sediment, such as during severe weather events 

(Hurley et al 2018), or due to water management, where water is diverted back to the environment 
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(Kukkola et al., 2023b). MP also can cause adverse effects on freshwater organisms and have 

detrimental consequences for ecosystem health (Anbumani and Kakkar, 2018, Kukkola et al., 2021, 

Sun et al., 2021, Triebskorn et al., 2019) making the study of their transport mechanisms, which 

determines their accumulation sites and vulnerable ecosystems, vital if realistic local risk 

assessments are to be made. 

The development of risk assessments requires quantification of the presence/abundance of 

MP and assessment of their respective source(s) and transport mechanisms including evaluation of 

their relevance or relative contribution. On this basis, an extensive understanding of how MP move 

within river networks can be obtained. This includes the direct mapping of MP contributions from 

different source-types to identify the controlling transport mechanisms, which contribute to MP 

release and their potential agglomeration in the river environment. MP (and other pollution) sources 

are classified into two broad categories: point and non-point (diffuse) sources (Krause et al., 2021, 

Horton et al., 2017). Point-sources, such as outflow (effluent) from sewage treatment works 

(WWTP) have been suggested to have more significant local impact than diffuse sources, due to 

expected higher local concentrations than those resulting from diffuse sources which include runoff 

from roads and atmospheric deposition (Krause et al., 2021, Horton et al., 2017). However, some 

evidence suggests that the local MP release estimations from WWTPs may have uncertainty 

associated with them, depending on sampling frequency (Chapter 5), the site and time of sampling 

(Cristaldi et al., 2020, Iyare et al., 2020). Further, studies have reported widespread presence of 

MP in rivers without point-sources present, hinting to the relatively high importance of diffuse MP 

sources. Close proximity to high anthropogenic activity areas, such as cities and industrial areas 

has been cited to increase the MP concentrations in rivers (de Carvalho et al., 2021, Peters and 

Bratton, 2016, Chen et al., 2021), though anecdotally, similar concentrations of MP has been 
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reported in WWTP outflow (Stanton et al., 2020, Wang et al., 2021), suggesting that the relative 

significance of these two source types in terms of MP loads downstream are yet to be determined. 

To further complicate the reliable estimation of MP sources and transport mechanisms, field data 

for MP transport and the control mechanisms from diffuse sources is  severely lacking (Meng et 

al., 2020, Campanale et al., 2022), with not enough studies quantifying the relative importance of 

this source-type. By definition, diffuse sources cannot be pinpointed, but rather are the result of the 

activities occurring in the hydrological catchment of the sampling location at a given time. 

Delineating the hydrological catchment for the sampling location and comparing the land use 

within the catchment to the MP distribution has gained attention as a potential way to measure 

diffuse source activity, though this is typically limited by the resolution of the land use and/or 

population density data (Bond et al., 2022, Matjašič et al., 2023, Dai et al., 2022). Furthermore, 

effects of water management activities (e.g., diversion of water for agricultural, or potable water 

use etc.) are often overlooked, and if these exists within the catchment being studied, the effects of 

these on the MP signal downstream are not always clear (Kukkola et al., 2023b/Chapter 4). Further, 

when a point source effects are being measured, this is often done by measuring the relative 

difference between MP concentrations up/downstream from the WWTP activity, though other 

sources might exist in the catchment area (e.g., Matjašič et al., 2023, Margenat, 2021, Estahbanati 

and Fahrenfeld, 2016). No studies currently exist where the sole contribution of point or diffuse 

source effects on MP concentrations in rivers have been isolated and compared, or the degree to 

which transport and/or source controls the MP distribution in rivers with well-defined source types. 

To begin bridging this knowledge gap and to develop primary mechanistic understanding 

of how the different potential MP sources in urban catchments with different characteristics may 

get activated and contribute MP to rivers, we present here a year-long study deploying a paired 
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catchment approach that compares two contrasting urban river catchments with different MP 

source characteristics in terms of their surface water MP dynamics. While one of the catchments is 

characterized by a diverse range of potential sources that are likely to create diffuse inputs into the 

river network, the other catchment is dominated by a known point-source (an WWTP) as the likely 

MP source of that river. Our comparative analyses aim to: 

1) Establish the temporal dynamics of MP concentrations in the water column and sediment of both 

river catchments;  

2) Evaluate the relative impact of hydrometeorological controls on MP concentrations and loads 

transported out of the two river catchments;  

3) Identify differences in transport behaviors and potential MP signatures at both sites in relation 

to MP source type 

6.3 Materials and methods  

6.3.1 Study sites 

The two study sites are located in the West Midlands, UK in low-order streams (Figure 

6.A1 and 6.A2). The point source study site was located in the Eastcote Brook (henceforth denoted 

as “EB”) stream near Hampton-in-Arden (UK) (latitude: 52.419714, longitude: -1.704480) with a 

catchment area of 2.1 km2, (Figure 6.1B) and flowing into the River Blythe. The sampling site was 

approximately 800 m downstream from a large sized sewage treatment works (WWTP) equipped 

with a tertiary treatment system and sand filtration (Severn Trent Plc.) and with service population 

of 63,500. It was considered that all of the stream flow originated from an outflow from the WWTP 

point source. For further details and justification see Chapter 5. At EB, the dominant land use type 

was arable and horticulture (41.9%), followed by grassland (32.8%). 
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The diffuse source sampling site was located at a small urban headwater stream, Bourn 

Brook (BB), Birmingham, UK (latitude: 52.447108, longitude: -1.931416) with a drainage area of 

17.4 km2 and with a permanent resident population of 76,102 (2011 Census, Office for National 

Statistics) The stream source is located approximately 4.8 km upstream in a semi-natural woodland 

area, though at the sampling site urban and suburban land use dominated most of the drainage area 

with 62.3% of the land use classified as suburban and 10.6% as urban (Figure 6.1C). Several storm 

sewer systems exist in the drainage area, diverting water from the roads/pavements into the BB 

(Carstea et al., 2010, Khamis et al., 2017), making this site particularly well suited for diffuse 

source monitoring, as it is expected that due to the mainly paved catchment characteristics, MP 

within the catchment will end up in the stream due to runoff. 

 

Figure 6.1: Maps showing the sampling locations in the context of the United Kingdom (A1) and 

the city of Birmingham (A2). Map B shows the point-source EB and map C shows the diffuse 
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source catchments and the respective land use obtained from the UK Centre for Ecology & 

Hydrology for 2020. 

6.3.2 Field sampling 

The sampling was conducted over a one-year period (1.4.2021-31.3.2022) and comprised 

of 12 monthly samples for both sites, collected during the last two weeks of each month), whereby 

both sites were visited within 5-day window. 

Water sampling followed the protocol described in Kukkola et al., 2023b/Chapter 4, with 

some modifications: At each sampling occasion, three individual 50 L surface water samples were 

collected from the centre of the river and filtered in-situ over a 63 µm nylon mesh, from which 

each of the contents were transferred into a clean 20 mL glass vial using deionised water (DI-

water). Additionally, three sediment samples were collected, in a triangular manner, with the 

central point always being the middle of the stream and the two sides being near the left and right 

banks (see schematic in Appendix 5: Figure S6.1). For each sediment sample, sediment ~5 cm 

depth was scooped into a pre-cleaned glass jar, which was only opened under water. All samples 

(nwater = 72, nsediment = 72) were transported immediately to the University of Birmingham where 

they were stored in the dark in a cold room (+ 6 ℃) before processing. 

Additional hydrological parameter included flow velocity to obtain average stream discharge at the 

time of sampling. Flow velocity was obtained using a Sensa-RC2 (Aqua Data Services Ltd) 

electromagnetic velocity meter, from a predetermined and marked cross-section of the stream. For 

each 30 cm distance (beginning of 0, marking the start of the bank), depth measurements were 

taken and coupled with the average velocity measurement (averaged over 15 s), allowing the total 

stream discharge to be calculated as follows: 
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�𝑄𝑄𝑥𝑥 =  𝑣𝑣𝑥𝑥 �
𝑏𝑏𝑛𝑛+1 − 𝑏𝑏𝑛𝑛−1

2
� 𝑑𝑑𝑥𝑥 

where Q is the discharge (m3 s-1), x indicates the sub-section, v is the flow velocity (m s-1), b is the 

distance (m) from the initial point of observation, n+1 and n-1 refer to the following and preceding 

distances b, and d is the depth (m). 

Rainfall data for BB was obtained from the Birmingham Urban Observatory which collects 

Netatmo citizen science data and for EB from the Meteorological Office (MET) office for the 

Coleshill station. The time from last moderate or heavier rain events (defined as > 4.9 mm rain in 

24 hours according to MET) was recorded. 

6.3.3. Laboratory analysis 

6.3.3.1 Sample Preparation, digestion, and staining 

The samples were extracted following the methods described in Kukkola et al., 

(2023b/Chapter 4). Briefly: sediment samples were dried at 50°C until constant weight, after which 

the three sediment samples from each sampling occasion were combined into a composite and 

homogenised. Approximately 35g of sediment was then extracted using density separation with a 

sediment-MP isolation (SMI) unit with ZnCl2 (1.5 g cm3) in accordance with Nel et al., (2020) and 

Kukkola et al (2023b/Chapter 4). After density separation had occurred (~18 hours/sample), 

samples were decanted over a 63 µm sieve and backwashed into 200 ml beakers with 

approximately 20 mL of 30% H2O2. Fenton reagent was used to digest organic matter (OM), and 

Fe2+ (aq) (0.05 M) catalyst was added to the beakers in ratio of 1:10 (Fe+2 : H2O2) (Margenat et al 

2021; Kukkola 2023b/Chapter 4). Samples were covered with loose aluminium foil lids enabling 

https://www.ukcric.com/facilities/birmingham-urban-observatory/
https://www.metoffice.gov.uk/research/climate/maps-and-data/uk-climate-averages/gcqf99dn5
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any heat/gas to escape but preventing airborne contamination and then left for at least 24 h at 

ambient room temperature. 

After digestion, samples were decanted through a 63 µm sieve and backwashed into beakers with 

DI-water before staining with Nile Red (working concentration of 5 µg mL-1) and left in an orbital 

shaker at 105 rpm (Grant-bio, PSU-20i) to stain for an hour. The samples were then filtered via a 

glass vacuum-filtration system onto glass-fibre GF/D filters (Whatmann) and rinsed with DI-water. 

Yellow goggles and UV-light were used to inspect the beaker and the funnel to ensure all visible 

particles had been removed. The filters were stored in clean PP Petri dishes with lids closed and 

dried for 24 h at 50 °C. Surface water samples were processed in an identical way, except for that 

they were treated individually (no composite was created) and the density separation step was 

omitted. The overall workflow is shown schematically in Figure 6.2. 

 

Figure 6.2: Schematic illustration of the sample preparation workflow. A) Density separation 

(sediment samples only), B) Digestion with Fenton’s reagent, C) staining with Nile Red, D) 

Vacuum filtration and E) Microscopy and spectroscopy and data analysis. 
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6.3.3.2 Microscopy and MP identification 

Fluorescent microscopy followed the methodology and criteria set in (Kukkola et al 2023a, 

Kukkola et al 2023b/Chapter 4). Briefly: a macro zoom microscope (Olympus MVX-ZB10) 

equipped with GFP filter cube (excitation filter: 470/40 nm, dichroic mirror: 495 nm high pass, 

emission filter: 525/50 nm) and with 100W mercury light source was used in fluorescence mode, 

12% light intensity on 32x magnification with 50 ms exposure time. Measurements for 

fluorescence intensity and photographs were taken with a DP74 colour camera using CellSens 

Software (Olympus). A pre-set fluorescence threshold and identification-key were used to identify 

all potential MP (Nel et al., 2021: Kukkola et al., 2023a). Each filter was also scanned under bright 

field mode and non-fluorescence fibres that met the identification criteria were also included, due 

to Nile Red having difficulties to stain fibres (Kukkola et al., 2023a, Stanton et al., 2019). This 

inability of Nile Red to reliably stain fibres has been postulated to be related to specific colourants 

present in fibres (Stanton et al., 2019), or to be result of high proportion of fibres consisting of 

polymers that stain poorly (such as polyester and polyethylene terephthalate) (Shim et al., 2016; 

Kukkola et al., 2022), though the underlining mechanism is still unknown. 

From the MP identified and counted in fluorescence step, 40% n=161 (EB) and 58% n=209 

(BB) were picked from surface water for further chemical verification. These particles were 

analysed via A Renishaw InVia Qontor Raman microscope equipped with a 785 nm laser following 

the setup in Kelleher 2023 and Kukkola 2023b. Briefly: For spectral matching, the fingerprint 

region of 650-1700 cm-1 was used and the spectra were exported into a custom Python script 

(Python 3.9) and peaks were matched to reference libraries using the Pearson correlation coefficient 

(Kelleher et al., 2023). 70% hit quality index was set as a threshold for positive identification.  
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6.3.4 QA/QC 

Field background samples (n = 24) were collected during the sampling by using glass jars 

that were left open by the stream bank to identify any air deposition. To combat any contamination 

from the researchers during sample collection, the same outer layer was worn for each field visit 

throughout the sampling campaign, and fibre samples from personnel’s clothing were taken as 

controls. Fibres matching these samples were excluded from the analysis.  

All solutions were pre-filtered onto GF/D (2.7µm) glass-fibre filters. Equipment was 

cleaned with detergent and rinsed with DI-water before and between use. Glassware was placed in 

a sonification bath (GT sonic-D9) for 10 min for further cleaning. Personnel wore 100% cotton 

laboratory coats and non-synthetic clothes were preferred in the laboratory. Aluminium foil was 

used to cover samples during procedures. Two procedural blanks were run per surface water 

extraction batch (ntotal = 16) using DI-water and one procedural sediment blank in an SMI-unit 

using clean ZnCl2 (ntotal = 11). All blanks were analysed following the same criteria as the original 

samples. 

The 12 BB air background samples had 2 particles across the 12 samples, one clear in 

November 2021 and one clear March 2022. From the 12 EB air samples three contained one clear 

fragment each, indicating that air deposition was minimal at the sites at the time of collection. From 

the 11 sediment procedural blanks, one fragment was discovered and from the 16-surface water 

laboratory blanks no MP were detected. It was deemed that any contamination present would be 

negligible and extremely random and thus not reliably quantifiable. 

From the chemical analysis it was found that 86.3% particles picked from EB were 

identified as plastics and 100% at BB, suggesting robust identification rate. 
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6.3.5 Data analysis 

All statistics were carried out in RStudio (RStudio, Inc. R Core Team 2022) with 

significance threshold at α = 0.05. All values for MP concentrations in water are reported as mean 

and standard deviation (SD), sediment concentrations are reported as measured values (MP Kg-1 

dried sediment). The normality of all data was assessed with Shapiro-Wilk’s test and non-

parametric tests were applied where statistical assumptions required normal distribution.  

When assessing differences between sediment MP concentrations and size distribution on 

individual sampling days an unpaired two-samples Wilcoxon test was applied. When assessing 

intra-variability within the datasets, Kruskal-Wallis tests were applied, followed by Dunn-test with 

the Benjamini-Hochberg Procedure to reduce false discovery rates. To assess any monthly based 

differences between the two sites, Kruskal-Wallis tests were performed. 

When evaluating the effect of the average stream flow velocity, time from the last rainfall 

and stream discharge on mean size of MP, MP concentration or MP load, Pearson or Spearman 

rank coefficient was used to assess direction and strength of any correlation observed. Where the 

assumptions of a linear Regression model were met, a Linear Regression Model was fitted and R2 

and homoscedasticity of residuals was evaluated to further assess the goodness of the fit. 

The MP loads were calculated as:  𝐿𝐿 = 𝐶𝐶𝑡𝑡 × ∑𝑄𝑄𝑡𝑡 

where L is the load (#MP s-1), C is the concentration of MP in the surface water (MP L-1), Q is the 

discharge (m3 s-1) and t is the time/date of the measurement. MP concentration was scaled to MP 

per m3. For hourly load the L is adjusted by multiplying with 60 (seconds to minute) and the product 

multiplied with 60 (minutes to an hour). 
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6.4 Results 

6.4.1 MP concentration in water column and sediment 

MP were detected in all surface water and sediment samples across the two catchments and 

throughout all monthly sampling time steps over the year. The average MP concentration in surface 

water at the EB point source was 0.244 ± 0.104 MP L-1, with a range of 0.14 - 0.55 MP L-1 and at 

the diffuse source BB 0.207 ± 0.101 MP L-1, with range of 0.12 - 0.46 MP L-1 (Figure 6.3). There 

was no significant difference between the two sites in terms of their overall MP particle 

concentrations (chi-squared = 17.3, p = 0.366), however, a pair-wise Wilcoxon test suggested that 

July 2021 (p = 0.049), October 2021 (p = 0.049) and January 2022 (p = 0.046) exhibited higher 

MP concentrations in surface water at EB (point source) than at BB (diffuse source), while in 

February 2022 BB exhibited higher MP concentration (p = 0.049).  

Inter date comparison, within each site, indicated that at the EB there was a significant 

difference in MP concentration in water between the sampling dates (Chi squared = 22.386, p = 

0.021), and the Dunn test indicated that the month of July 2021 was significantly different from 

April (p = 0.038) and December (p = 0.041). At the BB, significant difference was also recorded 

(chi-squared = 19.878, p = 0.047), with the Dunn-test indicating that the surface water samples 

from February 2023 were different from all other months, with the exception of June (p = 0.166) 

and September 2021 (p = 0.626). 
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Figure 6.3: Surface water concentrations [#MP L-1] (panels a-b), Stream discharge [m3 s-1] (panels 

c-d), MP load per hour [#MP h-1] (panels e-f) and MP concentration in sediments [#MP Kg-1] for 

Eastcote Brook (left column) and Bourn Brook (right column). 
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In the sediments, the MP concentration at EB was 174 ± 64 MP Kg-1 with a trend of higher 

concentration observed at BB which averaged 293 ± 98 MP Kg-1 (Figure 6.3), though the averages 

monthly values across the 12-month period were not significantly different (chi-squared = 16.1, p 

= 0.096). When MP concentration in sediments and MP comcentration in surface water were 

compared, no correlation was found for EB nor BB (Figure 6.4). 

 

 

Figure 6.4. Surface water MP concentrations (MP L-1) plotted against sediment MP concentrations 

(MP Kg-1) for A) Eastcote Brook and B) Bourn Brook 

6.4.2 Physical properties of identified MP 

In surface water samples, a similar distribution of morphological properties was recorded 

across both sites: fibers made up 34.5% of total MP and fragments 65.5% at EB, while at BB, 

28.7% of all MP were fibers and 71.3% were fragments (Appendix 5: Figure S6.2). No spheres 

were recorded. The average length of fibers in surface water samples was not significantly different 

between the two sites (chi-squared = 102.04, p = 0.424), with mean fiber length at EB 1133.2 µm 

and at BB 1279.5 µm). 
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The color of the identified fibers was also similar between both sites: Black dominated (38.2% at 

EB and 28.5% at BB), followed by clear/transparent (19.7% at EB and 27.6% at BB) and blue 

(17.1% at EB and 11.3% at BB) (Appendix 5: Figure S6.3). 

There was no significant difference in the sizes of fragments between the two sites (chi-

squared =193.78, p = 0.390) (Figure 6.5). The mean size for fragments at EB was 284.3 µm and 

283.7 µm for BB. The dominant color of fragments at both sites was clear/transparent (75.7% at 

EB and 73.9% at BB). The second most common color recorded at EB was white (6.9%) and at 

BB was grey (5.7%) (Appendix 5: Figure S6.4). 

 

 

Figure 6.5: Size distribution of fragments in surface water for A) Eastcote Brook (EB) and B) 

Bourn Brook (BB). The size fraction buckets reflect standard sediment grain sizes. 

 

From the EB sediments, only 0.5% of all MP were fibers (n = 4), with 99.5% being 

fragments. In BB sediments, fibers made up 17.5% (n = 22) of MP and fragments were 82.5%, 
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with no spheres found from either site. The average length of fibers was not significantly different 

between the sites in sediments (chi-squared = 3, p = 0.391), with an average of 1634.8 µm at EB 

and 1237.1 µm at BB. Blue was the most common color of fibers at EB (50%) and black at BB 

(30%), with grey and blue both making up 20% of total fibers at BB. Similarly, the mean size of 

fragments was not significantly different between the sites (chi-squared = 66.29, p = 0.466), with 

mean sizes of 257.4 µm at EB and 221.2 µm at BB (Figure 6.6). Clear/transparent was the most 

dominant colour of sediment-extracted fragments, constituting 63.8% of fragments at EB and 

83.2% at BB (Appendix 5: Figure S6.5). 

 

 

Figure 6.6: The size distribution of MP fragments recovered from sediment samples from A) 

Eastcote Brook (EB) and B) Bourn Brook (BB). 

The mean MP sizes in sediment and overlying water were not correlated at either sampling 

site (RsEB = 0.006, p = 0.982, RsBB = -0.293, p = 0.354) (Figure 6.4). When the MP size distribution 

between sediments and surface waters were compared individually for each of the sampling dates 
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by sampling location, with unpaired two-samples Wilcoxon test, a significant difference was 

recorded only for February 2023 at the BB (p = 0.007), with the mean MP size in water being 333.9 

µm and that in sediment being 152.6 µm. None of the other sampling dates at either site indicated 

any significant difference in MP sizes between sediments and surface water. 

The chemical composition of MP, however, did differ between the two sites: For fragments, 

at EB, acrylic made the majority of identified fragments (40%), followed by polylactic acid (PLA) 

(15%) and Nylon (15%) (Figure 6.7). While the dominant polymers at BB were polyethylene (PE) 

(22%), followed by Nylon (18%), polyethylene terephthalate (PET) (18%) and polystyrene (PS) 

(18%). For fibres, the dominant polymer at EB was acrylic (27%), followed by PS (16%), PE 

(16%), PET (13%) and PLA (11%) (Figure 6.7). At BB, fibres were dominated by PET (26%) and 

polypropylene (PP) (26%), followed by PE (18%) and nylon (11%) (Figure 6.7). 
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Figure 6.7: Chemical composition of Fragments (A-B) and fibres (C-D) identified at Eastcote 

Brook (EB) on the left and Bourn brook (BB) on the right. 

6.4.3 Flow controls on MP concentrations 

Stream discharge was generally lower at the BB than at the EB (Figure 6.3). The range for 

the EB was between 0.15 m3 s-1 (August 2021) and 0.38 m3 s-1 (March 2022), whereas at the BB 

the range was between 0.06 m3 s-1 (October 2021) and 0.29 m3 s-1 (February 2022). The annual 
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average stream discharge at the EB was 0.31 m3 s-1 and 0.12 m3 s-1 at the BB (Figure 6.3). MP 

concentrations in surface water were weakly correlated with stream discharge at the EB, but this 

relationship was not significant (Rs = -0.324, p = 0.053) (Figure S6.2), however, MP concentration 

in surface water was strongly correlated with discharge at BB (Rs = 0.749, p < 0.001) (Appendix 

5: Figure S6.6). In sediments, the MP concentration was not correlated with stream discharge at 

the EB (Rs = -0.257, p = 0.418) or at the BB (Rs = 0.285, p = 0.367) (Appendix 5: Figure S6.7). 

The average MP sizes in surface water were correlated with the discharge at the BB (Rs = 

0.71, p = 0.009) but not at the EB (Rs = 0.08, p = 0.002) (Appendix 5: Figure S6.8). The average 

MP sizes in sediment were not correlated with discharge at either EB (Rs = 0.006, p = 0.845) or 

BB (Rs = 0.017, p = 0.956). 

At EB the average MP load (calculated as product of discharge m3 s-1 and MP concentration 

per m3 and scaled to one hour) was 224,897 MP h-1 and had a range between 124,183 and 384,076 

MP h-1, while the average MP load at the BB was 111,014 MP h-1 with a range between 37,440 and 

480,240 MP h-1. The average load was higher at EB than at BB (Chi-squared = 9.72, p = 0.002) 

(Figure 6.8). The MP load h-1 in surface water was strongly correlated with MP concentration at 

the BB (p < 0.001, Figure 4A) and stream discharge (p < 0.001, Figure 4B) but this correlation was 

much weaker and non-significant at the EB (Figure 6.8). 
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Figure 6.8: A) MP load per hour (MP h-1) plotted against mean MP concentration in surface water, 

B) MP load (MP h-1) plotted against stream discharge (m3 s-1) in surface water of Bourn Brook 

(BB) in red and Eastcote Brook (EB) in blue. 

The average stream flow velocity at the sampling location at the EB was 0.146 m s-1 (range 

0.079 - 0.465 m s-1) and at the BB was 0.176 (range 0.050 - 0.303 m s-1). The average stream 

velocity did not correlate with MP concentration in surface water at EB (Rs = -.101, p = 0.555), 

but did exhibit a strong correlation with MP concentration in the surface water at the BB (Rs=.726, 

p < 0.001) (Appendix 5: Figure S6.9). No correlation between average stream velocity and MP 

concentrations in sediments were found for EB (Rs = .077, p = 0.810) or BB (Rs =.057, p = 0.859) 

(Appendix 5: Figure S6.10). 

MP sizes in surface water did not correlate with average velocity either at EB (Rs =.083, p 

= 0.002) or BB (Rs =.027, p = 0.659). MP sizes in sediments did not correlate with the average 

velocity in EB (Rs =.038, p = 0.744) or at BB (Rs =-.108, p = 0.233). 
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6.4.4 Impact of rain events 

There was a weak negative correlation with stream discharge (m3 s-1) and number of days 

from the last rain event at the EB (Rs = -.318, p = 0.051) and a negative correlation at the BB (Rs= 

-.524, p = 0.001), with higher flows recorded closer to rain events at both sites. 

There was no correlation between MP concentration in surface water and days from the last 

rain event at the EB (Rs =.333, p = 0.289). Conversely, a negative correlation was found between 

the time passed from last rain event and MP concentration in the water column at the BB (Rs = -

.459, p = 0.004), however, no correlation between the rain events and MP concentration in 

sediments was found in samples from the BB (Rs = -.187, p = 0.559). Interestingly, a strong 

negative correlation was identified at the EB (Rs = -.643, p = 0.024) with higher sediment MP 

concentrations being recorded closer to rainfall events. 

No correlation was found between the MP sizes and rain events in surface water at EB (Rs 

=.197, p < 0.001) or at BB (Rs =.120, p = 0.021). Only an extremely weak correlation was found 

between MP sizes in sediments and rain event at EB (Rs=-.236, p < 0.001) and none for samples 

from the BB (Rs =.015, p = 0.863). 

 

6.5 Discussion 

6.5.1 MP concentrations exhibit urban signal at both sampled sites with distinct MP 

compositions 

MP were identified in all samples (surface water and sediment) collected from both 

locations across the whole temporal scale. The mean surface water MP concentration was 0.244 ± 
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0.104 MP L-1 at EB and 0.207 ± 0.101 MP L-1 at BB. Though the concentrations are lower than 

those reported from high-order rivers, (e.g., 1.6 - 187 MP L-1) (Sekudewicz et al., 2021, Leslie et 

al., 2017) they are higher than previously reported from low-order streams in Slovenia (0.059 ± 

0.016 MP L-1 > 150 μm) (Matjašič et al., 2023) and from the River Leen (0.083 ± 0.10 MP L-1 

>63µm) and River Trent (0.075 ± 0.11 MP L-1 > 63µm) in the UK (Stanton et al., 2020). The 

sampling locations used by Stanton et al., (2020), were lower in anthropogenic activity than our 

site(s), signifying the effect of urbanization leading to generally higher MP concentrations. This is 

further supported by a recent study by Kukkola et al. (2023b/Chapter 4) where two catchments 

with similar hydrogeological properties but different degrees of urbanization were compared, 

which found that at the catchment with higher urbanization, surface water MP concentrations were 

roughly twice as high (0.22 ± 0.14 MP L-1 > 63 µm) as those determined in the less urbanised 

neighbouring catchment 0.09 ± 0.05 MP L-1 > 63 µm). This implies that the degree of urbanization 

can have an immediate effect on MP concentrations, even in low-order and headwater streams. 

The mean MP concentration in sediment from the EB was 174 ± 64 MP Kg-1 and from the 

BB was 293 ± 98 MP Kg-1. These concentrations are similar to what has been previously reported 

from urbanised rivers, such as the river Ganga (210.25 ± 124.65 MP Kg-1, > 63 µm) (Sarkar et al., 

2019) and the Rhine River (260 ± 100 to 11,070 ± 600 MP Kg-1, > 11 µm) (Mani et al., 2019). 

They also align with the MP sediment concentrations recorded from the urban part of Boulder 

Creek, USA 186 ± 80 MP Kg-1 (> 63 µm) (Kukkola et al 2023b/Chapter 4) but are higher than 

those reported from small Auckland streams (9-80 MP Kg-1, > 63 µm) (Dikareva and Simon, 2019). 

The MP concentrations measured here are, however, much lower than previously reported 

downstream of a WWTP, where up to 8,400 MP kg-1 sediment (> 64 µm) was reported ~600 m 
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downstream from a WWTP outlet (Margenat et al., 2021), however the WWTP was not the only 

MP source at the site and thus it is likely that long term accumulation from other sources affected 

the observed MP concentrations. However, since an insufficient number of studies have measured 

sediment MP concentrations immediately downstream from WWTPs to date, it is still to be 

determined if the MP concentrations observed in the present study, are typical ranges.  

Despite the hydrological catchment of the EB being only 2.1 km2 and mostly comprising 

horticulture land use, the MP concentrations in both compartments (surface water and sediment), 

exhibited a similar signal to that of the BB whose hydrological catchment is over eight times bigger 

and is mostly urbanized. This is likely related to the EB catchment having a much wider reach than 

its actual ‘natural’ hydrological catchment, as the WWTP releases the treated wastewater of 

~62,500 people directly into the brook. Even with high MP removal efficiencies from WWTP of 

95 – 99% (Liu et al., 2021, Wu et al., 2022, Shen et al., 2020, Blair et al., 2019), it is expected that 

some MP will be released in the effluent, especially in the smaller size scale and sewage related 

polymers (Reddy and Nair, 2022). This was supported by the chemical identification of the MP, 

which revealed distinct polymer compositions between the two sites: EB had higher occurrence of 

‘unconventional’ polymers, such as acrylic and PLA, while BB had more ‘traditional’ MP profile, 

with common polymers, such as PE and PS being more commonly reported (Sun et al., 2019; 

Talbot and Chang, 2022). Acrylic may be used as flocculant at WWTPs (Arp and Knutsen, 2020; 

Salehizadeh et al., 2018; Vajihinejad et al., 2019) and in many household detergents (Arp and 

Knutsen, 2020), while PLA is a biopolymer, that has wide array of uses in sanitation products, such 

as in wet wipes, due to being perceived as “biodegradable” (Harter et al., 2021; Jem and Tan, 2020). 

The high presence of these polymers at the EB site therefore seems to indicate unique fingerprint 
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that can be directly linked to the WWTP. This suggests that it might be possible to use the 

occurrence of these polymers in higher amounts as signal of existence of WWTP within the 

catchment. However, further studies are needed to be carried out from the outflow of WWTPs with 

similar extraction methods, to verify whether these polymers are prominent also within other plant 

types. 

Together these results entail that the MP loading of the EB site and consequently its receiver 

River Blythe is influenced by far larger area than its ‘natural’ catchment area,  and in fact, such 

sites cannot be measured by their actual hydrological catchment properties, which are 

overshadowed by the water management activities and the existence of the point-source, which 

dominates and controls the MP concentration at this location. This is something that needs to be 

considered when MP sources and MP fluxes are being estimated at urban areas, when natural flow 

networks are complemented by anthropogenic water management, as this can lead to 

misinterpretations of MP hot-spots and skew our understanding of the relative importance of 

diffuse/point sources if sufficient care to understand the complexities is not taken. 

6.5.2 MP load controlled by source at EB and by source activation at BB 

Though stream discharge has been previously linked to MP concentrations downstream 

from WWTPs (Mintenig et al., 2020, Schell et al., 2021, Watkins et al., 2019), no correlation was 

found between the discharge and MP concentrations or sizes in the surface water or in sediments 

from the EB. For instance, stream discharge has been linked to higher MP concentration in surface 

water downstream from WWTPs, with elevated MP concentrations reported for both high stream 

discharge (55-500 µm) (Schell et al., 2021) and low stream discharge leading (> 335 μm) (Watkins 

et al., 2019). However, in these studies WWTP effluent contribution to the total flow was either 
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not assessed or at maximum was reported to contribute only up to 3% of the total volume of the 

river. In the present study, essentially all the stream discharge was considered to originate from the 

WWTP, and it is likely that the MP concentrations recorded at the EB were due to fluctuating MP 

concentration in the WWTP discharge (Chapter 5) and therefore MP concentrations in the surface 

water and sediment at EB are expected to be driven by the release of MP from this single source 

(release of effluent), rather than by the discharge (the overall stream flow rate). 

The MP load observed at our point source was not correlated with either the stream 

discharge or with the MP concentration in the surface water (Figure 6.7). The MP load could be 

determined by both discharge (m3 s-1) and MP concentration in water, either individually or in 

tandem, and exhibited high temporal variability at this site. Some months, such as February and 

March 2022, exhibited high MP loads (Figure 6.3), which coincided with both high stream 

discharge, as well as high MP concentrations. However, the second highest month in terms of MP 

load was in July 2021 (305,136 MP h-1) and was purely driven by MP concentration (0.55 MP L-

1), as the discharge at this time was the second lowest measured during the year (0.155 m3 s-1) 

(Figure 6.3). Rain events, while not being correlated with surface water MP concentrations or MP 

loads, exhibited weak positive correlation with the stream discharge at the EB (confirming that the 

effluent releases from the WWTP were the main driver of EB stream discharge) and higher MP 

concentrations from sediments were recorded closer to rain events. It is possible that during rain 

events the extremely pronounced water-level change arising from the periodic effluent releases 

gets muffled, which could lead to more settling taking place during periods of rainfall. This 

suggests that while the EB site exhibits high diversity in MP loading, this is solely linked to the 

varied and highly diverse outputs from the WWTP and are thus controlled by water management. 
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Conversely, at the BB, stream discharge exhibited a strong positive correlation with MP 

concentration in surface water. MP concentrations in surface water of urban rivers have previously 

been linked to changes in stream discharge with both low and high flow conditions associated with 

higher MP concentrations (Chen et al., 2021, Kapp and Yeatman, 2018, Xiong et al., 2019). It has 

been hypothesized that the increase of MP concentrations during low discharge could reflect the 

accumulation of MP in slow moving waters (Kapp and Yeatman, 2018, Xiong et al., 2019), 

however, this type of accumulation during low discharge did not occur at our site. Another 

hypothesis that has been put forward for increased MP concentrations in surface water during high 

stream discharge conditions, is that this might reflect the resuspension of MP from the stream 

sediments due to turbulence from high flow, rather than new MP entering the stream from the 

catchment due to runoff (Chen et al., 2021). However, here no relationship was observed between 

the MP concentration in surface water and sediments, nor between the discharge and MP 

concentration in sediments at BB, suggesting that the increase in MP concentrations in surface 

water in the BB was the direct result of new MP entering the stream.  

The MP loads in surface water were also highly correlated with both the stream discharge 

and MP concentration, indicating a strong hydrological MP transport mechanism at the BB (Figure 

6.7). The data suggest that higher discharges were linked to the time since the last rain event, 

demonstrating hydrometeorological activation of the MP sources at the BB catchment. This means 

that during dry periods, MP will accumulate in the paved/urban catchment, and will then be 

activated during rainfall within the catchment, resulting in their release into the stream as road run-

off, resulting in higher stream discharge. This type of source activation and MP concentration 

increase due to surface run-off has been reported previously (Hitchcock, 2020, Sun et al., 2023, 
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Cheung et al., 2019, Piñon-Colin et al., 2020) and is supported by the fact that sediment MP 

concentrations were not correlated with the rain events, nor with the discharge, suggesting that 

despite high flows and high MP concentrations in the overlaying water, no significant settling nor 

resuspension occurred at the site and the increased MP in water column was introduced into the 

stream from, other external sources.  

It should be noted that our sampling took place a minimum of 15 hours after the last rain 

event, suggesting that what was observed at the time of sampling might not have been descriptive 

of what occurs in the stream during the actual rain events, and that MP loads may have been 

significantly higher during the rain event. It has previously been shown that the highest MP 

concentrations during rain events are likely to occur during the rising limb of the hydrograph 

(Cheung et al., 2019, Sun et al., 2023) as is often the case with other pollutants (Lee et al., 2007). 

This is likely to be the case at the BB, as the catchment itself is highly urbanized, with 70% of the 

total area being suburban or urban, and this type of land-use is also linked to higher MP 

concentrations in its run-off (Piñon-Colin et al., 2020). It is therefore highly likely that during the 

rain events the MP load might easily rise over 480,000 MP h-1 at BB, which was the highest MP 

load observed in this study, which occurred at BB during the recorded high loading events in 

February 2022. However, though the rain event signal was captured here, our study was not 

designed to measure the effects of runoff or rainfall, and therefore further studies would be required 

at the site to understand and characterize how the MP concentration and MP loads change in 

relation to rain event type or duration, and whether different events have different mobilization 

effects on MP.  
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6.6. Conclusions 

A pairwise comparison of two semi-urban streams, one representing a point source (a 

WWTP) and the other representing a diffuse source (mainly road run-off), over a 12-monthly 

sampling campaign revealed that both sites exhibited similar MP concentrations in surface water 

and sediments, with the point source having an urban signature despite its small hydrological 

catchment size. This suggests that catchment size should be used as an indicator of the sources if 

water management activities (such as the WWTP) occur within its boundaries. The point source 

also presented higher MP loading than the diffuse source, which was driven by complex WWTP 

outputs, where both MP concentration and discharge resulted in high MP loads being transported 

downstream.  

At the diffuse source, dry periods saw relatively stable MP input to the stream. Rain events, 

by contrast, activated and mobilized additional sources from the catchment, which were then 

flushed into the stream creating “intense pollution moments” for MP pollution in the stream. The 

data suggests that, while a point source discharges higher MP pollution loads downstream during 

dry periods, the diffuse source can become much more important for downstream transport during 

and after rain events. At the diffuse source site assessed here (the BB), the MP load is directly 

correlated to both discharge (measured as rainfall amount) and MP concentration and the MP load 

was much more predictable than that of the point source (the WWTP) in its MP output (to the EB).  

These results highlight how complex urban MP sources, and their transport, can be, as one 

single source can dominate the MP concentration and MP loads in a catchment, whereas 

hydrometeorological activation mechanisms can also play a crucial part in urban areas leading to 

bursts of MP input due to source activation. The important message for researchers, policy makers 
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and those responsible for environment monitoring for MP is the need to fully understand the system 

being studied, and that mapping of potential MP input sources is not sufficient, as there needs to 

be fundamental understanding of how these sources are activated and how this affects the 

downstream transport of MP in the specific catchment context. 

Future studies should be conducted with both point and diffuse sources located in the same 

catchment, and with higher resolution data collected prior during and after rainfall events to 

determine how MP concentrations and loads respond upstream and immediately downstream from 

a point source and from diffuse sources to changes in rainfall, as this will allow better understanding 

of how these two sources contribute to MP loading downstream, when located in close proximity. 
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Chapter 7: Conclusions and discussion 

The work presented here aimed to uncover some key mechanisms affecting the activation 

of MP sources, their transport and connectivity and hence, distribution of MP in river systems of 

different degrees of urbanisation. It therefore developed fast and reliable methodologies for MP 

detection and quantification and applied the developed methods to samples collected from three 

different urban river systems. The thesis also includes a comprehensive literature review aiming to 

understand the requirements that MP effects studies in the laboratory needs to fulfil to reflect more 

closely field studies, and what type of data field studies need to report to better aid the effect study 

designs. The work presented in this thesis underlines how important it is to fully characterise the 

flow regimens and identify any water management operations/structures in the system being 

studied, prior to and during conducting field work for MP sampling. 

The literature synthesis revealed evidence of a significant mismatch between field and 

laboratory studies in terms of the MP compositions and shapes being studied relative to those 

actually present in the environment, highlighting a significant gap in our knowledge on how the 

most common morphology of MP might affect freshwater species. It was found that more 

comprehensive reporting from the field is required to inform lab-scale ecotoxicity testing. The 

development of an advanced MP detection method was successful, demonstrating that fluorescence 

detection limits for Nile Red combined with a pre-set MP identification key, provided a reliable, 

fast, and transparent tool for basic MP identification and quantification. 

For the first research objective, where the aim was to obtain better understanding of the 

magnitude of impact of the degree of urbanization and water management on MP distribution, it 
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was found that while the degree of urbanization has a distinct signal in terms of MP concentrations 

and loads, it is critically important to record stream discharge at the time of sampling, as well as to 

include sampling of any possible water management constructions present in the river system to 

understand their impact on the MP loadings. Here, the loading analysis often used for other types 

of pollutants (e.g., metals) was used to quantify the changes of MP loads between river segments, 

providing a powerful approach for conducting longitudinal spatial MP source estimations. This 

approach, when applied to a river segment with a water diversion, also enabled the quantification 

of MP that is being diverted from the original river system, for agricultural or potable water 

purposes. It was found that, even in a low-order mountainous stream, over 1.8 x 105 MP were 

diverted per hour, with likely much higher MP numbers diverted from high order streams, 

highlighting the importance of measuring not only the MP concentrations, but also the stream 

discharge when sampling for MP. These results clearly demonstrate that water management can 

have substantial implications for MP load estimations and should be taken into consideration for 

quantification of catchment residence times of MP and river network contributions to the oceans. 

The loading analysis is a valuable tool, that ought to be used in future MP river studies, when MP 

sources are being estimated, and as such has been made available to the community as part of the 

resulting manuscript. 

For the second research objective, where the effectiveness of snap-shot sampling 

downstream of sewage treatment works as the only MP source was assessed, a high variability in 

MP loads was found, which was driven by two different mechanisms, MP concentration in 

wastewater effluent or variation in stream discharge (m3 s-1) or a combination of both. Our results 

point at the fact that MP concentrations in the effluent were not consistent at the site and depending 
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on the time of the day that sampling has occurred, a significant difference in the annual emission 

estimations could have been obtained. Notably, sampling at a fixed timepoint on each sampling 

date (e.g., between 9-11 am) did not address this variability fully, as the sub-daily sampling 

revealed that the difference could be as much as 214,428 MP in just one hour at these respective 

times. It was also uncovered that the MP concentration was not correlated with the stream discharge 

nor MP load. In fact, the observed spatial patterns and temporal dynamics of MP loading were 

highly complex. Importantly, snap-shot sampling provided to be inadequate in capturing and 

estimating the annual MP loads, and several samples would be required to be collected per day at 

this site in order to obtain more accurate understanding of the MP variability and loads. A 

preliminary study capturing the different parameters that may affect the MP loading should be 

implemented to determine the optimal sampling frequency needed to provide representative data 

for extrapolation to annual loadings. This type of reconnaissance campaign should be considered 

when studies are being planned in different river systems, especially those with water management 

in place, as without more accurate temporal distribution information, researchers risk over or 

underestimating the importance of certain sources/locations in relation to their respective MP 

loading. 

For the third research objective, where the different impacts of point and diffuse sources 

were assessed to determine the mechanisms affecting the relative MP inputs into the streams, it 

was found that the impact of the investigated point source caused an urban signal, which could 

override the catchment signal in terms of determining the MP load. The MP load was higher from 

the point source than that of the diffuse urban sources and was driven by water management. 

However, the diffuse source was controlled by source activation by hydrometeorological 
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conditions and exhibited high MP load moments whereby the MP load rose several orders of 

magnitude due to inputs from road run-off following rain events, indicating that while a point 

source emits more steadily higher MP loads downstream, storm or rain events can cause the diffuse 

sources to become higher emitters for the duration of these events. It is important to note that the 

storm events that created the high MP load moments were observed by chance as the study regimen 

was not designed to capture the storm events and the capturing of these was coincidental. This 

raises some questions on whether the sampling reported in the literature, which is often carried out 

in dry weather, is biased and may have missed (or recorded unknowingly) such increased MP load-

moments, as here the system characterization would have been different if the two rain events 

would not have been captured.  

All in all, this thesis exhibits a disconnect between reported field studies and laboratory 

effect studies with regards to MP types, morphologies, and size. Much work is still needed, 

especially in ecotoxicity, aiming to include more ‘environmentally realistic’ MP (such as acrylic, 

PLA and other polymers, with varied morphologies and sizes) in the effect studies. Efforts should 

also be made to move towards to understanding the underlying mechanisms of toxicity (leachate 

vs physical impacts) and as a part of this effort, it is important for field studies to report clearly and 

comprehensively, not only the number/concentration of MP identified from the environment but 

also their size, morphology, chemical characteristics and any other physical parameters that could 

be useful for toxicity studies (e.g., colour as this can be indicative of certain colourants). Collecting 

and reporting this data can in turn be used by toxicologists in planning MP exposures to increase 

their environmental relevance, leading into a better understanding of underlying toxicity 

mechanisms and risk assessments. 
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Further, this thesis underlines the importance of the study design, as it was found that human 

impacts, specifically water management, can have a substantial impact on MP distribution and their 

downstream evolution. There is a risk that if the river catchments being studied are imperfectly 

characterised without fully understanding their properties, such as flow regimen and source 

activation, this could lead into under, or overestimation of their MP emission sources, and MP 

loads and their perceived importance. It is also imperative that future sampling campaigns will try 

to avoid sampling during only dry and/or sunny weather conditions. Here it was found that 

organizing sampling times for dry-weather conditions only would have led to underestimations of 

the diffused source MP loading downstream. This type of data is important, as only by capturing 

the rain events it was possible to identify that the point source discharged higher MP pollution 

loads downstream during the dry periods, however the diffused source became much more 

significant for downstream transport of MP during and after rain events. This speaks volumes for 

the importance of the pre-characterization of the study systems, and how it is of the utmost 

importance to collect more representative samples that reflect the anthropogenic and 

hydrometeorological features of the system. As a result, the key recommendation from this thesis 

is that effort should be made to understand the temporal and spatial catchment properties of the site 

being studied, before any sampling regimen is being implemented, as this will lead to a more 

detailed understanding of the short-to-long term changes driven by hydrological and/or 

anthropogenic forcings. This type of data will be essential to build an accurate MP pollution 

baseline, as well as to inform any local and/or regional mitigative legislation and risk assessments. 
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Figure 7.1. Schematic figure presenting a conceptual overview of the main results from this 

thesis: Urbanization will increase MP concentrations and loadings in river systems, with WWTP 

as the point source of MP being unpredictable in terms of load amounts downstream (“pulses” of 

MP travelling downstream) and thus annual MP load estimations could not be calculated based 

on the MP concentrations determined from snap-shot sampling. Similarly, diversion of water can 

have influence on MP loading downstream, and as such, loading models that account for 

abstractions are critical: Water management activities such as diversions need to be accounted 

for, to obtain a holistic understanding of global MP fluxes. Hydrometeorological source 
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activation is an important factor for urban catchments with diffuse MP sources being mobilised 

by rain events. Understanding of the catchment through pre-sampling at high temporal resolution 

(e.g., hourly for one day) to determine the number of samples needed to be representative of the 

variability in MP concentrations and loads at the specific site is a key recommendation from this 

thesis, such as via a pre-sampling campaign to estimate variance. 
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APPENDIX 1 
 

The raw results of the Wilcoxon Rank Sum tests with multiple comparisons for different system 

settings for each different plastic types are provided. The intersection of vertical and horizontal 

settings shows the pairwise comparison between the setting types and the corresponding p-value. 

The codes on the rows & columns correspond to the settings used for imaging: 2xLi12) 20x 

magnification with light intensity 12 and 50 ms exposure time, 2xLi25) 20x magnification with 

light intensity 25 and 50 ms exposure time, 3.2xLi12) 32x magnification, light intensity 12, and 50 

ms exposure time, 5xLi12) 50x magnification, light intensity 12 and 50 ms exposure time and 

5xLi25), 50x magnification, light intensity 25 with 50 ms exposure time.  

 

Expended polystyrene (EPS) 

2xLi12 2xLi25 3.2xli12 5xLi12  

2xLi25  5.1e-05  -     -     -    

3.2xli12 5.8e-06  1.00000  -     -    

5xLi12  4.3e-06 0.11368 0.11368  -    

5xLi25  1.3e-07 0.00028 0.00037 0.11368 

 

High-density polyethylene, HDPE 

2xLi12 2xLi25 3.2xli12 5xLi12 

2xLi25  0.0875  -     -     -    

3.2xli12 0.0031 0.2234    -     -    

5xLi12  0.0875 0.7437 0.4641   -    

5xLi25  8.8e-05 0.0142 0.0780  0.0875 
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High-density polyethylene from a milk bottle, HDPE_milk 

2xLi12 2xLi25 3.2xli12 5xLi12 

2xLi25  0.63   -    -     -    

3.2xli12 0.57   0.57   -     -    

5xLi12  0.65   0.57   0.97    -    

5xLi25  0.65   0.57   0.65    0.97  

 

Polyamide-6 fragment, PA-6_frag 

2xLi12 2xLi25 3.2xli12 5xLi12 

2xLi25  0.012   -    -     -    

3.2xli12 0.769   0.769  -     -    

5xLi12  0.769   0.769  0.875   -    

5xLi25  6.5e-05  0.058  0.769  0.582 

 

Polyethylene red colour, PE_red 

2xLi12 2xLi25 3.2xli12 5xLi12  

2xLi25  0.27107  -       -     -    

3.2xli12 0.90246  0.48477     -     -    

5xLi12  0.00065 0.00328 0.00234  -    

5xLi25  0.00021 0.00021 0.00021 0.00195 

 

Polyethylene terephthalate, PET 

2xLi12 2xLi25 3.2xli12 5xLi12 

2xLi25  0.9296  -     -     -    

3.2xli12 1.0000 1.0000  -     -    

5xLi12  2.9e-06 8.3e-06 5.6e-05  -    

5xLi25  6.4e-08 6.4e-08 8.3e-06 0.0064 
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Polylactic acid, PLA 

2xLi12 2xLi25 3.2xli12 5xLi12  

2xLi25  0.32297  -     -      -    

3.2xli12 0.06897 0.78509  -      -    

5xLi12  0.00030 0.06089 0.03077   -    

5xLi25  1.5e-06 0.00034 0.00074 0.02847 

 

Polypropylene blue coloured, PP_blue 

2xLi12 2xLi25 3.2xli12 5xLi12  

2xLi25  1.00000   -     -     -    

3.2xli12 0.63369 0.37149  -     -    

5xLi12  0.01816 0.35714 0.03847  -    

5xLi25  0.00068 0.20833 0.00068 0.11106 

 

Polypropylene grey coloured, PP_grey 

2xLi12 2xLi25 3.2xli12 5xLi12  

2xLi25  0.0973  -     -     -    

3.2xli12 0.0925 0.0214  -     -    

5xLi12  0.1126 1.0000 0.0014   -    

5xLi25  1.3e-07 4.2e-05 1.5e-07 7.0e-05 

 

 

Polypropylene white coloured, PP_white 

2xLi12 2xLi25 3.2xli12 5xLi12 

2xLi25  0.79   -    -     -    

3.2xli12 0.62  0.53   -     -    
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5xLi12  0.53  0.87   0.53    -    

5xLi25  0.53  0.86   0.53    0.97  

 

Expanded polystyrene, PS_exp 

2xLi12 2xLi25 3.2xli12 5xLi12  

2xLi25  0.80000  -     -     -    

3.2xli12 0.07348 0.8000  -     -    

5xLi12  0.03752 0.8000 0.8000 -    

5xLi25  1.3e-07 0.20833 0.04091 0.00036 

 

Polystyrene orange coloured, PS_orange 

2xLi12 2xLi25 3.2xli12 5xLi12 

2xLi25  0.129   -    -     -    

3.2xli12 0.853 0.910  -      -    

5xLi12  0.514 0.098  0.514   -    

5xLi25  0.862 0.129  0.910   0.910 

 

Polyvinyl chloride rigid, PVC_rigid 

2xLi12 2xLi25 3.2xli12 5xLi12 

2xLi25  0.014   -     -     -    

3.2xli12 0.713  0.033   -     -    

5xLi12  3.9e-05 0.024  8.6e-05  -    

5xLi25  1.3e-07 8.8e-05 2.6e-07 0.129 
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Figure S2.1: Plastic standards photographed under 32x magnification, Light intensity 12 and with 

50 ms exposure time. Plastics are: A) expanded polystyrene (EPS), B) high density polyethylene 
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(HDPE), C) high density polyethylene (HDPE) from a milk bottle, D) polyamide-6 (PA-6), E) 

polyethylene (PE), F) polyethylene terephthalate (PET), G) polylactic acid (PLA), H) blue 

polypropylene (PP), I) grey polypropylene (PP), J) white polypropylene (PP), K) polystyrene (PS), 

L) orange polystyrene (PS), M) rigid polyvinyl chloride (PVC), N) soft polyvinyl chloride (PVC). 
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Figure S2.2: False positives photographed under 32x magnification, light intensity 12 and 50 ms 

exposure time. A) Birch, B) Chitosan, C) Maple, D) Sand, E) Wood. Orange arrows indicate the 

locations of the particles of interest. 
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Figure S2.3: Identification key for fluorescent and non-fluorescent microplastic fibres. It is 

suggested that each filter should be also scanned under bright field mode for non-fluorescent fibres, 

as they stain poorly and may lead to false negatives if not included in the final count. 

 

 

Figure S2.4: Identification key for microplastic spheres/beads. In our studies we found that eggs 

which do not have a clear cell structure (typically excluded with the general identification key 

shown in Figure 5) can exhibit bright fluorescence. However, when poked with a needle/fine 

forceps they crumble or are filled with fluid, making identification easy. 
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Figure S2.5: Identification key for microplastic fragments including films. Many seeds can exhibit 

bright fluorescence, with no clear cell structure, but they can be identified by their concave 

structure, or they may resemble a canyon. 
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Figure S2.6: Photographs taken in bright field and fluorescent light modes showing features 

described in Figures 2.3-2.5 above. a) Ribbon-like natural fibre. b) Natural fibre with unequal 

thickness. c) & d) Fibres positively identified as microplastic. e) Particle identified as being a seed 

due to its concave structure. f) False positive particle showing pale “halo” in fluorescent light. g) 

Particle of calcium carbonate/chitin with dull, crumbly surface texture. h) Particle positively 

identified as microplastic. All of the particles have been stained in DI-water containing 5µg mL-1 

Nile Red. 
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APPENDIX 2 
 

Table S3.1: The laboratory and field based studies included in this review and the species 

identified to interact with nano and/or microplastics, the dominant shape of plastic used/found, 

dominant polymer type(s) and sizing method. 
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  Laboratory studies  Field studies 

Trophic 

level 

Biota 

group 

Reference Species Domina

nt 

shape 

of MP 

Domina

nt 

polymer 

Size Sizing 

method 

Reference Species Dominant  

shape of  

MP 

Dominant 

polymer 

Siz

e 

Sizing 

metho

d 

Primary 

producer 

decomposer

s and/or  

transformer

s 

Microbes 

 

 

20 studies 

13 lab, 

7 field 

study 

Eckert, Di 

Cesare et 

al. 2018 

several  

 

 

Square 

 

 

 

PS 

 

 

4 × 

4 

mm 

× 

0.1 

mm 

Punch 

maker 

(RW 

home, 

Renz, 

German

y) 

McCormick, 

Hoellein et 

al. 2014 

several  

 

 

Fibres 

 

 

 

NA 

 

 

0.3

3-2 

mm 

 

 

Stacke

d 

sieves 

Kleinteich, 

Seidenstick

er et al. 

2018 

several  

Particle

s 

 

PE 

 

212- 

250 

µm 

Informa

tion 

from 

manufac

turer 

McCormick, 

Hoellein et 

al. 2016 

several Pellets, 

fibres  

and 

fragments 

 

PP, PE, 

PS 

0.3

3 -

4.7

5 

mm 

 

Stacke

d 

sieves 

Hossain, 

Jiang et al. 

2019 

several  

 

Disk 

 

HDPE, 

LDPE, 

PP, PS 

 

 

 

4.5 

mm 

 

 

A hole‐

puncher 

Hoellein, 

McCormick 

et al. 2017 

several  

 

Fibres 

 

 

PP, PS, 

PE 

 

0.3

3 -

4.7

5 

mm 

 

Stacke

d 

sieves 

Miao, Guo 

et al. 2019 

several  

Particle

s 

 

PS 

 

129 

± 34 

 

DLS 

Kettner, 

Oberbeckma

nn et al. 

2019 

*controlled 

several  

Particles 

 

PE, 

HDPE,PS 

 

3-5 

mm 

Manuf

acture

r 

infor

matio

n 

Miao, Hou 

et al. 2019 

several  

 

 

 

 

Particle

s 

 

 

 

 

 

PS 

 

11.2

 ± 2.

13, 

1.35

 ± 2.

45 

and 

635 

± 13

5, 

129 

± 34

, 

135 

± 16 

nm 

 

 

 

 

 

DLS 

Ram and 

Kumar, 

2020 

several  

 

 

 

 

NA 

 

 

 

 

 

NA 

 

 

 

 

75 

µm-

4 

mm 

 

 

 

Visual 

identif

icatio

n and 

SEM 
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Miao, 

Wang et al. 

2019 

several  

Particle

s 

 

PP, PE 

 

3-4 

mm 

Manufa

cturer 

informat

ion 

Li et al., 

2020b 

Several  

Fibres 

 

PP, PS, 

PE 

0.1-

1 

mm 

Stereo

micro

scope 

Parrish and 

Fahrenfeld 

2019 

several  

 

 

 

 

 

 

Particle

s 

 

 

 

 

 

 

 

PS, PE 

PS: 

106- 

125 

and 

355 

-425 

μm 

PE: 

125 

-250 

μm 

and 

250 

-500 

μm 

 

 

 

 

 

Manufa

cturer 

informat

ion 

Tavşanoğlu 

et al., 2020 

Several  

 

 

 

 

 

 

Fibres 

 

 

 

 

PET and 

PET-

PVCblend 

polymer 

 

 

 

 

100 

and 

330

-μm 

 

 

 

 

 

Mesh 

size 

Gong, Yang 

et al. 2019 

several  

Particle

s 

 

LDPE 

 

1 

and 

5 

mm 

Manufa

cturer 

informat

ion 

  
    

 Kelly et al., 

2020 

several Fragme

nts and 

Particle

s 

 

PE 

0.25

-

1m

m 

Not 

stated 

      

 Fringer et 

al., 2020 

Shewanell

a 

oneidensis 

 

Particle

s 

 

PS 

 

160 

nm  

 

STEM–

EDX 

      

 Wang et al., 

2020a 

several Fragme

nts 

PE,PP NA NA       

 Wang et al., 

2020b 

several  

Fragme

nts 

 

Tire 

wear 

120, 

136,

102 

μm 

Masters

izer 

      

 Ramsperge

r et al., 

2020 

several  

 

Fragme

nts 

 

PA, 

PET,PV

C 

 

<50

0, 1-

400

0 

µm 

Manufa

cturer 

informat

ion and 

Sieving 
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Algae and 

blue-

green 

bacteria 

Included 

in 22 

studies, 

22 

laborator

y, 0 field 

studies 

Besseling, 

Wang, 

Lürling, & 

Koelmans, 

2014 

Scenedesm

us 

obliquus 

 

Particle

s 

 

PS 

 

∼70 

nm 

 

SEM 

  
    

Lagarde, 

Olivier et 

al. 2016 

Chlamydo

mas 

reinhardtii 

 

Fragme

nts 

 

PP, 

HDPE 

400-

100

0 

μm 

 

Sieving 

 -  
 

    

Sjollema, 

Redondo-

Hasselerha

rm et al. 

2016 

Chorella 

vulgaris 

 

Particle

s 

 

PS 

0.05

, 0.5 

and 

6 

μm 

Manufa

cturer 

informat

ion 

 -  
 

    

Mao, Ai et 

al. 2018 

Chlorella 

pyrenoido

sa 

 

Particle

s 

 

PS 

0.1 

and 

1.0 

μm 

 

SEM, 

DLS 

 -  
 

    

 Zhang, Qu 

et al. 2018 

Microcysti

s 

aeruginos

a 

 

Particle

s 

 

PS 

 

200 

nm 

 

DLS 

 -  
 

    

Chae, Kim 

et al. 2018 

Chlamydo

monas 

reinhardtii 

 

 

Particle

s 

 

 

PS 

 

 

60.3

9 

nm 

 

 

DLS 

 -  
 

    

 Cunha, 

Faria et al. 

2019 

1. 

Microcysti

s 

panniform

is  

2. 

Scenedesm

us sp. 

 

 

 

Fragme

nts 

 

 

 

PMMA, 

PS 

 

<10

6  

μm 

and 

106-

250

μm 

 

 

 

Sieving 

 -  
 

    

Liu, Wang 

et al. 2019 

Scenedesm

us 

obliquus 

 

Particle

s 

 

PS 

 

50-

100 

nm 

 

DLS 

 -  
 

    

Luo, Xiang 

et al. 2019 

Chlorella 

vulgaris 

 

Sheets 

 

PUR 

3 x 

3 

mm 

Not 

stated 

 -  
 

    

Wu, Guo et 

al. 2019 

1. 

Chlorella 

 

 

 

 

64-

236, 

 

 

 -  
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pyrenoido

sa 

2. 

Microcysti

s flos-

aquae 

Particle

s 

PP, 

PVC 

111 

- 

216

um 

Masters

izer 

 Capolupo 

et al., 2020 

Raphidoce

lis 

subcapitat

a 

Leachat

e 

experim

ent 

car tire, 

PP, 

PET, PS 

,PVC 

NA Leachat

e 

experim

ent 

      

 Baudrimont 

et al., 2020 

Scenedem

us 

subspicatu

s 

 

Fragme

nts 

 

PE 

 

<0.4

5 

µm 

Filter 

pore 

size 

followed 

by TOC 

      

 Feng et al., 

2020 

Microcysti

s 

aeruginos

a 

 

Particle

s 

 

PS 

 

50 

nm 

 

TEM 

      

 Li et al., 

2020 

Chlamydo

monas 

reinhardtii 

 

Particle

s 

 

PS 

 

300-

600 

nm 

 

FE-

SEM 

      

 Wang et al., 

2020 

Chlorella 

pyrenoido

sa 

 

Particle

s 

 

PS 

 

600 

nm 

 

DLS 

      

 Guschina et 

al., 2020 

Chlorella 

sorokinian

a 

 

Fragme

nts 

 

PS 

 

<70 

μm 

Sieving 

and 

macro 

imaging 

system 

      

 Xiao et al., 

2020 

Euglena 

gracilis 

 

Particle

s 

 

PS 

0.1 

and 

5 

μm 

 

DLS 

      

 Déniel et 

al., 2020 

Chlamydo

monas 

reinhardtii 

 

 

Fragme

nts 

 

 

PS 

 

158 

nm 

 

 

DLS 

      

 Liao et al., 

2020 

Euglena 

gracilis 

 

Particle

s 

 

PS 

05.4 

nm 

and 

5.02 

μm 

 

TEM 

and 

DLS 
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 Zheng et 

al., 2020 

Microcysti

s 

aeruginos

a 

 

Particle

s 

 

PS 

 

60 

nm 

Manufa

cturer 

informat

ion 

      

 Tunali et 

al., 2020 

Chlorella 

vulgaris 

 

Particle

s 

 

PS 

 

0.5 

μm 

Manufa

cturer 

informat

ion 

      

 Wang et al., 

2020 

Chlamydo

monas 

reinhardtii 

 

Particle

s 

 

PVC 

1.02 

m2/g

, 

and 

0.49 

m 

2/g 

 

BET 

      

   
    

  
    

Vascular 

plants 

Included 

in 4 

studies: 

4 

laborator

y, 0 field 

studies 

Kalčíková, 

Žgajnar 

Gotvajn et 

al. 2017 

Lemna 

minor 

 

 

 

 

Irregula

r 

 

 

 

 

PE 

 

 

71.3

0 ± 

34.2

9 

μm 

96.0

0 ± 

69.9

9 

μm 

 

 

 

SEM, 

light 

microsc

ope 

  
    

 
Mateos-

Cárdenas, 

Scott et al. 

2019 

Lemna 

minor 

 

Particle

s 

 

PE 

10-

45 μ

m 

Manufa

cturer 

informat

ion 

  
    

 
Dovidat, 

Brinkmann 

et al. 2020 

Spirodela 

polyrhiza 

 

Particle

s 

 

PS 

50 

nm 

and 

500 

nm 

Manufa

cturer 

informat

ion 

  
    

  Kalčíková 

et al., 2020 

Lemna 

minor 

 

Fragme

nts 

 

PE 

180.

5 ± 

118.

7 

μm 

 

FE-

SEM 
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Primary  

consumers 

  
      

 
    

    
    

  
    

 
 

Cladocer

ans 

Included 

in 43 

studies: 

43 

laborator

y, 0 field 

studies  

Imhof, 

Ivleva et al. 

2013 

Daphnia 

magna 

 

 

Fragme

nts 

 

 

PMMA 

 

 

29.5 

± 26 

µm 

Fluores

cence 

microsc

ope 

  
    

  
Panko, 

Kreider et 

al. 2013 

Ceriodaph

nia dubia 

Fragme

nts 

Road 

and tire 

wear  

<15

0 

µm 

Sieving 
  

    

  
Besseling, 

Wang, 

Lürling, & 

Koelmans, 

2014 

Daphnia 

magna 

 

Particle

s 

 

PS 

 

∼70 

nm 

 

SEM 

  
    

  
Mattsson, 

Ekvall et al. 

2015 

Daphnia 

magna 

 

Particle

s 

 

PS 

24.7 

± 

0.2 

and 

27.5 

nm 

 

DLS 

  
    

  
Ma, Huang 

et al. 2016 

Daphnia 

magna 

 

 

 

Particle

s 

 

 

 

PS 

25-

75,4

80 -

520 

nm, 

5-7, 

8-12 

and 

11-

16 

μm 

 

 

 

TEM 

  
    

  
Jemec, 

Horvat et 

al. 2016 

Daphnia 

magna 

 

Fibres 

 

PET 

60-

140

0 

μm 

Optical 

microsc

opy and 

SEM 
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Ogonowski, 

Schür et al. 

2016 

Daphnia 

magna 

Particle

s and 

fragmen

ts 

Cospher

ic 

propriet

ary and 

PE 

1-5 

μm 

and 

2.6 

± 

1.8 

μm  

Laser 

particle 

counter 

  
    

  
Rehse, 

Kloas et al. 

2016 

Daphnia 

magna 

 

Particle

s 

 

PE 

 

1-4 

μm 

and  

90-

106 

μm 

Stereom

icroscop

e 

  
    

  
Scherer, 

Brennholt 

et al. 2018 

Daphnia 

magna 

 

Particle

s 

 

PS 

1, 

10 

and 

90 

μm 

Manufa

cturer 

informat

ion 

  
    

  
Ziajahromi, 

Kumar et 

al. 2017 

Ceriodaph

nia dubia 

 

Fibres 

and 

Particle

s 

 

PET, 

PE 

280 

± 50 

μm, 

1-4 

μm 

Fluores

cent 

microsc

ope 

  
    

  
Mattsson, 

Johnson et 

al. 2017 

Daphnia 

magna 

 

Particle

s 

 

PS 

53 

and 

180 

nm 

 

DLS 

  
    

  
Imhof, 

Rusek et al. 

2017 

Daphnia 

magna 

 

 

 

 

 

 

 

 

 

 

Fragme

nts 

MIX A: 

PA, 

polycar

bonate, 

PET, 

PVC 

MIX B: 

Acrylon

itrile-

burtdien

e-

styrene 

terpoly

mer, 

plasticiz

ed PVC, 

 

 

 

 

 

 

 

 

 

 

~40 

μm 

 

 

 

 

 

 

 

 

 

 

Sieving 
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polyoxy

methyle

ne 

homopo

lymer 

and 

styrenea

crylonit

rile) 

copolym

er 
  

Rist, Baun, 

& 

Hartmann, 

2017 

Daphnia 

magna 

 

Particle

s 

 

PS 

100 

nm 

and 

2 

µm 

DLS 

and 

particle

s 

counter 

  
    

  
Rehse, 

Kloas et al. 

2018 

Daphnia 

magna 

 

Fragme

nts 

 

PA 

 

15-

20 

µm 

Manufa

cturer 

informat

ion 

  
    

  
Aljaibachi 

and 

Callaghan 

2018 

Daphnia 

magna 

 

Particle

s 

 

PS 

 

2 

µm 

Manufa

cturer 

informat

ion 

  
    

  
Chae, Kim 

et al. 2018 

Daphnia 

magna 

 

Particle

s 

 

PS 

 

60.3

9 

nm 

 

DLS 

  
    

  
Martins 

and 

Guilhermin

o 2018 

Daphnia 

magna 

 

Particle

s 

Cospher

ic 

propriet

ary 

1-5 

μm 

Manufa

cturer 

informat

ion 

  
    

  
Pacheco, 

Martins et 

al. 2018 

Daphnia 

magna 

 

 

Particle

s 

Cospher

ic 

propriet

ary 

1-5 

μm 

Manufa

cturer 

informat

ion and 

microsc

opy 

  
    

  
Jaikumar, 

Baas et al. 

2018 

1. 

Daphnia 

magna 

2. 

Daphnia 

pulex 

 

 

 

 

Particle

s, 

Cospher

ic 

propriet

ary and 

PE 

 

1-5 

μm 

and  

1-

10  μ

m  

 

 

 

Manufa

cturer 

informat
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3. 

Ceriodaph

nia dubia 

fragmen

ts 

ion and 

sieving  

  
Canniff and 

Hoang 

2018 

Daphnia 

magna 

 

Particle

s 

 

PE 

 

63-

75 

μm 

Manufa

cturer 

informat

ion 

  
    

  
Liu, Cai et 

al. 2018 

Daphnia 

pulex 

Particle

s 

PS 71.1

8 

nm 

TEM  
  

    

  
Liu, Yu et 

al. 2019 

Daphnia 

pulex 

Particle

s 

PS 75 

nm 

DLS 
  

    

  
Tang, 

Wang et al. 

2019 

Daphnia 

magna 

 

Particle

s 

 

PS 

 

1.25 

μm 

Manufa

cturer 

informat

ion 

  
    

  
Jaikumar, 

Brun et al. 

2019 

1. 

Daphnia 

magna 

2. 

Daphnia 

pulex 

3. 

Ceriodaph

nia dubia 

 

 

 

 

Particle

s, 

fragmen

ts 

Cospher

ic 

propriet

ary and 

PE 

1-5 

μm 

and 

1-

10 μ

m 

 

 

 

 

TEM 

  
    

  
Bosker, 

Olthof et al. 

2019 

Daphnia 

magna 

 

Particle

s 

PS 1-

5 μm  

Manufa

cturer 

informat

ion 

  
    

  
Colomer, 

Müller et 

al. 2019 

Daphnia 

magna 

 

Particle

s 

PS  

2.5-

30 μ

m 

Manufa

cturer 

informat

ion  

  
    

  
De Felice, 

Sabatini et 

al. 2019 

Daphnia 

magna 

 

Particle

s 

PS  

1 

and 

10u

m 

Manufa

cturer 

informat

ion 

  
    

  
Renzi, 

Grazioli et 

al. 2019 

Daphnia 

magna 

Fragme

nts 

PP, PE, 

PVC, 

PVC/PE 

10-

100 

μm 

Sieving, 

microsc

opy 

  
    

  
Saavedra, 

Stoll et al. 

2019 

Daphnia 

magna 

 

Particle

s 

PS 226.

4 

DLS 
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±8.6 

nm 
  

Reynolds, 

Giltrap et 

al. 2019 

Daphnia 

magna 

 

Particle

s 

PS 100 

± 10 

nm 

DLS 
  

    

  
Schrank, 

Trotter et 

al. 2019 

Daphnia 

magna 

 

Fragme

nts 

 

PVC 10-

60 μ

m 

Stereo 

microsc

ope 

  
    

  
Sadler, 

Brunner et 

al. 2019 

Daphnia 

magna 

 

Particle

s 

PS 575 

± 18

.9 n

m 

Confoca

l 

microsc

opy 

  
    

  
Taipale, 

Peltomaa et 

al. 2019 

Daphnia 

magna 

Fragme

nts 

PE <20 

µm 

Microsc

opy 

  
    

  Trestrail et 

al., 2020 

Daphnia 

magna 

 

Fragme

nts 

 

PF 

170.

4 ± 

147.

5 

μm 

SEM 

and 

Light 

microsc

opy 

      

  Aljaibachi 

et al., 2020 

Daphnia 

magna 

 

Particle

s 

 

PS 

 

15 μ

m 

Epi-

fluoresc

ent 

microsc

ope 

      

  Liu et al., 

2020 

Daphnia 

pulex 

 

Particle

s 

 

PS 

 

75 

nm 

TEM 

and 

DLS 

      

  Elizalde-

Velázquez 

et al., 2020 

Daphnia 

magna 

 

Particle

s 

 

PS 

 

5.46 

μm 

 

SEM 

      

  Kelpsiene 

et al., 2020 

Daphnia 

magna 

Particle

s 

PS 26, 

53 

and 

62 

nm 

DLS       

  Felten et 

al., 2020 

Daphnia 

magna 

 

Particle

s 

 

PE 

 

1-4 

μm 

Manufa

cturer 

informat

ion 

      

  Kalčíková 

et al., 2020 

Daphnia 

magna 

 

Fragme

nts 

 

PE 

180.

5 ± 

118.

Diffracti

on 

analyser 
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7 

μm 

  Xu et al., 

2020 

Daphnia 

magna 

 

 

Particle

s 

PS and 

PE, 

PET, 

PP, 

PE,PA 

for 

seconda

ry 

20 

nm 

and 

300 

nm-

17 

μm  

 

 

DLS 

      

  Hanslik et 

al., 2020 

Daphnia 

magna 

Particle

s 

PMMA 48 

μm 

Manufa

cturer 

informat

ion 

      

  Abdolahpur 

Monikh et 

al., 2020 

Daphnia 

magna 

 

 

Particle

s 

 

 

PS, PE 

730 

± 45 

nm, 

320 

± 28 

nm 

and 

410 

± 85 

nm 

 

TEM 

and 

NTA 

      

    
    

  
    

 
Crustacea

ns 

Included 

in 19 

studies:  

16 

laborator

y, 3 field 

studies 

Panko, 

Kreider et 

al. 2013 

Hyalella 

azteca 

 

 

Fragme

nts 

 

 

Road 

and tire 

wear  

 

 

<15

0 

µm 

 

 

Sieving 

*Lv, Zhou et 

al. 2019 

Procambar

us clarkii 

 

 

Fibres 

 

 

PE, PP 

 

 

<1  

mm 

Disse

cting 

micro

scope 

  
Imhof, 

Ivleva et al. 

2013 

Gammaru

s pulex, 

Notodrom

as 

monacha 

 

 

 

Fragme

nts 

 

 

 

PMMA 

 

 

29.5 

± 26 

µm 

 

Fluores

cence 

microsc

ope 

Iannilli et 

al., 2020 

Cryptorche

stia 

garbinii 

 

 

Fragment

s 

 

 

PA,PE 

 

~ 

55 

µm 

 

Infrar

ed 

micro

scope 
  

Au, Bruce 

et al. 2015 

Hyalella 

azteca 

 

Particle

s, fibres 

 

PE, PP 

10-

27 μ

m, 

Laser 

Measuri

ng 

Microsc

ope 

Nan et al., 

2020 

Paratya 

australiensi

s 

 

 

Fibres 

 

 

Rayon, 

PET 

 

0.1

9-

4.2

Stereo 

micro

scope 

and 
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20-

75 μ

m 

1 

mm 

image

J 

  
Blarer and 

Burkhardt-

Holm 2016 

Gammaru

s fossarum 

Particle

s, fibres 

PS, PA 1.6 

μm, 

500 

× 20 

μm  

Manufa

cturer 

informat

ion 

  
    

  
Scherer, 

Brennholt 

et al. 2017 

Gammaru

s pulex 

 

Particle

s 

 

PS 

1, 

10 

and 

90 

μm 

Fluores

cence 

microsc

opy 

  
    

  
Straub, 

Hirsch et 

al. 2017 

Gammaru

s fossarum 

 

 

Fragme

nts 

 

PHB 

and 

PMMA 

32-

63, 

63-

125 

and  

125-

250 

µm 

 

 

Sieving 

  
    

  
Redondo-

Hasselerha

rm, de 

Ruijter et 

al. 2018 

Gammaru

s pulex 

 

Fragme

nts 

 

Car tire 

 

~66 

μm 

Sieving 

and 

Masters

izer 

  
    

  
Weber, 

Scherer et 

al. 2018 

Gammaru

s pulex 

 

Fragme

nts 

PET 10-

150 

μm 

Sieving 

and 

SEM 

  
    

  
Redondo-

Hasselerha

rm, 

Falahudin 

et al. 2018 

Gammaru

s pulex, 

Hyalella 

azteca, 

Asellus 

aquaticus 

 

 

 

Fragme

nts 

 

 

 

PS 

 

 

 

20-

500 

μm 

 

 

 

Masters

izer 

  
    

  
Khan, 

Halle et al. 

2019 

Hyalella 

azteca 

 

Fragme

nts 

Tire 

rubber 

<50

0  

μm 

 

Sieving 

  
    

  
Saavedra, 

Stoll et al. 

2019 

Thamnoce

phalus 

platyurus 

 

Particle

s 

 

PS 

 

226.

4 

±8.6 

nm 

 

DLS 
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Mateos-

Cárdenas, 

Scott et al. 

2019 

Gammaru

s duebeni 

 

Particle

s 

PE  10-

45 

μm 

Manufa

cturer 

informat

ion 

  
    

  Yardy and 

Callaghan, 

2020 

Gammaru

s pulex 

 

Fibres 

Acrylic 200-

500 

μm 

Not 

stated 

      

  Bartonitz et 

al., 2020 

Gammaru

s roeseli 

 

Particle

s 

PA 40-

63 

μm 

 

Sieving 

      

  Mateos-

Cárdenas 

et al., 2020 

Gammaru

s duebeni 

 

Particle

s 

PE 10-

45 

μm 

 

SEM 

      

  Li et al., 

2020 

Macrobra

chium 

nipponens

e 

 

Particle

s 

PS 71.1

8 

nm 

 

TEM 

      

    
    

  
    

 
Gastropo

ds 

Included 

in 8 

studies: 

6 

laborator

y, 2 field 

studies 

Kratina, 

Watts et al. 

2019 

Gammaru

s pulex 

 

 

 

 

 

Particle

s 

PMMA  40.2

  

μm 

 

 

 

 

Manufa

cturer 

informat

ion 

Akindele, 

Ehlers et al. 

2019 

1. Lanistes 

varicus 

2. 

Melanoides 

tuberculata 

3. 

Theodoxus 

fluviatilis 

 

 

 

 

Fibres 

 

 

 

 

PE, PA, 

PP 

 

 

 

 

NA 

 

 

 

Digita

l 

micro

scope 

  
Imhof, 

Ivleva et al. 

2013 

Potamopy

rgus 

antipodar

um 

 

Fragme

nts 

 

PMMA 

 

29.5 

± 26 

µm 

Fluores

cence 

microsc

ope 

Xu et al., 

2020 

 

Bellamya 

aeruginosa 

 

 

Fibres 

PVAc, 

PS, 

PA, 

PET 

50- 

810 

μm 

Optic

al 

micro

scope 
  

Imhof and 

Laforsch 

2016 

Potamopy

rgus 

antipodar

um 

 

Fragme

nts 

PA, 

PET,  

polycar

bonate, 

PS, 

PVC 

118 

± 

105 

μm 

Digital 

image 

analysis 

system 

  
    

  
Horton et 

al., 2020 

Lymnaea 

stagnalis 

 

Fragme

nts 

 

PA 

 

13-

19 

 μm 

Coulter 

Counter 

  
    

  Trestrail et 

al., 2020 

Physa 

acuta 

 

Fragme

nts 

 

PF 

170.

4 ± 

147.

SEM 

and 

light 
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5 

μm 

microsc

opy 

  Qu et al., 

2020 

Cipangop

aludina 

cathayensi

s 

 

Particle

s 

 

PS 

 

700 

nm 

Manufa

cturer 

informat

ion 

      

              
 

Dipterans 

Included 

in 13 

studies: 

11 

laboartor

y, 2 field 

studies 

Scherer, 

Brennholt 

et al. 2017 

Physella 

acuta 

 

 

Particle

s 

 

 

PS 

 

1, 

10 

and 

90 

μm 

Fluores

cence 

microsc

opy 

Nel, Dalu et 

al. 2018 

Chironomu

s spp 

 

 

NA 

 

 

NA 

 

 

NA 

Disse

cting 

micro

scope 

  
Panko, 

Kreider et 

al. 2013 

Chironom

us dilutus 

 

Fragme

nts 

 

Road 

and tire 

wear  

 

<15

0 

µm 

 

Sieving 

Akindele et 

al., 2020 

1.Chirono

mus sp. 

2.L. viridis 

3.Siphlonur

us sp 

 

 

Fibres 

 

 

PET,PP 

 

 

NA 

 

Digita

l 

micro

scope 
  

Scherer, 

Brennholt 

et al. 2017 

Chironom

us riparius 

 

Particle

s 

 

PS 

1, 

10 

and 

90 

μm 

Fluores

cence 

microsc

opy 

      

  
Al-

Jaibachi, 

Cuthbert et 

al. 2018 

Culex 

pipiens 

 

Particle

s 

PS  2 

and 

15 

µm 

Manufa

cturer 

informat

ion 

  
    

  
Cuthbert, 

Al-Jaibachi 

et al. 2019 

1. 

Chaoboru

s flavicans 

2. Culex 

pipiens 

 

 

 

Particle

s 

 

 

 

PS 

 

 

 

2 μm 

 

 

Manufa

cturer 

informat

ion 

  
    

  
Al-

Jaibachi, 

Cuthbert et 

al. 2019 

Culex 

pipiens 

 

 

Particle

s 

 

 

PS 

2 ± 

0.2a

nd 

15.4

5 ± 

1.1μ

m 

Epi-

fluoresc

ent 

microsc

ope 
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Ziajahromi, 

Kumar et 

al. 2019 

Chironom

us tepperi 

 

Particle

s 

 

PE 

 

10-

27 

μm 

Manufa

cturer 

informat

ion 

  
    

  
Silva, Silva 

et al. 2019 

Chironom

us riparius 

 

 

 

Fragme

nts 

 

 

 

PE 

32-

63, 

63-

250  

and  

125-

500  

μm 

 

 

 

Sieving 

  
    

  
Scherer et 

al., 2020 

Chironom

us riparius 

 

Particle

s 

 

PVC 

<50 

μm 

 

Coulter 

Counter 

  
    

  
Khosrovyan 

and Kahru, 

2020 

Chironom

us riparius 

 

Fragme

nts 

 

PA 

 

10-

180 

μm 

Nikon 

1270 

imaging 

software 

  
    

  Hanslik et 

al., 2020 

Chironom

us riparius 

 

Particle

s 

 

PMMA 

 

48 

μm 

Manufa

cturer 

informat

ion 

      

              
 

Bivalves 

included 

in 21 

studies: 

14 

laborator

y, 7 field 

studies 

Rochman, 

Parnis et 

al. 2017 

Corbicula 

fluminea 

 

 

Fragme

nts 

 

 

PET, 

PE  

PVC, 

PS 

 

198,

209 

169 

and 

179 

μm 

 

Custom 

Processi

ng 

Services 

Su, Xue et 

al. 2016 

Corbicula 

fluminea 

 

 

Fibres 

 

 

cellophan

e, PET, 

PP 

 

 

333

-

100

0 

μm 

 

 

Stereo 

micro

scope 

  
Guilhermin

o, Vieira et 

al. 2018 

Corbicula 

fluminea 

 

Particle

s 

Cospher

ic 

propriet

ary 

1-5 

μm 

dia

mete

r 

Manufa

cturer 

informat

ion 

Su, Cai et 

al. 2018 

Corbicula 

fluminea 

 

Fibres 

 

PP, PET 

0.0

21-

4.0

2 

mm 

Micro

scopy 

  
Magni, 

Gagné et 

al. 2018 

Dreissena 

polymorph

a 

 

 

Particle

s 

 

 

PS 

 

 

1 

and 

10 

µm 

 

Manufa

cturer 

informat

ion 

Domogalla-

Urbansky, 

Anger et al. 

2019 

(controlled 

field-based 

study) 

Unio 

pictorum 

 

 

NA 

PVC, PP  6-

80 

μm 

Confo

cal 

Rama

n 

Micro

scope 
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Oliveira, 

Barboza et 

al. 2018 

Corbicula 

fluminea 

 

 

Particle

s 

Cospher

ic 

propriet

ary 

1-5 

μm 

dia

mete

r 

Manufa

cturer 

informat

ion and 

Microsc

opy 

Schessl, 

Johns et al. 

2019 

Dreissena 

polymorph

a and D. 

bugensis 

 

 

None 

found 

 

 

NA 

 

 

NA 

 

Disse

cting 

micro

scope 

  
Li, Su et al. 

2019 

Corbicula 

fluminea 

 

 

 

 

 

Fibres 

 

 

 

 

 PEA,  

 PET, 

AC, 

PA), 

RA, 

PVA 

5-

100,

100-

250,  

250-

500, 

500-

100

0 

and 

100

0-

500

0 

 μm 

 

 

 

 

 

LUMOS 

μ-FT-IR 

Berglund, 

Fogelberg 

et al. 2019 

Anodonta 

anatina 

 

 

 

 

Fibres 

 

 

 

 

NA 

 

 

 

 

NA 

 

 

 

Light 

micro

scopy 

  
Magni, 

Della Torre 

et al. 2019 

Dreissena 

polymorph

a 

 

 

Particle

s 

 

 

 

PS 

 

1 

and 

10 μ

m 

Confoca

l 

microsc

opy 

Baldwin et 

al., 2020 

Dreissena 

bugensis 

and 

Corbicula 

fluminea 

 

 

Fibres 

 

 

NA 

 

 

NA 

 

Stereo

scope 

  
Merzel, 

Purser et 

al. 2019 

Dreissena 

rostrformi

s bugensis 

 

 

Particle

s 

 

 

PS 

200, 

100

0 

and 

200

0 

nm 

 

 

AFM‐IR 

Wardlaw 

and Prosser, 

2020 

Lasmigona 

costata 

 

 

Fragment

s 

 

Polypropy

lene-co-

ethylene, 

PP 

 

21- 

298 

μm 

Filteri

ng 

screen

s and 

stereo

micro

scope 
  

Baudrimont 

et al., 2020 

Corbicula 

fluminea 

 

 

Fragme

nts 

 

 

PE 

 

 

<0.4

5 

µm 

Filtratio

n and 

total 

organic 

carbon 

measure

ments 

      

  Auclair et 

al., 2020 

Elliptio 

complanat

a 

 

Particle

s 

 

PS 

 

50 

nm 

Manufa

cturer 

informat

ion 
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  Pedersen et 

al., 2020 

Dreissena 

bugensis 

 

Particle

s 

 

PE 

 

10-

45 

μm 

Manufa

cturer 

informat

ion 

      

  Weber et 

al., 2020 

Dreissena 

polymorph

a 

 

Fragme

nts 

 

PS 

 

2-60 

μm 

Sieving 

and 

Coulter 

Counter 

      

  Magni et 

al., 2020 

Dreissena 

polymorph

a 

 

 

Fragme

nts 

 

PVC, 

Mater-

Bi® 

56 ± 

35 

μm 

and  

41 ± 

36 

μm 

 

 

DLS 

      

  Webb et al., 

2020 

Perna 

canaliculu

s 

 

Particle

s 

 

PE 

 

38-

45 

μm 

Manufa

cturer 

informat

ion 

      

  Facchetti et 

al., 2020 

Unio 

elongatulu

s 

 

Particle

s 

PVC( 

platinu

m 

octaethy

lporphy

rin 

doped) 

62 ± 

1, 

120 

± 5, 

and 

380 

± 80 

µm 

 

Masters

izer 

      

              
 

Annelids 

Included 

in 7 

studies: 

6 

laborator

y, 1 field 

studies 

Imhof, 

Ivleva et al. 

2013 

Lumbricul

us 

variegatus 

 

 

Fragme

nts 

 

 

PMMA 

 

 

29.5 

± 26 

µm 

 

Fluores

cence 

microsc

ope 

Hurley, 

Woodward 

et al. 2017 

Tubifex 

tubifex 

 

 

 

Fibres 

 

 

 

PS, PE, 

PP 

 

 

847 

± 

673 

μm 

 

Stereo 

Zoom 

Micro

scope 

  
Scherer, 

Brennholt 

et al. 2017 

Lumbricul

us 

variegatus 

 

Particle

s 

 

PS 

1, 

10 

and 

90 

μm 

Fluores

cence 

microsc

opy 

      

  
Redondo-

Hasselerha

rm, de 

Tubifex 

spp.  

 

 

 

 

Car tire 
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Ruijter et 

al. 2018 

Fragme

nts 

~66 

μm 

Masters

izer 
  

Redondo-

Hasselerha

rm, 

Falahudin 

et al. 2018 

Lumbricul

us 

variegatus 

 

 

Fragme

nts 

 

 

PS 

 

20- 

500 

μm 

 

 

Masters

izer 

  
    

  
Scopetani 

et al., 2020 

Tubifex 

tubifex 

 

Particle

s 

 

PE 

 

10 

µm 

Manufa

cturer 

informat

ion 

  
    

  Castro et 

al., 2020 

Allonais 

inaequalis 

 

Particle

s 

 

PE 

 

40-

48 

μm 

Light 

microsc

opy 

      

              
 

Others 

Included 

in 11 

studies: 

10 

Laborator

y, 1 field 

studies 

Imhof, 

Ivleva et al. 

2013 

Notodrom

as 

monacha 

 

 

 

Fragme

nts 

 

 

 

PMMA 

 

 

 

29.5 

± 26 

µm 

 

 

Fluores

cence 

microsc

ope 

Windsor, 

Tilley et al. 

2019 

Baetidae, 

Heptagenii

dae  

and 

Hydropsyc

hidae 

 

 

 

NA 

 

 

 

NA 

 

 

 

0.5-

5m

m 

Light 

micro

scopy, 

bright

- and 

dark-

field 

spectr

oscop

y 

  Fueser, 

Mueller et 

al. 2019 

Caenorha

bditis 

elegan, 

Panagrola

imus 

thieneman

ni, Plectus 

acuminatu

s, 

Poikilolai

mus 

regenfussi 

and 

Acrobeloi

des nanus 

 

 

 

 

 

 

 

Particle

s 

 

 

 

 

 

 

 

PS 

 

 

 

0.47 

± 

0.01

, 

0.91 

± 

0.01

, 

3.00 

± 

0.15

, 

6.10 

± 

0.24 

 

 

 

 

 

 

Fluores

cence 

microsc

ope 
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and 

10.1

0 ± 

0.71 

μm 
  

Murphy 

and Quinn 

2018 

Hydra 

attenuata 

 

Flakes 

 

PE 

 

<40

0 

μm 

 

Sieving 

      

  
Gambino et 

al. 2020 

Dugesia 

japonica 

 

Particle

s and 

fibres 

 

PE and 

PET 

1-

10, 

10-

27 

and 

6, 

30 

um  

 

Microsc

opy 

  
    

  Shang et 

al., 2020 

Caenorha

bditis 

elegans 

 

Particle

s 

 

PS 

 

1 

and 

5 

μm 

 

SEM 

      

  López-Rojo 

et al., 2020 

Sericosto

ma 

pyrenaicu

m 

 

Particle

s 

 

PS 

 

10 

μm 

Manufa

cturer 

informat

ion 

      

  Ehlers et 

al., 2020 

Lepidosto

ma basale 

 

Fragme

nts 

 

PVC,PE

T 

200-

500 

μm 

 

Sieving 

      

  Banaee et 

al., 2020 

Emys 

orbiculari

s 

 

Particle

s 

 

PE 

 

<0.2 

mm 

Manufa

cturer 

informat

ion 

      

   

 

 

Fueser et 

al., 2020 

Nematode

s, 

rotifers,cr

ustaceans 

 

 

 

 

 

Particle

s 

 

 

 

 

 

PS 

0.47 

± 

0.01

, 

0.91 

± 

0.01

, 

3.00 

± 

0.15

 

 

 

 

Fluores

cence 

microsc

ope 
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, 

6.10 

± 

0.24 

and 

10.1

0 ± 

0.71 

μm 

  Drago et 

al., 2020 

Brachionu

s 

calycifloru

s 

 

 

Particle

s 

 

 

PS 

1.03

, 

3.06

, 

and 

5.73 

μm 

 

Manufa

cturer 

informat

ion 

      

              

Secondary 

consumers 

   
    

  
    

 
Amphibia

ns 

Included 

in 7 

studies: 

5 

laborator

y, 2 field 

studies 

Hu, Su et 

al. 2016 

Xenopus 

tropicalis 

 

 

 

 

 

 

Particle

s 

 

 

 

 

 

 

PS 

 

 

 

 

 

 

1 

and 

10 

µm 

 

 

 

 

 

Manufa

cturer 

informat

ion 

Hu, 

Chernick et 

al. 2018 

Microhyla 

ornata,  

Rana 

limnochari, 

and 

Pelophylax 

nigromacul

atus 

and/or 

toads (Bufo 

gargarizan

s) 

 

 

 

 

 

 

Fibres 

 

 

 

 

 

 

PES, PP, 

PE 

 

 

 

 

 

<0.

5 -2 

mm 

 

 

 

 

 

Stereo

micro

scope 

  
De Felice, 

Bacchetta 

et al. 2018 

Amphibian 

Xenopus 

laevis 

 

 

 

 

 

Particle

s 

 

 

 

 

 

PS 

 

 

 

 

2.75

 ± 0.

09 

μm 

 

 

 

 

 

SEM 

Kolenda et 

al., 2020 

1.Bufo bufo 

2.Rana 

temporaria 

3.Pelophyl

ax 

esculentus 

complex 

4.Pelobates 

fuscus 

5.Hyla 

arborea 

 

 

 

 

 

Fibres 

 

 

 

 

PA, 

Polyisopr

ene 

 

 

 

 

0.5-

2.2 

mm 

 

 

 

 

Stereo

micro

scope 

  
Araújo et 

al., 2020 

Physalaem

us cuvieri 

  

PE 

35.4

6 ± 

 

SEM 
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Particle

s 

18.1

7 μm 
  

Boyero et 

al., 2020 

Alytes 

obstetrica

ns 

 

Particle

s 

 

PS 

 

10 

μm 

Manufa

cturer 

informat

ion 

  
    

  Araújo and 

Malafaia, 

2020 

Physalaem

us cuvieri 

 

Particle

s 

 

PE 

35.4

6 

μm 

± 

18.1

7 

μm 

 

SEM 

      

              
 

Fish 

Included 

in 90 

studies: 

45 

laborator

y, 45 field 

studies 

Oliveira, 

Ribeiro et 

al. 2013 

Pomatosc

histus 

microps 

 

Particle

s 

 

PE 

 

1-5 

μm 

Manufa

cturer 

informat

ion 

Sanchez, 

Bender et 

al. 2014 

Gobio 

Gobio 

 

Fibres 

 

NA 

 

NA 

Disse

cting 

micro

scope 

  
Panko, 

Kreider et 

al. 2013 

Pimephale

s promelas 

 

 

Fragme

nts 

 

 

Road 

and tire 

wear  

 

 

<15

0 

µm 

 

 

Sieving 

Phillips and 

Bonner 

2015 

44 species  

 

 

Film, 

Fibres 

 

 

PP,  

PET, 

PMMA, 

PS, PA 

73 

± 

98.

6 

μm2 

160 

± 

245 

μm2 

 

Disse

cting 

micro

scope 

and 

FT-IR 

  
Khan, 

Syberg et 

al. 2015 

Danio 

rerio 

 

 

 

 

Particle

s 

 

 

 

 

PE 

 

 

 

 

59 ± 

19 

μm 

 

 

 

 

Microsc

opy 

Faure, 

Demars et 

al. 2015 

1. Alburnus 

alburnus 

2. Perca 

fluviatilis 

3. Rutilus 

rutilus 

4. 

Leuciscus 

leuciscus 

 

 

 

 

Fibres, 

fragments 

 

 

 

 

PE,PP 

 

 

NA 

(re

por

ted 

as 

wei

ght) 

 

 

 

Stereo

micro

scope, 

FT-IR 

  
Mattsson, 

Ekvall et al. 

2015 

Carassius 

carassius 

 

 

Particle

s 

 

 

PS 

 

24.7 

± 

0.2 

 

 

DLS 

Peters and 

Bratton 

2016 

1. Lepomis 

macrochiru

s 

 

 

Fibres 

 

 

NA 

 

 

NA 
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and 

27.5 

nm 

2. Lepomis 

megalotis 

Stereo

micro

scope 
  

Batel, Linti 

et al. 2016 

Danio 

rerio 

 

 

 

Particle

s 

 

 

Cospher

ic 

propriet

ary, PE 

 

 

1-

5 μm 

and 

10-

20 

um 

 

 

Manufa

cturer 

informat

ion 

Biginagwa, 

Mayoma et 

al. 2016 

1. Lates 

niloticus 

2. 

Oreochrom

isniloticus 

 

 

 

 

NA 

PE, PUR  

PET, 

polyethyle

ne/polypr

opylene 

co-

polymer 

and 

silicone 

rubber 

 

 

 

>0.

5m

m 

 

 

Disse

ction 

micro

scope 

  
Fonte, 

Ferreira et 

al. 2016 

Pomatosc

histus 

microps 

 

 

Particle

s 

 

 

PE 

 

 

1-5 

μm 

 

Manufa

cturer 

informat

ion 

Pazos, 

Maiztegui et 

al. 2017 

11 species  

 

Fibres 

 

 

NA 

 

0.0

6 -

4.7 

mm 

 

Stereo

micro

scope 

  
Karami, 

Romano et 

al. 2016 

Clarias 

gariepinus 

 

 

 

 

 

 

 

 

Fragme

nts 

 

 

 

 

 

 

 

 

LDPE 

 

 

 

 

 

 

 

 

<60 

µm 

 

 

 

 

 

 

 

 

Masters

izer 

Campbell, 

Williamson 

et al. 2017 

1. Esox 

lucius 

2. 

Catostomus 

commerson

i  

3. Notropis 

atherinoide

s 

4. 

Pimephales 

promelas 

5. Eucalia 

inconstans 

 

 

 

 

 

 

 

 

Fibres, 

fragments 

 

 

 

 

 

 

 

 

NA 

 

 

 

 

 

 

 

 

NA 

 

 

 

 

 

 

 

Disse

ction 

micro

scope 

  
Lu, Zhang 

et al. 2016 

Danio 

rerio 

 

 

 

Particle

s 

 

 

 

PS 

 

 

70 

nm, 

5 

μm, 

and 

20 

μm 

 

 

DLS, 

fluoresc

ence 

microsc

opy 

Roch and 

Brinker 

2017 

1. 

Neogobius 

melanosto

mus 

2. Barbus 

barbus 

 

 

 

Fragment

s 

 

 

 

NA 

 

 

264 

-

290

7 

μm 

 

 

Disse

cting 

micro

scope 

  
Wardrop, 

Shimeta et 

al. 2016 

Melanotae

nia 

fluviatilis 

 

Fragme

nts 

 

PE 

  

Microsc

opy 

Vendel, 

Bessa et al. 

2017 

69 species  

Fibres 

 

NA 

 

NA 

Stereo

scopic 
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10-

700 

μm 

micro

scope 

  
Mattsson, 

Johnson et 

al. 2017 

Carassius 

carassius 

 

Particle

s 

 

PS 

53 n

m 

and 

180 

nm 

 

DLS 

Zhang, 

Xiong et al. 

2017 

13 species  

Fibres, 

sheets 

 

PE,PA 

 

0.3- 

1.8 

mm 

Stereo

scopic 

micro

scope 

  
Karami, 

Groman et 

al. 2017 

Danio 

rerio 

 

 

 

 

 

 

 

 

 

 

Fragme

nts 

 

 

 

 

 

 

 

 

 

 

LDPE 

 

 

 

 

 

 

 

 

 

 

~10.

9 

μm 

 

 

 

 

 

 

 

 

 

 

Masters

izer 

Jabeen, Su 

et al. 2017 

1. Cyprinus 

carpio 

2. 

Carassius 

auratus 

3. 

Hypophthal

michthys 

molitrix 

4. 

Pseudorasb

ora parva 

5. 

Megalobra

ma 

amblyceph

ala 

6. 

Hemiculter 

bleekeri 

 

 

 

 

 

 

 

 

 

 

Fibres 

 

 

 

 

 

 

 

 

 

 

Cellophan

e, PE, 

PET 

 

 

 

 

 

 

 

 

 

 

0.0

4-5 

mm 

 

 

 

 

 

 

 

 

 

Stereo 

micro

scope 

  
Rochman, 

Parnis et 

al. 2017 

Acipenser 

transmont

anus 

 

 

 

Fragme

nts 

 

 

 

PET, 

PE  

PVC, 

PS 

 

 

198,

209,

169 

and 

179 

μm 

 

 

Custom 

Processi

ng 

Services 

Silva-

Cavalcanti, 

Silva et al. 

2017 

Hoplostern

um littorale 

 

 

 

Fibres 

 

 

 

NA 

 

 

 

NA 

 

Disse

cting 

micro

scope 

  
Wagner, 

Wang et al. 

2017 

Oryzias 

latipes 

 

 

Fragme

nts 

 

PVC, 

PE, PP, 

PS, 

PET 

 

100-

200

0 

µm 

Custom 

Processi

ng 

Services 

and 

FTIR 

McGoran, 

Clark et al. 

2017 

1. 

Platichthys 

flesus 

2. Osmerus 

eperlanus 

 

 

Fibres 

 

PA, PET, 

AC,PE 

polyester-

nylon mix  

 

 

NA 

 

Disse

cting 

micro

scope 
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Ravit et al. 

2017 

Danio 

rerio 

 

 

Fragme

nts 

PE, PP, 

polyethy

lene-

vinyl 

acetate 

copolym

er 

 

 

<2m

m 

 

 

Sieving 

Xiong, 

Zhang et al. 

2018 

Gymnocypr

is 

przewalskii 

 

 

Fibres 

 

 

PE, PS, 

PA, PP 

 

 

NA 

 

Stereo

micro

scope 

  
Chae, Kim 

et al. 2018 

1. Oryzias 

sinensis 

2. Zacco 

temminckii  

 

 

 

Particle

s 

 

 

 

PS 

 

 

 

60.3

9 

nm 

 

 

 

DLS 

Horton, 

Jürgens et 

al. 2018 

Rutilus 

rutilus 

 

 

 

Fibres, 

fragments 

 

 

 

PE, PP, 

PET 

 

 

 

NA 

 

 

Binoc

ular 

micro

scope 
  

Wen, Zhang 

et al. 2018 

Symphyso

don 

aequifasci

atus 

 

 

Particle

s 

 

 

PE 

 

70-

88 μ

m 

 

 

DLS 

McNeish, 

Kim et al. 

2018 

11 species  

 

Fibres 

PE, 

polyacryl

onitrile, 

polyacetal

, polyvinyl 

acetate 

 

 

<1.

5 m

m 

 

Disse

cting 

micro

scope

s 
  

Lei, Wu et 

al. 2018 

Danio 

rerio 

 

Fragme

nts 

Particle

s 

 

PA, PE, 

PP, 

PVC 

and PS 

~70 

μm 

And 

0.1, 

1, 5 

μm 

Sieving 

and 

microsc

opy and 

DLS 

Collard, 

Gasperi et 

al. 2018 

Squalius 

cephalus 

 

Fibres, 

fragments 

 

PET,PP,P

AN 

 

147

- 

567 

μm 

 

Stereo

micro

scope 

  
Ding, 

Zhang et al. 

2018 

Oreochro

mis 

niloticus 

 

Particle

s 

 

PS 

 

0.1 

μm 

 

TEM 

Andrade, 

Winemiller 

et al. 2019 

16 species  

Fibres 

 

PE,PVC, 

PA, PP 

 

1-

15 

mm 

 

Stereo

micro

scope 
  

Malinich, 

Chou et al. 

2018 

Pimephale

s promelas 

 

 

Particle

s 

 

 

PE 

425-

500

μm 

180-

212 

μm 

 

Manufa

cturer 

informat

ion 

Slootmaeker

s, Catarci 

Carteny et 

al. 2019 

Gobio 

gobio 

 

 

Foam 

 

EVA, PP, 

PET, PVC 

 

<2 

mm 

Stereo

micro

scope 

and 

macro

scope 
  

LeMoine, 

Kelleher et 

al. 2018 

Danio 

rerio 

 

 

Particle

s 

 

 

PE 

 

10-

45 μ

m 

 

Manufa

cturer 

informat

ion 

Lv, Zhou et 

al. 2019 

Monopteru

s albus 

 

 

Fibres 

 

 

PE,PP 

 

 

<1  

mm 

Micro

scopy, 

dissec

ting 

micro

scope 
  

Jabeen, Li 

et al. 2018 

Carassius 

auratus 

 

 

 

 

0.7 - 

5.0 

mm, 

 

 

Yuan, Liu et 

al. 2019 

Carassius 

auratus 

 

 

 

 

 

 

 

 

 

Disse

cting 
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Fibres, 

fragmen

ts, 

pellets 

EVA, 

PS, PA 

2.5-

3.0 

mm, 

4.9-

5.0 

mm 

Raman 

Microsc

ope 

Fibres PP, PE < 0.

5 m

m 

micro

scope 

  
Zhang, 

Ding et al. 

2019 

Oreochro

mis 

niloticus 

 

Particle

s 

 

PS 

 

0.1 

μm 

 

SEM 

Su, Nan et 

al. 2019 

Gambusia 

holbrooki 

 

Fibres 

 

PET, RA, 

PA 

0.0

9- 

4.8

6 m

m 

Stereo 

micro

scope 

  
Kim, Chae 

et al. 2019 

Danio 

rerio 

 

Particle

s 

 

PE 

 

247.

5 ± 

14.4

μm 

 

Microsc

opy 

Ryan, 

Watkins et 

al. 2019 

Alosa 

aestivalis 

 

Fibres 

 

NA 

0.3

35-

5.0 

mm 

Disse

cting 

micro

scope 

  
Liu, Wang 

et al. 2019 

Danio 

rerio 

 

Particle

s 

 

PS 

 

50-

100 

nm 

 

TEM 

Roch, 

Walter et al. 

2019 

22 species  

Fragment

s, fibres 

 

NA 

 

<5 

mm 

Disse

cting 

micro

scope 
  

Qiang and 

Cheng 

2019 

Danio 

rerio 

 

 

Particle

s 

 

 

PS 

 

 

1 μm 

Fluores

cence 

microsc

ope and 

DLS 

Blettler, 

Garello et 

al. 2019 

Prochilodu

s lineatus 

 

 

NA 

 

 

NA 

 

0.5- 

3 m

m 

Disse

cting 

micro

scope 

  
 

 

 

 

 

 

 

 

 

Trevisan, 

Voy et al. 

2019 

 

 

 

 

 

 

 

 

 

Danio 

rerio 

 

 

 

 

 

 

 

 

 

 

 

 

 

Particle

s

  

 

 

 

 

 

 

 

 

 

 

 

 

 

PS 

 

 

 

 

 

 

 

 

 

 

 

 

 

44 

nm 

 

 

 

 

 

 

 

 

 

 

 

 

 

DLS 

 

 

 

 

 

 

 

 

 

Zheng, Fan 

et al. 2019 

1.Hypophth

almichthys 

molitrix.  

2.Ctenopha

ryngodon 

idella 

3.Megalobr

ama 

hoffmanni 

4.Squaliob

arbus 

curriculus 

5.Cirrhinus 

molitorella 

6.Cyprinus 

carpio 

7.Carassius 

gibelio 

8.Coptodon 

 

 

 

 

 

 

 

 

 

 

 

 

Fibres, 

fragments 

 

 

 

 

 

 

 

 

 

 

 

 

PET, PE 

 

 

 

 

 

 

 

 

 

 

 

1-5 

mm 

 

 

 

 

 

 

 

 

Stereo 

micro

scope 

and 

binoc

ular 

micro

scope 
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zillii 

9.Channa 

maculata 
  

Limonta, 

Mancia et 

al. 2019 

Danio 

rerio 

 

 

 

Fragme

nts 

 

 

 

HDPE, 

PS 

 

 

 

90% 

<90 

µm 

 

 

 

Manufa

cturer 

informat

ion 

Urbanski et 

al., 2020 

Prochilodu

s lineatus 

 

 

 

NA 

 

 

 

NA 

 

 

0.1

8-

12.

3 

mm 

 

 

Stereo

micro

scope 

  
Parenti, 

Ghilardi et 

al. 2019 

Danio 

rerio 

 

 

 

Particle

s 

 

 

 

PS 

 

 

 

0.5 

μm 

 

Confoca

l 

microsc

opy and 

DLS 

Hurt et al., 

2020 

1.Dorosom

a 

cepedianu

m 

2. 

Micropteru

s salmoides 

 

 

 

NA 

 

 

 

NA 

 

 

 

NA 

 

 

Stereo

micro

scope 

  
Mbedzi et 

al., 2020 

Tilapia 

sparrmani

i 

 

Particle

s 

 

PE 

 

125  

μm 

Manufa

cturer 

informat

ion 

Kuśmierek 

and 

Popiołek, 

2020 

1.Gobio 

gobio 

2.Rutilus 

rutilus 

 

Fibres 

 

NA 

 

0.5-

5 

mm 

 

Stereo

micro

scope 

   

 

 

 

 

 

 

 

Malafaia et 

al., 2020 

 

 

 

 

 

 

 

 

Danio 

rerio 

 

 

 

 

 

 

 

 

 

 

 

Particle

s 

 

 

 

 

 

 

 

 

 

 

 

PE 

 

 

 

 

 

 

 

 

 

 

38.2

6 ± 

15.6

4 µ

m 

 

 

 

 

 

 

 

 

 

 

 

SEM 

 

 

 

 

 

 

 

 

 

Kasamesiri 

and 

Thaimuangp

hol, 2020 

1.Mystus 

bocourti 

2.Puntioplit

es 

proctozysro

n 

3.Henicorh

ynchus 

siamensis 

4.Laides 

longibarbis 

5.Labiobar

bus 

siamensis 

6.Cyclochei

lichthys 

repasson 

7.Hemibag

rus 

spilopterus 

8.Labeo 

chrysophek

adion 

 

 

 

 

 

 

 

 

 

 

 

Fibres 

 

 

 

 

 

 

 

 

 

 

 

NA 

 

 

 

 

 

 

 

 

 

 

0.0

3-

3.8

4 

mm 

 

 

 

 

 

 

 

 

 

 

Stereo

micro

scope 
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  Hamed et 

al., 2020 

Oreochro

mis 

niloticus 

 

 

 

 

 

 

 

Particle

s 

 

 

 

 

 

 

 

Not 

given 

 

 

 

 

 

 

 

>10

0 

nm 

 

 

 

 

 

 

Manufa

cturer 

informat

ion 

Park et al., 

2020 

1.Cyrinus 

carpio 

2.Carassius 

cuvieri 

3.Lepomis 

macrochiru

s 

4.Micropte

rus 

salmoides 

5.Silurus 

asotus 

6.Channa 

argus 

 

 

 

 

 

 

 

Fragment

s 

 

 

 

 

 

 

 

PFTE, PE 

and rayon 

 

 

 

 

 

 

0.3-

0.6 

mm 

 

 

 

 

 

 

FTIR 

Micro

scopy 

  Trestrail et 

al., 2020 

Danio 

rerio 

 

 

Fragme

nts 

 

 

PF 

170.

4 ± 

147.

5 

μm 

SEM 

and 

Light 

microsc

opy 

Baldwin et 

al., 2020 

1.Morone 

saxatilis 

2.Cyprinus 

carpio 

 

 

Fibres 

 

 

NA 

 

 

NA 

 

 

Stereo

scope 

   

 

 

 

 

 

 

 

 

Roch et al., 

2020 

 

 

 

1.Oncorhy

nchus 

mykiss 

2.Thymall

us 

thymallus 

3.Cyprinu

s carpio 

4.Carassiu

s 

carassius 

 

 

 

 

 

 

 

 

 

 

Fragme

nts 

 

 

 

 

 

 

 

 

 

PE,PP,

PS,EPS,

PET,PV

C 
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APPENDIX 3 
 

Table S4.1. Hydrological and physical properties of sampling locations.  

[km2, square kilometres; m3 s-1, cubic meters per second; m s-1, meters per second; m, meters; km, 

kilometres; g, grams; MP, microplastic; Kg, kilograms; L, litres] 

 

ID Latitude Longitude Size of 

catchmen

t km2 

Discharg

e m3 s-1 

Average 

velocity  

m s-1 

Distance 

from 

reservoir

(s) (m) 

 
sediment 

weight (g) 

A       B 

MP 

per 

Kg-1 

M

P  

L-1 

B1 39.981 -

105.454 

106.708 0.29 0.252 3719 35.89 35.2

7 

182 0.12 

B3 40.004 -

105.407 

114.737 0.23 0.261 9711 35.60 35.8

9 

98 0.12 

B9 40.006 -

105.330 

264.179 0.40 0.201 18150 36.05 36.2

8 

97 0.04 

B10 40.014 -

105.325 

269.359 0.45 0.272 19676 35.44 35.3

6 

141 0.17 

B12 40.012 -

105.304 

336.699 0.50 0.319 22266 35.20 35.6

9 

253 0.26 

B15 40.013 -

105.295 

336.699 0.40 0.158 23322 36.92 35.2

7 

209 0.28 
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B17 40.014 -

105.284 

341.879 0.46 0.276 24286 35.22 35.3

3 

170 0.25 

B19 40.014 -

105.280 

352.239 0.49 0.256 24678 36.00 35.7

5 

279 0.28 

B24 40.010 -

105.265 

352.239 0.12 0.137 26073 33.31 35.1

8 

309 0.62 

B27 40.011 -

105.254 

352.239 0.14 0.140 27097 35.88 35.3

5 

140 0.26 

B28.

5 

40.015 -

105.242 

360.009 0.14 0.130 28272 35.87 35.9

8 

195 0.16 

B33 40.038 -

105.212 

745.917 0.24 0.115 32777 35.27 35.7

9 

183 0.26 

B34 40.052 -

105.178 

790.000 0.54 NA 36721 34.89 35.9

7 

169 0.1 

S1 39.938 -

105.348 

241.905 2.48 0.471 1515 35.78 35.4

2 

98 0.16 

S4 39.932 -

105.281 

48.174 0.18 0.324 12319 35.97 35.8

3 

167 0.02 

S6 39.935 -

105.271 

50.764 0.25 0.170 13354 35.67 35.8

1 

139 0.06 

S9 39.953 -

105.241 

68.894 0.29 0.437 17352 35.12 35.7

3 

155 0.04 

S11 39.959 -

105.233 

76.664 0.29 0.238 18454 35.28 35.4

2 

139 0.08 
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S13 39.985 -

105.221 

87.024 0.30 0.158 21952 36.11 35.5

6 

168 0.12 

S14 40.014 -

105.216 

87.024 0.06 0.048 23848 30.75 36.6

6 

107 0.14 

S15 40.014 -

105.215 

105.154 0.08 0.159 25630 35.60 34.0

9 

171 0.16 

 

 

S4.1 Microplastic extraction 

Sediment samples were oven dried at 50 °C until constant weight was achieved, before being 

homogenized. Sediment-Microplastic Isolation (SMI) units and ZnCl2 (density = 1.5 g cm-3) was 

used for density separation (Coppock et al., 2017; Nel et al., 2019), with approximately 35 g (Table 

S4.1) of sediment transferred to the SMI unit with 750 mL of ZnCl2 and stirred at low speed using 

a magnetic stirrer before being left to settle overnight. The supernatant was then collected by 

decanting the SMI units over a 63 µm sieve, after which the upper part of the unit was removed 

and rinsed through the sieve (Nel et al., 2019). The contents of the sieve were rinsed into 250-mL 

glass beakers, using 30% H2O2, before Fe2+ (aq) (0.05 M) was added as a catalyst (ratio of 1:10) to 

facilitate organic matter oxidation (Margenat et al., 2021; Masura, et al. 2015). Samples were 

covered with loose aluminium foil lids enabling any heat/gas to escape but preventing airborne 

contamination and then left for at least 24 h at ambient room temperature. 

After digestion had ceased, samples were decanted through a 63 µm sieve and backwashed 

into beakers with DI-water before staining with Nile Red (5µg mL-1). Staining occurred over a one-
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hour period, throughout which beakers were gently shaken repeatedly. Samples were then filtered 

onto glass-fibre GF/D filters (Whatman, 47 mm diameter, 2.7 µm pore size) using a glass vacuum-

filtration system and a vacuum pump. The funnel of the filtration system was rinsed with DI-water 

to ensure no particles had adhered to the sides. Yellow goggles and UV-light were used to inspect 

sample beakers and the filtration system to ensure all visible particles had been collected. GF/D 

filters were then transferred into pre-labelled clean polypropylene (PP) Petri dishes and dried for 

24 h at 50 °C (Nel et al., 2021). Surface water samples were also extracted following the above 

procedure but without using density separation with ZnCl2. 

S4.2 Fluorescence microscopy 

GF/D Filters were observed with a macro zoom microscope (Olympus MVX-ZB10) equipped with 

a 1 x 0.25 N objective (MVPLAPO 1X, Olympus), U-M49002XL green fluorescent protein (GFP) 

filter cube (excitation filter: 470/40 nm, dichroic mirror: 495 nm high pass, emission filter: 525/50 

nm) and a 100 W mercury apo lamp light source. Samples were observed under 12% light intensity 

on 32x magnification with 50 ms exposure time (see Kukkola et al., 2023 for details of how this 

was optimized and how to perform similar optimization for other microscopes). Measurements of 

fluorescence intensity and photographs were taken with a DP74 colour camera using CellSens 

Software (Olympus). A set threshold of 100 fluorescence a.u. (arbitrary units) was used to identify 

putative MP. This threshold was chosen by a validation experiment (For details see below). Each 

putative MP was also observed under bright field (Ring light, with 45 LED bulbs), with a 

magnification of 63x and had to meet pre-set selection criteria to be identified as MP (see decision 

key in Kukkola et al., 2023 for details). Further, as one of the main limitations of Nile Red is that 

it does not stain (polar) polymers such as Polyamide (PA) and polyethylene terephthalate (PET) 
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very well, each filter was scanned under bright field mode and all non-fluorescent fibres that met 

the pre-determined identification criteria were also included in the count. The parameters captured 

at this step contained: longest ferret diameter, area, colour, and morphology. These physical 

parameters are important to record, as evidence exists that visual predators (specifically) are prone 

to take up certain morphologies and colours and laboratory experiments have shown that different 

sizes and morphologies may have different ecotoxicological impacts on biota (Kukkola et al., 

2021). Recording these parameters can aid in the planning of environmentally ore realistic 

ecotoxicity exposures in laboratory studies and are important to be included in the results. To aid 

MP identification and to ensure consistency, a morphology specific MP identification key was 

produced. This key was constructed by combination of reviewing existing literature and by the 

researcher’s own expertise, and is described in Kukkola et al., 2023. 

S4.3 Raman spectroscopy acquisition settings 

44% of particles identified as MP in fluorescent counting step were selected for further chemical 

verification. The particles and fibres were transferred with fine-tip stainless steel tweezers into 

glass vials with DI-water, before filtered onto Anodiscs (0.2 µm, Whatman) for Raman 

spectroscopy analysis. 

A Renishaw InVia Qontor Raman microscope equipped with a 785 nm laser was used with the 

following configurations: 20x objective, slit width 65 µm, 1200 l/mm, spatial resolution < 1µm 

and a spectral resolution <1 cm-1, laser intensity 10% of the system (approximately 15 mW), 10 

accumulations of 1s exposures were repeated 3 times per particle. Cosmic ray removal and baseline 

subtraction (polynomial fitting) was applied directly from WiRE 5.2. No data smoothing or 

transformation was carried out. For spectral matching, the fingerprint region of 650-1700 cm-1 was 
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used. The pre-processed spectra were exported into Spectragryph v1.2.15 for spectral matching 

using the Pearson correlation coefficient for the fingerprint region to reference libraries. The 

spectral library consisted of the SLOPP, SLOPP-E (Munno et al., 2020) and in-house built 

reference libraries. Hit Quality Index of 65% was applied to positively identify MP. 

S4.4 QA/QC 

Field background samples (n = 4, one per sampling day) were collected using empty glass 

jars that were opened during sampling and closed between sampling points. These samples helped 

to account for any atmospheric deposition. Samples were transported to the University of 

Birmingham for further analysis, where they were stored in a cold, dark room (+6 ℃) before 

processing. Sequential replicates (a second surface water sample collected immediately after the 

first) were also obtained at two locations to assess sampling variability. Relative percentage 

differences in MP concentrations for the two replicates are 24% (Site B17) and 35% (Site B10). 

Laboratory working surfaces were cleaned prior to and after sample handling with 70% 

ethanol. Extraction equipment was frequently cleaned with detergent and rinsed with DI-water 

before and between usage. Glassware was used where feasible, and beakers were placed in a DI-

water sonification bath for 20 min for further cleaning. Personnel wore 100% cotton laboratory 

coats and reduced synthetic clothing where possible. Nitril gloves were worn when handling 

samples. During procedures aluminium foil was used to cover the processes and all equipment to 

reduce any airborne contamination in the lab. All solutions used were pre-filtered onto GF/D (0.47 

µm) glass-fibre filters and procedural blanks were run parallel to extraction batches for both 
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sediment (n=13) and water (n=8) using either ZnCl2 or DI-water and analysed following the same 

criteria as for the samples. 

For testing the extraction efficiency of the method used here, a single-blinded spiking 

experiment was set up. Kids play sand that had been muffled at 500 ℃ for 6 hours was pre 

examined with TGA-FTIR-GCMS to confirm that no MP contamination was present. Then a 

researcher added a known number of mixtures of five different polymers (PE, PLA, PP, PS, PVC) 

between sizes 100 to 2000 µm into four cups containing 35 g of sand. These polymers were 

specifically chosen to represent the full spectrum from very low pixel brightness (PB) to high PB. 

Counts were done by a different researcher, with no prior knowledge regarding the types or 

numbers of polymers used for spiking. The sand samples were extracted as described in sections 

S1 above and Raw results are presented in the Table S4.2. The researcher counting the filters noted 

down that there seemed to be fluorescent particles in sample ID 2 that has rolled under the filter 

but did not include these in the final count.  

Table S4.2. Results for positive blank spiking experiment 

ID Spiked Count Recovery % 

1 12 15 125 

2 27 21 77.7 

3 10 10 100 

4 6 6 100 
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Laboratory contamination was found in two of the thirteen sediment procedural blanks (one 

fragment each) and none in any of the water procedural blanks. No synthetic fibres were recorded 

in any of the procedural blanks. From the field background samples, only the one collected on 15th 

of October contained one pink fragment and one brown fibre. Given that this exposure was 

cumulative across seven separate sites, the background atmospheric deposition during the sampling 

event was deemed negligible. Recovery rates from the spiking experiments ranged between 77.7 

and 125% with a mean of 100.06%. This suggests that the method used here is robust for MP 

isolation and detection and no data transformation had to be made. 

S4.5 Reclassification of land cover categories 

 Land cover categories were obtained utilizing the USGS National Land Cover Database (NLCD) 

2019 dataset, which contains official land cover data for the USA (2019) with a resolution of 30 x 

30 m. The original 20 land cover classes from the USGS data set were reclassified into 9 general 

categories (e.g., all developed land covers were classified to “Urban” and all sub-groups of forests 

were grouped) (Table S4.3). Open water/wetlands were later excluded from the analysis, due to 

this being a methodological artefact of how NLCD 2019 classified wetlands, leading to 9 

categories. 

Table S4.3. The land classification according to NLCD 2019 and the new classification 

NLCD 

Number 

NLCD 

2019 

category 

 
new 

numbers 

Combined 

NLCD  

numbers 

new land cover 

category 

for this study 

0 Unclassified 
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11 open water 1 11,90,95 Water/wetland 

(Excluded) 

12 perennial ice snow 2 12 perennial ice snow 

21 developed, open space 3 21,22,23,24 Urban 
 

22 developed, low intensity 4 31 Barren land 

23 developed, medium 

intensity 

5 41,42,43 Forest 
 

24 developed, high 

intensity 

6 51,52,73,74 shrub/scrub 

31 barren land (rock/sand) 7 71,72 grassland 
 

41 Deciduous forest 8 81 pastry-hay 

42 evergreen forest 9 82 cultivated crops 

43 mixed forest 
    

51 dwarf scrub 
    

52 shrub/scrub 
    

71 grassland/herbaceous 
   

72 sedge/herbaceous 
    

73 lichens 
     

74 moss 
     

81 pasture/hay 
    

82 cultivated crops 
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90 woody wetland 
    

95 emergent herbaceous wetlands 
   

 

S4.6. Chemical properties of MP 

Based on the analysed 206 particles, the most common polymer type system-wide in surface water 

was polyester (PEST) (50%) followed by polypropylene (PP) (19%), polyethylene terephthalate 

(PET) (12%) and polyethylene (PE) (7%) (Figure S4.1). The most dominant polymer in sediments 

was PET (36%) followed by PP (21%), polyvinyl chloride (PVC) (15%), PEST (11%), and 

polyamide (PA) (9%). 10 spectra were missing, due to fibres transferred to the anodisc forming a 

fibre ball from which spectra were as difficult to obtain, and 34 spectra were unidentified/burned.  

 

Figure S4.1: The chemical composition of MP in A) water and B) sediments. Abbreviations for 

polymers: PEST-polyester, PP-polypropylene, PET-polyethylene terephthalate, SAN-styrene 

acrylonitrile, PMMA-poly(methyl methacrylate), PLA-polylactic acid, PA-polyamide, PE-

polyethylene, CA-cellulose acetate, PVC-polyvinyl chloride. 
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Light density polymers and fibres were more common in surface water, whereas high-density 

polymer fragments were mostly found in sediment. The most abundant plastic type in surface water 

was PEST and PET fibres, followed by PP and PE particles, which are some of the most common 

light plastic types in use (PlasticsEurope, 2020). PEST is the most frequently reported fibre type 

and is considered to originate from synthetic fabrics (Alam et al., 2019; Cordova et al., 2022; Zaki 

et al., 2021). Their deposition in the river is likely through either atmospheric input, which has been 

previously reported for this area and the adjacent Upper Colorado River Basin (Reynolds et al., 

2022; Wetherbee et al., 2019), or from recreational activities, where clothes can shed fibres directly 

to the environment.  

This could potentially imply that the fate of MP is not only related to their density, but also to their 

morphology. For example, fibres may stay suspended longer because of surface tension and their 

elongated morphology (Nguyen et al., 2022). For denser plastics, such as polyvinyl chloride (PVC) 

which was only recovered from sediments as fragments, it is plausible that the lower surface-to-

volume ratio causes them to settle more quickly. This may have implications for exposure and risk 

scenarios, especially as PVC and its additives are considered to pose a relatively high risk for biota 

compared to other lighter polymers (Meng et al., 2021; Xu et al., 2018). 

The fraction of fibres in the present study was lower than previously reported from freshwater 

systems, both in surface water and sediment (as reviewed by: Li et al., 2020; Yang et al., 2021), 

where up to 90% of MP were reportedly fibres. Different ratios between fibres and fragments may 

be due to the variation in methodologies applied, as it has been shown that fibres are more readily 

identified under bright light observation (Lenz et al., 2015), which was used in most previously 
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reported studies. Nile Red, used here, has been found to identify small MP with a strong reliability 

(Kukkola et al., 2023; Nel et al., 2021; Yaranal et al., 2021), which could lead different ratios 

between fibres and fragments. The low incidence of fibres could also reflect the low anthropogenic 

presence in the mountainous portion of the catchments, where population densities are relatively 

low (Barber et al., 2006). Fibres were more prevalent in surface water than in sediments, which is 

consistent with other studies (Lin et al., 2018; Scherer et al., 2020). This is likely due to lower 

settling rates for elongated fibres (Nguyen et al., 2022), as well as their fragmentation once settled 

into sediments, which was supported by the presence of PEST fragments in the sediments. 

 

Table S4.4. Spearman correlation coefficients and p values for microplastic particle size (maximum 

Feret length) and hydrological forcings. BC – Boulder Creek, SBC – South Boulder Creek. 

Hydrological 

forcing mechanism 

BC  

Rs & p-value (n=71) 

SBC  

Rs & p-value (n=20) 

BC and SBC 

Rs & p-value (n=91) 

flow velocity (m s-1)/ 

water 

Rs -.088, p=0.475 Rs .118, p=0.630 Rs=-.063, p=0.565 

river slope (m/m) 

/water 

Rs -.065, p=0.585 Rs .681, p<0.05 Rs-.012, p=0.908 

discharge (m3 s-1) 

/water 

Rs -.105, p=0.383 Rs .561, p<0.05 Rs=.059, p=0.577 

flow velocity (m s-1) 

/sediment 

Rs -.153, p=0.077 Rs -.108, p=0.359 Rs-.173, p=0.012 
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river slope (m/m) 

/sediment 

Rs -.105, p=0.208 Rs -.142, p=0.226 Rs -.032, p= 0.638 

discharge (m3 s-1) 

/sediment 

Rs -.089, p=0.285 Rs -.120, p=0.306 Rs-.059, p=0.377 

 

 

Table S4.5. Spearman correlation coefficients and p values for microplastic counts in water and 

sediments with hydrological factors. BC – Boulder Creek, SBC – South Boulder Creek. 

Hydrological 

forcing mechanism 

BC 

Rs & p-value 

SBC  

Rs & p-value 

BC and SBC 

Rs & p-value 

flow velocity (m s-

1)/ water 

Rs=-.088, p =0.762 Rs= -.280, p=0.509 Rs=-.314, p= 0.176 

river slope (m/m) 

/water 

Rs= -.288, p=0.339  Rs=.514, p=0.191 Rs=-.074, p= 0.748 

discharge (m3 s-1) 

/water 

Rs= -.066, p= 0.829 Rs=.023, p= 0.955 Rs= -.314, p= 0.176 

flow velocity (m s-1) 

/sediment 

Rs= .045, p=0.834 Rs=.145, p=0.577 Rs=-.108, p= 0.498 

river slope (m/m) 

/sediment 

Rs= -.098, p=0.747  Rs= -.285, p=0.492 Rs=-.312, p<0.05 
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discharge (m3 s-1) 

/sediment 

Rs=.186, p=0.362  Rs=-.066, p=0.799 Rs= 0.096, p= 0.537 
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APPENDIX 4 
 

Table S5.3: Details on average microplastic (MP) concentration [MP L-1] obtained from the 

triplicate samples, the stream discharge [m3 s-1] and MP loads [MP h-1]. 

Sampling 
Date 

Sampling 
time 

Stream discharge 
 [m3 s-1] 

Average MP 
con. 
[MP L]  

Average MP 
con. 
[MP m3] 

MP load 

[MP h-1] 
30/04/2021  10 0.31 0.14 140.0 156719 
24/05/2021  10 0.30 0.22 220.0 237579 
22/06/2021  10 0.32 0.20 200.0 229409 
26/07/2021  9 0.16 0.55 546.7 305136 
18/08/2021  9 0.15 0.23 233.3 124183 
29/09/2021  10 0.36 0.23 226.7 294381 
28/10/2021  9 0.17 0.32 320.0 194951 
30/11/2021  10 0.27 0.19 186.7 178339 
15/12/2021  11 0.29 0.14 140.0 147927 
26/01/2022  11 0.21 0.22 220.0 162466 
23/02/2022  11 0.36 0.29 293.3 384076 
23/03/2022  10 0.38 0.21 206.7 283596 
02/06/2021  10 0.38 0.21 78.4 282092 
08/06/2021  10 0.39 0.21 80.9 291260 
15/06/2021  10 *from sub-daily 0.30 0.31 313.3 337838 
22/06/2021  10 0.32 0.20 63.7 229409 
02/07/2021  10 0.32 0.40 127.4 458819 
09/07/2021  10 0.32 0.47 148.5 534581 
15/07/2021  10 0.30 0.63 187.7 675677 
26/07/2021  9 0.16 0.55 84.8 305136 
15/06/2021  9 0.14 0.23 233.3 120312 
15/06/2021 10 0.30 0.31 313.3 337838 
15/06/2021 11 0.18 0.17 166.7 108936 
15/06/2021 12 0.21 0.23 233.3 174185 
15/06/2021 13 0.30 0.22 220.0 238941 
15/06/2021 14 0.34 0.22 220.0 270924 
15/06/2021 15 0.14 0.22 220.0 107201 
15/06/2021 16 0.21 0.11 113.3 85691 
15/06/2021 17 0.29 0.22 220.0 231622 
15/06/2021 18 0.21 0.33 326.7 246993 
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15/06/2021 19 0.33 0.21 206.7 245086 
15/06/2021 20 0.09 0.27 266.7 85922 
16/06/2021 9 0.20 0.15 146.7 106182 
16/06/2021 10 0.22 0.18 180.0 141604 
16/06/2021 11 0.30 0.17 173.3 189925 
16/06/2021 12 0.26 0.21 206.7 190083 
16/06/2021 13 0.25 0.22 220.0 196441 
16/06/2021 14 0.19 0.17 173.3 119060 
16/06/2021 15 0.20 0.14 140.0 101806 
16/06/2021 16 0.26 0.29 286.7 273200 
16/06/2021 17 0.20 0.15 146.7 107907 
16/06/2021 18 0.31 0.24 240.0 268647 
16/06/2021 19 0.33 0.15 146.7 172830 
16/06/2021 20 0.22 0.31 306.7 241250 
19/06/2021 9 0.40 0.14 141.2 205067 
19/06/2021 10 0.33 0.13 127.5 151182 
19/06/2021 11 0.40 0.14 141.2 205067 
19/06/2021 12 0.16 0.08 81.8 47283 
19/06/2021 13 0.38 0.14 136.4 184433 
19/06/2021 14 0.21 0.10 101.7 77535 
19/06/2021 15 0.38 0.14 138.0 191258 
19/06/2021 16 0.11 0.07 66.1 26438 
19/06/2021 17 0.30 0.12 121.6 132017 
19/06/2021 18 0.34 0.14 141.4 171757 
19/06/2021 19 0.32 0.13 125.6 144723 
19/06/2021 20 0.34 0.15 148.8 182938 
20/06/2021 9 0.38 0.15 151.4 205789 
20/06/2021 10 0.36 0.13 133.0 170951 
20/06/2021 11 0.43 0.16 162.5 250130 
20/06/2021 12 0.32 0.13 125.6 144723 
20/06/2021 13 0.32 0.13 130.4 151323 
20/06/2021 14 0.33 0.13 127.5 151182 
20/06/2021 15 0.38 0.15 152.6 211342 
20/06/2021 16 0.29 0.12 119.5 125777 
20/06/2021 17 0.42 0.16 157.8 238319 
20/06/2021 18 0.38 0.14 138.0 191258 
20/06/2021 19 0.21 0.10 98.5 75071 
20/06/2021 20 0.40 0.14 141.2 205067 

 

S5.1: Fluorescence microscopy - microscope configuration 
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Each filter was observed under fluorescence mode with a Macro zoom microscope (Olympus 

MVX-ZB10) equipped with 1 x 0.25 N objective (MVPLAPO 1X, Olympus), U-M49002XL GFP 

filter cube (excitation filter: 470/40 nm, dichroic mirror: 495 nm high pass, emission filter: 525/50 

nm) and 130 W U-HGLGPS mercury apo lamp light source. Samples were observed under 12% 

light intensity on 32x magnification with 50 ms exposure time. 

S5.2: Raman configuration 

For MP identification, a 5x objective was used, with slit width 65 µm, 1200l/mm, spatial resolution 

<1 µm and a spectral resolution < 1cm-1, laser intensity 10% of the system (approximately 15 mW), 

3 accumulations of 5s exposures per MP particle. Cosmic ray removal and baseline subtraction 

(adaptive polynomial fitting) and smoothing (Savitsky-Golay filter with interval 10 and polynomial 

order 3) was applied using Spectragryph v1.2.16.1. 
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Figure S5.1:15-minute interval hydrograph comparing reported WWTP outflow and the level of 

stream discharge at the sampling location reported in L s-1 (data obtained as an EA request from 

Barston WWTP and provided as a spreadsheet by Mr Jack Morris). The stream discharge data is 

based on the Solinist level logger data inserted in situ. 
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Figure S5.2. Outflow data for 15-minute intervals reported by Barston WWTP for the period of 

14th June – 20th June 2021. Mean flow (green), maximum flow (purple) and minimum flow (blue) 

reported in 15 min intervals. 
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Figure S5.3: The respective colours of MP extracted from the samples for: A) 4-seasons, B) 8-

weekly, C) Daily (12 x hourly samples per day over 4 days) and D) 12-monthly sampling.  
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Figure S5.4: The relative fraction and abundance of fragments and fibres extracted from the water 

column samples for the 8-week sampling campaign. 
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Figure S5.5: The size ranges of the MP fragments extracted from the samples for: A) 12-monthly 

sampling, B) 8-weekly sampling and C) for sub-daily as a summary. The size fraction buckets 

reflect standard sediment grain sizes between very find sand and coarse sand. 
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Figure S5.6: The detailed breakdown of polymer types extracted from the samples over the 12-

months monthly sampling period: A) Fragments (n = 75), B) fibres (n = 64); over the 8-week 

weekly sampling campaign: C) Fragments (n = 80) and D) fibres (n = 90); and over the four sub-

daily (12 x hourly samples) pooled together E) fragments (n = 186) and B) fibres (n = 154). 

 

S5.3. Assessing coefficient of variation for sub-daily MP concentrations  

To further assess and understand the variability of the collected hourly MP samples, and to assess 

how many hourly samples may be needed to characterize the in-stream MP concentration and 

achieve values close to the daily average (i.e., the mean of the 12 hourly samples per day), we 

determined all unique combinations of 3, 5, 8, and 10 samples for each of the four 12-hour sampling 

days. For each of these unique combinations we computed the mean value and then compared these 

values to the actual daily average (12 samples). To better represent the variation of these 

combinations of different mean values, we calculated the coefficient of variation (CV) for each of 

the combinations as follows: (Standard Deviation of CVs divided by the mean) *100%. Higher CV 

values suggest higher variability and dispersion of the population around the population mean. This 

allowed us to visualise the dispersion of the means for the unique combinations and their respective 

range. 
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Figure S5.7: The coefficient variation of MP concentration means for all randomly chosen 3x1h, 

5x1h and 10x1h combinations for each of the sub-daily sampling days. Larger CV values indicate 

a higher dispersion level around the mean. 
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APPENDIX 5 
 

 

Figure S6.1: Schematic figure illustrating the spatial distribution of the sediment sample 

collection in relation to the river corridor, and flow velocity measurements. 

 

 

 

Figure S6.2: The distribution of MP fibre sizes in surface waters at A) Eastcote brook and B) 

Bourn Brook 
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Figure S6.3: Distribution of the fibre colours in surface water from Eastcote Brook (EB) and Bourn 

Brook (BB) 
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Figure S6.4: Distribution of The Fragment colour breakdown in surface water from Eastcote Brook 

(EB) and Bourn Brook (BB) 

 

 

Figure S6.5: The distribution of fragment colours in sediments from Eastcote Brook (EB) and 

Bourn Brook (BB) 
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Figure S6.6: The stream discharge (m3 s-1) plotted against MP concentration in surface water (MP 

L-1). Red indicates Bourn Brook (BB) and blue Eastcote Brook (EB). 
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Figure S6.7: The stream discharge (m3 s-1) plotted against MP concentration in sediments (MP 

Kg-1). Red indicates Bourn Brook (BB) and blue Eastcote Brook (EB). 
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Figure S6.8: The average MP size plotted against discharge (m3 s-1) for A) in surface waters and 

B) in sediments. Red indicates Bourn Brook (BB) and blue Eastcote Brook (EB). 

 

Figure S6.9: The average stream velocity (m s-1) plotted against MP concentration in surface 

water (MP L-1). Red indicates Bourn Brook (BB) and blue Eastcote Brook (EB). 
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Figure S6.10: The average stream velocity (m s-1) plotted against MP concentration in sediments 

(MP Kg-1). Red indicates Bourn Brook (BB) and blue Eastcote Brook (EB). 

 


	Chapter 1: Introduction
	1.1 Scientific rationale
	1.2 Aims and Objectives
	1.3 Layout of the thesis
	1.4 References
	Chapter 2: Methods
	2.1 Density separation
	2.2 Organic matter digestion
	2.3 Fluorescence
	2.4 Raman spectroscopy
	2.6 Easy and accessible way to calibrate a fluorescence microscope and to create a microplastic identification key
	2.6.1 Abstract
	2.6.2 Method detail
	2.6.2.1 Background
	2.6.2.2 Establishing microplastic detection limits

	2.6.3 Microplastic identification key
	2.6.4 Method application to freshwater samples
	2.6.5 Additional information
	2.6.6 Acknowledgements
	2.6.8 References



	Chapter 3: Nano and microplastic interactions with freshwater biota – Current knowledge, challenges and future solutions
	3.1 Abstract
	3.2 Introduction
	3.3 Methods
	3.4 Results
	3.4.1 General results
	3.4.2 Types of plastics
	2.4.3 Sizes and morphology of plastics
	3.4.4 Geographical spread
	3.4.5 Trophic levels and biota groups

	3.5 Discussion
	3.5.1 General discussion
	3.5.2 Challenges for future research
	3.5.2.1 Challenge 1: The mismatch between field and laboratory studies
	3.5.2.2. Challenge 2: Baseline studies comparing physical and chemical characteristics of MnPs and their effects on toxicity
	i. Morphology
	ii. Chemical composition
	iii. MnP size
	iv. Environmental exposure considerations

	3.5.2.3 Challenge 3: Harmonization of endpoints reported for each trophic level
	i. Microbes
	ii. Primary producers
	iii. Primary consumers
	iv. Secondary consumers



	3.6 Conclusion
	3.7 Acknowledgements
	3.8 References

	Chapter 4: Prevailing impacts of river management on microplastic transport in contrasting US streams requires rethinking of global microplastic flux estimations.
	4.1 Abstract
	4.2 Introduction
	4.3 Materials and methods
	4.3.1 Study region
	4.3.2 Field data and sample collection
	4.3.3 Sample analysis and QA/QC
	4.3.4 Land cover, population density, and statistical analyses
	4.3.5 MP loads and estimated concentrations in the absence of diversions

	4.4 Results
	4.4.1 Stream discharge
	4.4.2 MP concentrations in surface water and streambed sediments
	4.4.3 MP loads
	4.4.4 Physical and chemical properties of MP
	4.4.5 Land cover impacts on MP

	4.5 Discussion
	4.5.1 MP concentration in surface water and sediments
	4.5.2 The effects of the mountain to plains transition and urbanization on MP concentrations and types
	4.5.3 The effect of diversions on MP concentrations, loads, and downstream transport
	4.5.4 Advantages of the load approach

	4.6 Conclusion
	4.7 Acknowledgments
	4.8 References

	Chapter 5: Are we timing it right? The impact of sampling frequency on microplastic load estimations downstream from a sewage treatment works.
	5.1 Abstract
	5.2 Introduction
	5.3 Materials and methods
	5.3.1 Study site
	5.3.2 Field sampling
	5.3.3 Laboratory analysis
	5.3.3.1 Sample Preparation, digestion, and staining
	5.3.3.2 Microscopy and MP identification
	5.3.3.3 Chemical characterisation of MP

	5.3.4 QA/QC
	5.3.5. Data analysis

	5.4 Results
	5.4.1 Variations in stream discharge
	5.4.2 Variations in MP properties
	5.4.3 Variations in MP concentrations
	5.4.4 Variations in MP loading
	5.4.5 MP relationships with stream hydrological parameters

	5.5 Discussion
	5.5.1 High variability in stream discharge linked to WWTP outflow
	5.5.2 Stream characterisation requires temporally varied sampling
	5.5.3 The range of MP loads is important for characterising downstream export dynamics
	5.5.4 Implications and future research

	5.6 References

	Chapter 6: A tale of two catchments - what makes microplastic move?
	6.1 Abstract
	6.2 Introduction
	6.3 Materials and methods
	6.3.1 Study sites
	6.3.2 Field sampling
	6.3.3. Laboratory analysis
	6.3.3.1 Sample Preparation, digestion, and staining
	6.3.3.2 Microscopy and MP identification

	6.3.4 QA/QC
	6.3.5 Data analysis

	6.4 Results
	6.4.1 MP concentration in water column and sediment
	6.4.2 Physical properties of identified MP
	6.4.3 Flow controls on MP concentrations
	6.4.4 Impact of rain events

	6.5 Discussion
	6.5.1 MP concentrations exhibit urban signal at both sampled sites with distinct MP compositions
	6.5.2 MP load controlled by source at EB and by source activation at BB

	6.6. Conclusions
	6.7 References

	Chapter 7: Conclusions and discussion
	APPENDIX 1
	APPENDIX 2
	APPENDIX 3
	APPENDIX 4
	APPENDIX 5


